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Preface

Agrochemicals are used worldwide to both improve and protect crops and livestock. Fertil‐
izers are applied to obtain good yields from crops, which are protected from insects and
disease by the timely use of pesticides. Farm animals as well as human beings are similarly
protected from parasites and disease by sanitary treatments such as vaccination, oral dosing,
immersion dipping, etc. The word “use” should be interpreted in its widest sense to include
the use by any person, whether employer, worker, or family, and should also include any
associated activity such as handling, storage, transport, spillage, and disposal.

Nowadays, the continual use of agrochemicals and exposure to their large amounts from a
number of different sources, including occupational exposure, self-poisoning, home and
garden use, veterinary and medicinal use, spray drifts, and residues in household dust,
food, soil, and drinking water, among others, can cause environmental pollution and many
side effects, such as health hazards and fatalities in the population. Additionally, there is
another side effect of extra operational costs for waste treatment in many parts of the world.
Today, developed nations have systems already in place to register agrochemicals and con‐
trol their trade and use. However, in undeveloped nations, even those so-called emerging
ones, this is not always the situation, and in most cases they are uncontrolled. In the latter,
several old, nonpatented, more toxic, environmentally persistent, and inexpensive agro‐
chemicals are still being used extensively, causing serious health problems, both acute and
chronic, as well as local and global environmental contamination. Regardless of many haz‐
ardous agrochemicals that have been demonstrated to be carcinogenic, mutagenic, toxic for
reproduction, and endocrine disruptors in several biotic matrices, their commercialization
and employment continue today worldwide, particularly in these undeveloped countries.
There is a wealth of literature available about agrochemicals, and the information base is
spreading as a result of their wide use over the planet. It pertains to agricultural economics;
the technology of manufacture; standards on transport, distribution, sale, and application;
and a variety of other aspects including harmful effects on workers who use agrochemicals
and their impact on the general environment. Despite this, both confirmed and unconfirmed
reports have revealed that many workers, particularly in developing countries, continue to
be poisoned or killed mainly on account of unsafe practices when using agrochemicals. In
spite of the existing information, including that dealing with safety and health aspects, the
evidence points to the difficulty of providing safe working conditions for persons handling
agrochemicals. Safety and health concerns deserve closer attention because agricultural pro‐
duction is increasing in most parts of the world. Food supplies will have to be more than
doubled in the next 30 years to meet even the minimum requirements of the world popula‐
tion. A fact that should be considered and always present in mind is that the use of agro‐
chemicals will also necessarily increase concomitantly.



This book, Toxicity and Hazard of Agrochemicals , is intended to provide an overview of toxi‐
cology that examines the hazardous effects of common agrochemicals employed every day
in our agricultural practices. We aimed to compress information from a diversity of sources
into a single volume. The chapters considered in this book include details of a large variety
of agrochemical-related topics about ecological and human risk assessment after agrochemi‐
cal exposure, providing insights into the difficulties and challenges of performing adequate
risk assessments; an update of the involvement of pesticides and metalloestrogens in the de‐
velopment of breast cancer; an update of the production, use, environmental occurrence,
and molecular mechanisms of toxicity, genotoxicity, and carcinogenicity, as well as adverse
human health effects, associated with malathion exposure; a chapter describing the apparent
nontoxicity to both wildlife and humans exposed to glyphosate and glyphosate-based herbi‐
cides; a study of the genotoxic effects of the commercial neonicotinoid insecticide clothiani‐
din in chronically intraperitoneally exposed mice; an update of the environmental risks of
the active principle fungicide pyrimethanil, one of the most frequently used in vineyards, as
well as its commercial formulation on aquatic invertebrate animals, using a mesocosm ap‐
proach; and finally, a detailed study employing several biomarkers in some freshwater in‐
vertebrates as bioindicators to study the toxicity of four important classes of actual
pesticides.

Several researchers have contributed to the publication of this book of high importance to
researchers, scientists, engineers, and graduate students who make use of these different in‐
vestigations to understand the hazard implications in the misuse of conventional and non‐
conventional agrochemicals. Furthermore, it is hoped that the information in the present
book will be of value to those directly engaged in the handling and use of agrochemicals
and that this book will continue to meet the expectations and needs of all interested in the
different aspects of human and environmental risk toxicities.

Marcelo L. Larramendy, PhD, and Sonia Soloneski, PhD
School of Natural Sciences and Museum

National University of La Plata
La Plata, Argentina

XII Preface



This book, Toxicity and Hazard of Agrochemicals , is intended to provide an overview of toxi‐
cology that examines the hazardous effects of common agrochemicals employed every day
in our agricultural practices. We aimed to compress information from a diversity of sources
into a single volume. The chapters considered in this book include details of a large variety
of agrochemical-related topics about ecological and human risk assessment after agrochemi‐
cal exposure, providing insights into the difficulties and challenges of performing adequate
risk assessments; an update of the involvement of pesticides and metalloestrogens in the de‐
velopment of breast cancer; an update of the production, use, environmental occurrence,
and molecular mechanisms of toxicity, genotoxicity, and carcinogenicity, as well as adverse
human health effects, associated with malathion exposure; a chapter describing the apparent
nontoxicity to both wildlife and humans exposed to glyphosate and glyphosate-based herbi‐
cides; a study of the genotoxic effects of the commercial neonicotinoid insecticide clothiani‐
din in chronically intraperitoneally exposed mice; an update of the environmental risks of
the active principle fungicide pyrimethanil, one of the most frequently used in vineyards, as
well as its commercial formulation on aquatic invertebrate animals, using a mesocosm ap‐
proach; and finally, a detailed study employing several biomarkers in some freshwater in‐
vertebrates as bioindicators to study the toxicity of four important classes of actual
pesticides.

Several researchers have contributed to the publication of this book of high importance to
researchers, scientists, engineers, and graduate students who make use of these different in‐
vestigations to understand the hazard implications in the misuse of conventional and non‐
conventional agrochemicals. Furthermore, it is hoped that the information in the present
book will be of value to those directly engaged in the handling and use of agrochemicals
and that this book will continue to meet the expectations and needs of all interested in the
different aspects of human and environmental risk toxicities.

Marcelo L. Larramendy, PhD, and Sonia Soloneski, PhD
School of Natural Sciences and Museum

National University of La Plata
La Plata, Argentina

PrefaceVIII

Chapter 1

Environmental Risk Assessment of Agrochemicals — A
Critical Appraisal of Current Approaches

Francisco Sánchez-Bayo and Henk A. Tennekes

Additional information is available at the end of the chapter

http://dx.doi.org/10.5772/60739

Abstract

This chapter provides insights into the difficulties and challenges of performing risk
evaluations of agrochemicals. It is a critical review of the current methodologies used
in ecological risk assessment of these chemicals, not their risks to humans. After an
introduction to the topic, the current framework for ecological risk assessment is
outlined. Two types of assessments are typically carried out depending on the
purpose: i) regulatory assessments for registration of a chemical product; and ii)
ecological assessments, for the protection of both terrestrial and aquatic ecosystems,
which are usually site-specific. Although the general framework is well established,
the methodologies used in each of the steps of the assessment are fraught with a
number of shortcomings. Notwithstanding the subjectivity implicit in the evaluation
of risks, there is scepticism in scientific circles about the appropriateness of the current
methodologies because, after so many years of evaluations, we are still incapable of
foreseeing the negative consequences that some agrochemicals have in the environ‐
ment. A critical appraisal of such methodologies is imperative if we are to improve
the current assessment process and fix the problems we face today. The chapter
reviews first the toxicity assessment methods, pointing to the gaps in knowledge
about this essential part of the process and suggesting avenues for further improve‐
ment. Deficiencies in the current regulations regarding toxicity testing are discussed,
in particular the effect of the time factor on toxicity and the issue of complex mixtures.
Other matters of concern are the extrapolation of toxicity data from the individual to
the population and community levels, and the sub-lethal effects. The exposure
assessment methods are dealt with in a second place. These rely on modelling and
actual measurements of chemical residues in the environment. Various techniques
employed to determine to exposure and bioavailability of agrochemicals to the

© 2015 The Author(s). Licensee InTech. This chapter is distributed under the terms of the Creative Commons
Attribution License (http://creativecommons.org/licenses/by/3.0), which permits unrestricted use, distribution,
and reproduction in any medium, provided the original work is properly cited.



various organisms in both aquatic and terrestrial ecosystems are reviewed. Again, the
shortcomings and gaps in knowledge are addressed and suggestions for improvement
are pointed out. Then, the process of putting together the information from the toxicity
and exposure assessments to evaluate risks is discussed. Tiers I and II of the risk
assessment are reviewed. The challenge here is to keep objectivity in the evaluations;
this may require the introduction of new methods of risk assessment. Finally, the risk
assessment implies establishing a management strategy that aims at reducing or
minimising the impacts of agrochemicals under normal agricultural scenarios.
Recommendations are often case-specific and need to be based on sound science as
well as common sense principles. The chapter concludes with a summary of issues
that need to be considered for improving risk assessments of agrochemicals.

Keywords: risks, residues, pesticides, evaluation, methods, review

1. Introduction

The enormous amount of chemical contaminants that are currently found in air, soil, water
and sediments of our planet, mostly as a result of human activities [1], call for an evaluation
of their risks to the web of life. The contaminants that potentially result in adverse biological
effects – whether at individual, population, community or ecosystem level – the so-called
pollutants, are of concern [2]. For obvious reasons, pollutants that relate to our food resources
are of particular interest and require priority in risk assessment. Among the latter chemicals
are those used in agricultural production, also called agrochemicals, which include pesticides
of various kinds, plant growth regulators, repellents, attractants and fertilisers. These chemi‐
cals are intentionally added to the environment for controlling pests and diseases of crops,
requiring an accurate assessment of the maximum amounts that can be applied.

Because of their huge market in all continents, agrochemicals are among the most common
pollutants in one fifth of the Earth’s land [3]. Also, given the high toxicity of most insecticides,
herbicides and fungicides to their target and nontarget organisms, their negative impacts on
the environment cannot and must not be ignored. Indeed, pesticides constitute one of the main
drivers of population decline in some wildlife species [4]. Therefore, proper evaluations of the
risk that pesticides and other agrochemicals pose to organisms and ecosystems should be
conducted in a scientific manner.

Various approaches have been used in the past to evaluate the ecological risks of agrochemi‐
cals, and all of them focus on the intrinsic toxicity they may have – their poisonous nature –
as well as their exposure in the environment. Indeed, the ability of a chemical to adversely
affect the functioning of organisms is a major factor to take into account in evaluations of risk.
That ability is governed primarily by the specific mode of action of the chemical under
consideration, while the magnitude of adverse effects primarily depends on the exposure level
and often on the exposure time as well. Here we have the basic components of any chemical
risk assessment: toxicity and exposure [5].

Toxicity and Hazard of Agrochemicals2



various organisms in both aquatic and terrestrial ecosystems are reviewed. Again, the
shortcomings and gaps in knowledge are addressed and suggestions for improvement
are pointed out. Then, the process of putting together the information from the toxicity
and exposure assessments to evaluate risks is discussed. Tiers I and II of the risk
assessment are reviewed. The challenge here is to keep objectivity in the evaluations;
this may require the introduction of new methods of risk assessment. Finally, the risk
assessment implies establishing a management strategy that aims at reducing or
minimising the impacts of agrochemicals under normal agricultural scenarios.
Recommendations are often case-specific and need to be based on sound science as
well as common sense principles. The chapter concludes with a summary of issues
that need to be considered for improving risk assessments of agrochemicals.

Keywords: risks, residues, pesticides, evaluation, methods, review

1. Introduction

The enormous amount of chemical contaminants that are currently found in air, soil, water
and sediments of our planet, mostly as a result of human activities [1], call for an evaluation
of their risks to the web of life. The contaminants that potentially result in adverse biological
effects – whether at individual, population, community or ecosystem level – the so-called
pollutants, are of concern [2]. For obvious reasons, pollutants that relate to our food resources
are of particular interest and require priority in risk assessment. Among the latter chemicals
are those used in agricultural production, also called agrochemicals, which include pesticides
of various kinds, plant growth regulators, repellents, attractants and fertilisers. These chemi‐
cals are intentionally added to the environment for controlling pests and diseases of crops,
requiring an accurate assessment of the maximum amounts that can be applied.

Because of their huge market in all continents, agrochemicals are among the most common
pollutants in one fifth of the Earth’s land [3]. Also, given the high toxicity of most insecticides,
herbicides and fungicides to their target and nontarget organisms, their negative impacts on
the environment cannot and must not be ignored. Indeed, pesticides constitute one of the main
drivers of population decline in some wildlife species [4]. Therefore, proper evaluations of the
risk that pesticides and other agrochemicals pose to organisms and ecosystems should be
conducted in a scientific manner.

Various approaches have been used in the past to evaluate the ecological risks of agrochemi‐
cals, and all of them focus on the intrinsic toxicity they may have – their poisonous nature –
as well as their exposure in the environment. Indeed, the ability of a chemical to adversely
affect the functioning of organisms is a major factor to take into account in evaluations of risk.
That ability is governed primarily by the specific mode of action of the chemical under
consideration, while the magnitude of adverse effects primarily depends on the exposure level
and often on the exposure time as well. Here we have the basic components of any chemical
risk assessment: toxicity and exposure [5].

Toxicity and Hazard of Agrochemicals2

Organisms are not only subject to the effects of single, individual chemicals, since the envi‐
ronment they live in is usually contaminated with many compounds, each in different
concentrations and with different modes of action. Site-specific risk assessments, therefore,
must refer to chemical mixtures if evaluations are to be meaningful. Despite the many advances
in this area of environmental science, our ability to properly assess the risk of individual
contaminants is still far from desirable, let alone the assessment of chemical mixtures! Even if
the characterisation of a pollutant can be done on the basis of its physicochemical properties
and toxic mode of action, the exposure component is often difficult to assess, as it involves
issues of bioavailability, interaction of the chemical with other natural stressors (e.g. temper‐
ature, pH, dissolved and suspended material) and acclimation and adaptation of individual
organisms, all of which are difficult to gauge. It is often said that chemical risk assessments
lack realism, as they are too reliant on toxicity tests carried out in laboratories, whereas the
conditions of the natural environment frequently reduce both exposure and availability
considerably [6].

This chapter deals with the ecological risk assessment (ERA) of agrochemicals, deliberately
avoiding any discussion about the risk of human exposure to residues of these contaminants
in food, which is treated in a different chapter. Emphasis is placed on the limitations of the
current approaches, with some suggestions being proposed to improve the evaluations or to
overcome specific problems. A critical approach will thus provide insights into the difficulties
and challenges of performing adequate risk assessments.

2. Types of risk assessment

Chemical risks refer to specific organisms and situations. Furthermore, the primary purpose
of their evaluation determines the type of assessment that is carried out. On this basis, two
types  of  risk  assessments  are  usually  performed  with  agrochemicals:  (i)  ecological  risk
assessments  for  protection  of  ecosystems  and  (ii)  risk  assessments  for  registration  of
agrochemicals or regulatory purposes, which are partly guided by the need to protect the
environment.

Ecological risk assessment aims at protecting organisms, communities and ecosystems. It
applies to all man-made chemicals and their degradation products as well as natural contam‐
inants that are poisonous or can be toxic above certain threshold concentrations (e.g. copper,
trace metals, nitrate, etc). Usually ERA is site specific, as it considers environmental conditions
specific for an area or region in addition to the characteristics and levels of the agrochemicals
applied. As a result, risk management plans can be proposed, i.e. remediation processes to
reduce or eliminate residues or mitigation measures that reduce the loads discharged into the
environment.

Agricultural products that are released into the environment need to be assessed for impacts
on ecosystems and consequently be approved by regulatory authorities. The aim of the
regulatory risk assessment is to ensure that those chemicals that enter the environment do not
pose a serious threat to living organisms. Regulatory risk assessment usually follows preset

Environmental Risk Assessment of Agrochemicals — A Critical Appraisal of Current Approaches
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protocols, such as those of the OECD or US Environmental Protection Agency (EPA). Because
any chemical can potentially affect living organisms, regulators can impose restrictions in the
usage or establish conditions that mitigate or avoid the exposure of the organisms at risk. While
new agricultural products are developed by chemical companies in astonishing numbers, only
a fraction of those make it to the market. In the worst case, agrochemicals can be banned and
withdrawn from national and/or international markets, as in the case of old organochlorine
pesticides (e.g. DDT, dieldrin, aldrin, heptachlor). Obviously, economic considerations should
not influence the decisions of regulators in regard to the non-safety of certain chemicals.

3. Framework for ecological risk assessment

Ecological risks of agrochemicals are evaluated by standard procedures, as it is done with other
chemicals. This approach is similar to the evaluations of risks for humans, except for one main
difference: human risk assessments aim at protecting individuals, whereas ecological risk
assessments aim at protecting ecological structures, whether populations, communities or
entire ecosystems. Another difference is the preferential use of median effect concentrations
(EC50), in particular the median lethal concentrations (LC50) and lethal doses (LD50) in risk
assessments of agrochemicals, rather than no-observed-effect concentrations or levels (NOEC
or NOEL). This is because the data on the latter metrics are less readily available for the
surrogate species used in toxicological testing of agricultural compounds; typically, only
mammal toxicity is measured at the lowest levels. Besides this difficulty, NOEC and NOEL
are statistically unreliable – it is almost impossible to prove that there are no effects in natural
populations of organisms from exposure to low concentrations of chemicals [7, 8].

In essence, all risk assessments rely on the framework shown in Fig. 1, which is based on
standard procedures of the US EPA [9] and has been adopted, with some modifications, by
most regulatory authorities in OECD countries [10]. The two main components of the risk
framework are the toxicity assessment and the exposure assessment [5]. Without toxicity, there
is no risk, but if organisms are not exposed to a toxic chemical, they are under no risk either.
Therefore, it is only when organisms are exposed to potentially toxic chemicals that a risk
assessment must be undertaken.

Toxicity levels of a chemical (either concentrations in aquatic media or doses in terrestrial
animals) must be determined in the laboratory, as effects from exposure under field conditions
may be confounded by other factors. Standard toxicity tests, carried out on several taxa of
plants and animals, are primarily designed to establish the acute lethality [11]: either the LC50
for aquatic organisms after a given time of exposure or the LD50 for doses applied to or
ingested by terrestrial organisms. In addition, chronic toxicity after prolonged and repeated
exposure (whether lethality or another effect) and reproductive endpoints after sublethal
exposure over time are often determined as well [12]. Knowledge about the mode of action of
the chemical should help understand its toxic effects [13].

The exposure characterisation is complex as it usually involves some sort of modelling to
determine the possible concentrations of chemical in the various media in which the organisms

Toxicity and Hazard of Agrochemicals4
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live [14]. Inputs for the models include all relevant physicochemical properties of the chemical
under consideration, e.g. water solubility, lipophilic behaviour, volatility and degradation
constants in water, soil, light conditions, plants and animals. The latter constants are important
to understand the persistence of chemical residues in the environment. In site-specific ERA,
the exposure should also include monitoring data to validate the modelling used. If monitored
and modelled data differ markedly, an explanation should be sought for the discrepancies.

In countries of the OECD, assessment of the two components of risk follows a tiered-structured
process (Fig. 1). In the first step, rough estimates of risk are evaluated by a simple ratio, the
hazard quotient (HQ) between the predicted environmental concentrations (PECs) in a
particular medium and the acute lethality (LC50 or LD50) to the standard test organisms found
in that medium. HQ values above 1 are unacceptable, and risk thresholds are commonly set
at 0.1, meaning that assessments that result in HQ < 0.1 pass the first tier and can be regarded
as “safe” for a particular environment. HQ values > 0.1 require evaluation in a second tier.
However, a given chemical may be considered safe to terrestrial organisms such as rats, but
not safe for aquatic organisms such as midge larvae. Even within the same environmental
medium, some species in the field are more sensitive than the surrogate species used in the
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HQ is the preferred method used in regulatory risk assessments of agrochemicals, whereas
PRA is mostly used in site-specific ERA, which in most jurisdictions amounts to a second tier.

Whether HQs or PRAs are used, if the chemical does not pass the first tier, a further evaluation
must be done. The second tier involves gathering evidence of effects under realistic environ‐
mental conditions. Field trials and mesocosms are typically carried out in order to obtain that
information. A number of difficulties with these trials and experimental ecosystems will be
addressed in the respective sections below. Suffice to say now that as a result of the second
tier, a management plan for the agrochemical under evaluation should be drawn to mitigate
its possible risks. Such plans may consider restrictions of usage for a chemical product and
other conditions that aim at avoiding the exposure of organisms in the environmental media
for which a risk has been identified.

4. The weight-of-evidence approach

Weight of evidence (WOE) is an evaluation of evidence on one side of an issue as compared
with the evidence on the other side of the issue or an evaluation of the evidence on multiple
issues. WOE is used to describe the type of consideration made in a situation where there is
uncertainty and which is used to ascertain whether the evidence or information supporting
one side of a cause or argument is greater than that supporting the other side. The US Envi‐
ronmental Protection Agency started to consider a WOE approach for assessment of carcino‐
genic chemicals in 1986 [17]. The same approach was introduced later for ecological risk
assessments [18], and since then, the European Union and other governments have followed
suit to address specific problems posed by chemicals. The concept of WOE is familiar to the
public, as it is embodied in the justice system of western countries [19]. Several methods,
ranging from qualitative to quantitative, are used to reach conclusions from the various lines
of evidence synthesised in the WOE approach [20]. In assessing a chemical’s safety, however,
WOE uses with preference causal criteria and logic methods as well as “probability and other
statistical techniques to evaluate how individual data adds to or subtracts from evidence of
risk” [21].

It should be realised that, in fact, the WOE approach operates throughout the entire assessment
process outlined in Fig. 1. In particular, the toxicity and exposure assessment steps use
qualitative and quantitative measures to characterise the chemical in regard to its hazard and
potential harm. For example, in the sediment quality “triad”, sediment chemistry, toxicity and
effects to resident organisms are the individual lines of evidence [2]. In general, individual
lines of evidence may include acute toxicity tests, sublethal effects, biomarkers, residue data
from field surveys and other sources [5, 22]. The integration of all these lines of evidence is
done in the risk assessment step, by looking “critically at each line of evidence and consider
uncertainty and variability when individual lines point to different conclusions” [21]. Most
ERAs use causal criteria and logic methods to evaluate risks, with sediment assessments
relying heavily on the logic methods. The resulting risk is typically defined in terms of
probability of harm for populations in a particular environment. The reader is referred to the
review by Linkov et al. [21] concerning the application of WOE to current environmental
assessments.

Toxicity and Hazard of Agrochemicals6



HQ is the preferred method used in regulatory risk assessments of agrochemicals, whereas
PRA is mostly used in site-specific ERA, which in most jurisdictions amounts to a second tier.

Whether HQs or PRAs are used, if the chemical does not pass the first tier, a further evaluation
must be done. The second tier involves gathering evidence of effects under realistic environ‐
mental conditions. Field trials and mesocosms are typically carried out in order to obtain that
information. A number of difficulties with these trials and experimental ecosystems will be
addressed in the respective sections below. Suffice to say now that as a result of the second
tier, a management plan for the agrochemical under evaluation should be drawn to mitigate
its possible risks. Such plans may consider restrictions of usage for a chemical product and
other conditions that aim at avoiding the exposure of organisms in the environmental media
for which a risk has been identified.

4. The weight-of-evidence approach

Weight of evidence (WOE) is an evaluation of evidence on one side of an issue as compared
with the evidence on the other side of the issue or an evaluation of the evidence on multiple
issues. WOE is used to describe the type of consideration made in a situation where there is
uncertainty and which is used to ascertain whether the evidence or information supporting
one side of a cause or argument is greater than that supporting the other side. The US Envi‐
ronmental Protection Agency started to consider a WOE approach for assessment of carcino‐
genic chemicals in 1986 [17]. The same approach was introduced later for ecological risk
assessments [18], and since then, the European Union and other governments have followed
suit to address specific problems posed by chemicals. The concept of WOE is familiar to the
public, as it is embodied in the justice system of western countries [19]. Several methods,
ranging from qualitative to quantitative, are used to reach conclusions from the various lines
of evidence synthesised in the WOE approach [20]. In assessing a chemical’s safety, however,
WOE uses with preference causal criteria and logic methods as well as “probability and other
statistical techniques to evaluate how individual data adds to or subtracts from evidence of
risk” [21].

It should be realised that, in fact, the WOE approach operates throughout the entire assessment
process outlined in Fig. 1. In particular, the toxicity and exposure assessment steps use
qualitative and quantitative measures to characterise the chemical in regard to its hazard and
potential harm. For example, in the sediment quality “triad”, sediment chemistry, toxicity and
effects to resident organisms are the individual lines of evidence [2]. In general, individual
lines of evidence may include acute toxicity tests, sublethal effects, biomarkers, residue data
from field surveys and other sources [5, 22]. The integration of all these lines of evidence is
done in the risk assessment step, by looking “critically at each line of evidence and consider
uncertainty and variability when individual lines point to different conclusions” [21]. Most
ERAs use causal criteria and logic methods to evaluate risks, with sediment assessments
relying heavily on the logic methods. The resulting risk is typically defined in terms of
probability of harm for populations in a particular environment. The reader is referred to the
review by Linkov et al. [21] concerning the application of WOE to current environmental
assessments.

Toxicity and Hazard of Agrochemicals6

5. Toxicity assessment

The first condition for a risk assessment is to know whether a chemical is toxic or not. Multiple
lines of evidence are used for that purpose, including bioassays with standard species that are
representative of various environmental media, biomarkers and others.

For decades, acute and chronic bioassays have helped determine the toxicity levels of most
agrochemicals to a range of organisms. For all chemicals, lethal toxicity to mammals is based
on rats or mice bioassays, from which the oral LD50 and contact LC50 can be determined. In
the past, NOEC and the lowest-observable effect concentration (LOEC) were also determined,
mainly for human risk assessment. However, ecotoxicologists have been arguing that the latter
measures are statistically flawed and consequently should not be used any longer [23, 24].
Instead, the estimation of LD10 or LD20 from standard bioassays is now preferred to define
the low levels of effect [25, 26], given that populations of organisms in nature always have a
small proportion of casualties due to diseases, lack of fitness, starvation and other factors,
which cannot be distinguished from chemical toxicity [8]. Similar bioassays for acute toxicity
have been used with a range of organisms, including birds, fish, amphibians, earthworms,
springtails, bees, flies and a variety of insect pests, mosquito larvae, midge larvae, dragonfly
and mayfly nymphs, several types of crustaceans and zooplankton, clams, oysters, mussels,
algae and plant species. The need for standardisation of tests has produced a large body of
literature, where some species are preferred based on ecological relevance, sensitivity,
commonality, easiness to culture in the laboratory or other convenient traits. The commercial
Microtox® assay system is also an acute bioassay designed to detect basal toxicity to the marine
luminescent bacteria Photobacterium phosphoreum, mostly from some organic substances [27].
Many other standardised in vitro cytotoxicity tests have been developed to test a large number
of chemicals [28]. Acute lethality is typically determined for single doses at 24 h in terrestrial
organisms and after a fixed time of exposure in aquatic organisms: from 24 or 48 h in small
organisms to 96 h for larger crustaceans and fish. Chronic toxicity bioassays are carried out to
detect possible biological effects after repeated or continuous exposure to sublethal doses or
concentrations of a chemical. The endpoints in this case may vary from lethality to carcinoge‐
nicity and mutagenicity [29] or from reproduction impairment [30] to hormonal imbalance [31]
and developmental effects [32]. Any negative or deleterious effect can be considered a chronic
toxicity endpoint, not just the reproduction effects – the criterion for chronic toxicity is long,
repeated exposure to chemical amounts that are not lethal within the short timeframe of the
acute bioassays. Not all chronic endpoints are considered ecologically relevant, and hence,
such endpoints as growth and reproduction would have a higher weighting than others such
as biomarkers (unless, of course, these can be linked to community and population effects).

Each one of the above tests is considered a line of evidence for the risk assessment of a chemical.
Current information on acute and chronic toxicity for all agrochemicals can be accessed online
through the ECOTOX database compiled by the US Environmental Protection Agency (http://
cfpub.epa.gov/ecotox/) and other databases with a narrower scope, e.g. AGRITOX (http://
www.agritox.anses.fr/index.php), Footprint Database (http://sitem.herts.ac.uk/aeru/iupac/),
the Pesticide Manual [33] and others.
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Toxic action may depend not only on dose or concentration but also on the duration of
exposure. It has long been suggested that toxicity tests should include information not only
on doses or concentrations but also on exposure time [34-36], with time-to-effect bioassays
being a practical way to achieve this [37]. Toxicokinetics are necessary to interpret the toxicity
of a compound with time of exposure [38, 39], because they can relate time-dependent toxicity
to target organ concentrations [40]. For some compounds, toxic effects may depend almost
exclusively on the total dose [41], whereby the product of dose, or concentration, and exposure
time produces the same biological effect (Haber’s rule). For pesticides that block specific
metabolic or physiological pathways, the toxicodynamics of the compounds determine the
time dependency of the effect [42]. In this case, toxicity is better described as a function of the
time of exposure in addition to the dose. Understanding of the mode of action of such
compounds is, therefore, essential for a correct prediction of their toxic effects [43]. Thus,
whenever the interactions of chemicals with critical receptors are either slowly reversible or
irreversible and the resulting biological effects are also irreversible (i.e. death), such effects are
time cumulative and long lasting [40]. Examples of such chemicals are the neonicotinoid
insecticides [44], which impair cognition by blocking nicotinic acetylcholine receptors in the
central nervous system of insects and other arthropods. The implications of this time-cumu‐
lative toxicity for risk assessment will be dealt with in the section on first-tier assessment below.

One particular group of compounds that have attracted special attention in recent times is the
endocrine disruptor chemicals (EDC), among which are some agrochemicals: amitrole,
atrazine, DDT, lindane, mancozeb, maneb, metiram, metolachlor, pentachlorophenol, vinclo‐
zolin and ziram [45]. EDCs alter the homeostatic balance in organisms by either mimicking
the activity of hormones or influencing the metabolism of natural hormones as a side effect.
Because hormones are substances that effectively induce or suppress physiological mecha‐
nisms, often complex and interlinked, exposure to EDCs can have unforeseen effects, certainly
unrelated to the specific mode of action of the ED compound. For example, some organo‐
chlorine pesticides induce feminisation in alligators [46, 47]. EDCs should not be confused with
hormonal pesticides, which by their very nature mimic natural hormones in plants (e.g. auxin-
like herbicides such as 2,4-D) or insects (e.g. ecdysone mimics such as tebufenozide). Identifi‐
cation of EDCs has been given high priority in some developed countries [48] with the aim of
restricting their use in view of the potential consequences for human health [49], even if the
research needed to characterise and elucidate their impacts is lagging behind [50, 51]. This is
a case where regulation appears to have run ahead of scientific evidence, which in some cases
is controversial [52].

All the above is for direct toxicity, which is the only way to assess the toxic potency of a chemical
compound. Assessment of the toxicity of mixtures of chemicals started in the 1970s; this can
be determined using the same protocols for acute and chronic toxicity [53] or using genomics
[54]. Apart from determining the total toxicity of the mixture, it is important to assess whether
the compounds show additive, synergistic or antagonistic toxicity, and if so, try to estimate
the synergistic/antagonistic ratios [41, 55]. Additive toxicity occurs with compounds that have
the same or similar mode of action, e.g. organophosphorus and carbamate insecticides [56],
pyrethroids, neonicotinoids, triazines, etc. In such cases, a toxic equivalent (TE) with reference
to a standard compound in the same group of chemicals is estimated [57]. TEs are then used
for assessing the total toxicity of such mixtures in tissues, sediments or another matrix [58].
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Among synergistic mixtures, the best and well known is that of piperonyl butoxide with
pyrethroid insecticides, which occurs because of inhibition of the mono-oxygenase detoxifi‐
cation system in insects [59]. Recently, mixtures of ergosterol-inhibiting fungicides with cyano-
substituted neonicotinoids have also shown enhanced synergism of these insecticides in
honeybees [60].

Indirect impacts of chemical toxicity occur in nature [61]. Although it is often difficult to
determine the causal relationship that exists between chemicals and the indirect effects they
may have in ecosystems, well-designed microcosms and mesocosms, as well as field studies,
have often proved such effects [62-64]. Indeed, ecological theory predicts that the elimination
of predators inevitably results in a bloom of the primary prey species they control [65]. Equally,
the elimination of key primary consumers leads to the uncontrolled growth of their feeding
sources (e.g. weeds, algae), and this occurs when insecticides eliminate grazing planktonic
species [66], but not necessarily to the demise of their predators, as the latter organisms can
switch prey preferences [67]. Fungicides can eliminate fungal communities that have the
important role of recycling organic wastes in nature and thus reduce the efficiency of the litter
decomposition and mineralisation in soil [68]. Reduction of the insect food source after
application of imidacloprid in agricultural environments over many years has led to the
reduction of several bird species in the Netherlands [69, 70]. Even biological insecticides, such
as Bt (Bacillus thuringiensis) applied to control mosquitoes, flies and other nuisance insects in
wetland areas, inevitably reduce the bird populations that feed on those insects [71]. One of
the practical applications of this theory in agriculture is the integrated pest management (IPM)
[72]. Indeed, IPM is mindful of the disastrous consequences of pesticide application for pest
control without consideration of the impacts on the whole ecosystem. Extreme examples are
the massive explosion of brown plant hoppers (Nilaparvata lugens) in Indonesia during the
1970s following excessive application of insecticides that eliminated spiders and other
predators of this rice pest [73] and the uncontrolled population growth of red-billed quelea
(Quelea quelea) in areas of Botswana with high residue loads of fenthion, a persistent organo‐
phosphorus insecticide applied for pest control in agriculture [74]. Indirect effects, however,
are not included in the first tier of regulatory risk assessment of chemicals; in some cases, they
may be considered in the second tier (Fig. 1).

6. Exposure assessment

The first step in the exposure assessment starts with characterisation of the chemical properties
of a substance, as this will determine the main routes of exposure for organisms. Among the
physical and chemical properties relevant for environmental risk are solubility in water and
organic solvents; partitioning coefficients, in particular the octanol-water coefficient (Kow); soil
adsorption constants (e.g. Koc); vapour pressure and volatilisation (Henry’s law); dissociation
constants (pK); and half-lives in several environmental matrices (air, water, soil, sediments
and plant tissues) due to different processes: hydrolysis, photolysis or metabolism. In addition,
mobility and leaching potential should be assessed, and this can be done by means of indices
such as the ground ubiquity score (GUS), which combines soil adsorption properties and
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degradation in soil [75] (Table 1). The databases mentioned above (i.e. AGRITOX, Footprint
and Pesticide Manual) are comprehensive sources of such data. Manufacturers of new
products must provide this information – different from the material safety data sheets (MSDS)
– to their regulatory authorities for risk assessment. Numerous laboratory measurements and
tests must be carried out to obtain this kind of data, although in some cases, quantitative
structure-property relationships (QSPRs) are used to derive approximate values when
compounds have similar chemical structures.

Degradation pathways in animals are also important, as some chemicals are amenable to
metabolic breakdown and produce metabolites, usually of less toxicity, that can be eliminated
in urine and faeces. However, metabolites can also be as toxic as the parent compounds, in
which case, they need to be assessed as independent toxicants. Often, a chemical may be
degraded easily in water or plants but may be persistent in soil or vice versa. Recalcitrant
chemicals are the ones that do not degrade readily in any of the environmental media, e.g.
chlorinated compounds, including some neonicotinoid insecticides and herbicides. Persistent
agrochemicals require special attention because their effects are not restricted to the time of
their application to crops but also during a long period of time afterwards, which could be
years. For example, in many developed countries, residues of DDE in soil are still causing egg-
shell thinning in birds, even if the parent compound (DDT) has not been applied for more than
30 years [76].

Once the basic data are available, concentrations of the chemical in various matrices can be
predicted after its application to a crop, using mathematical models developed for specific
purposes [14]. Transport models can refer to a single medium (e.g. air) or to the fate and
movement between media. Examples of the first type are the dispersion of particles and
movement through air, which can be modelled by AgDRIFT [77] and Gaussian models [78],
soil erosion and sedimentation of runoff [79] and leaching of water-soluble fractions into the
soil profile, e.g. Pesticide Root-Zone Model (PRZM) [80] and others [81]. By contrast, multi‐
media models such as fugacity [82] aim at predicting the concentrations of chemicals in all
environmental media. In any case, model predictions should be validated by comparing the
outputs of the model to the actual measurements of residues in water, air, soil and organisms.
However, for new chemicals this is not feasible, as residue amounts could be negligible or non-
existent, so current regulatory risk assessment relies entirely on the predicted environmental
concentrations (PECs) that result from such models. For old agrochemicals, on the other hand,
measured residue levels would be preferable for two reasons: (i) a large body of actual residue
data exists for different regions and times, as comprehensive monitoring surveys are carried
out over many years and are available from the open literature, and (ii) relevant physico‐
chemical and degradation data are often incomplete for many old compounds, thus hampering
their environmental modelling. Each model output and survey data is considered a line of
evidence for the risk assessment.

Essential information in regard to prediction of modelled data is the usage pattern of the
chemical under consideration; this information is often not readily available, so it is often
necessary to infer usage from sales figures. The total amounts of agrochemical applied
determine ultimately the total load of residues to which organisms will be exposed. For
persistent chemicals, residue loads will increase with time, so it is important to know the period
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of time they have been used. When all these factors are put together, the margins of error
necessarily increase, and so variations of one order of magnitude in PECs are acceptable. The
situation is no better for monitoring data, as the variability in residue loads between sites,
regions, times of the year and among years can be even larger. Therefore, sensible exposure
assessments should be based not so much on accurate concentration levels but on a range of
concentrations for specific scenarios and situations. Statistical distributions of such residues
help determine their probability of exposure in site-specific ERA [83].

Pesticide Type1 Water
solubility at
20 oC

Soil
degradation,
aerobic

Soil adsorption and
mobility3

Leaching
potential

Environmental quality
standard (EQS) in the
Netherlands5

(mg/L) (DT50 in
days)2

Koc
(ml/g)

Kfoc
(ml/g)

GUS index4 MTR
(ng/L)

AA-EQS
(ng/L)

Exceeded
EQS
> 5-fold in

Azoxystrobin F 6.7 78 589 423 2.60 56 2012

Carbendazim F 8.0 40 - 225 2.64 600 2012

Desethyl-
terbuthylazine

m 327 70.5 - 78 3.90 2.4 2012

Dicamba H 250,000 4.0 - 12.36 1.75 130 2010

Dichlorvos I, A 18,000 2 50 - 0.69 0.6 2012

Dimethoate I, A 39,800 2.6 - 28.3 1.06 70 2011

Esfenvalerate I 0.001 44 5,300 - 0.45 0.1 2012

Fipronil I 3.78 142 - 727 2.45 0.07 2012

Imidacloprid I 610 191 - 225 3.76 67 2012

Metolachlor H 530 90 120 163 3.49 200 2011

Permethrin I 0.2 13 100,000 - -1.11 0.2 2010

Pirimiphos-
methyl

I, A 11 39 1,100 170 2.82 0.5 2010

Propoxur I, A 1,800 79 30 - 4.79 10 2010

1. A = acaricide; F = fungicide; H = herbicide; I = insecticide; m = metabolite.

2. DT50 is the degradation time to 50 % of the initial amount.

3. Koc and Kfoc are organic-carbon sorption constants.

4. The GUS index (groundwater ubiquity score) is calculated as GUS = log DT50 x (4 – log Koc). Chemicals with GUS > 2.8
are likely to leach, whereas if GUS < 1.8, leaching is unlikely.

5. The maximum tolerable risk (MTR) and annual average environmental quality standard (AA-EQS) are traditional Dutch
water quality standards.

Table 1. Relevant physicochemical properties and environmental standards of 13 pesticides commonly found in Dutch
surface waters.
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PECs by themselves are not sufficient to estimate exposure within reasonable limits. The
availability of chemicals is paramount, since only chemicals that are taken up by organisms
can cause harm. Routes of exposure differ for aquatic and terrestrial organisms, and the
estimated PECs should refer not only to the levels of chemicals in the environmental matrices
but also the uptake by the organisms living there. In the aquatic environment, organisms are
embedded in a matrix that contains pollutants, and their uptake through the gills and epider‐
mis is almost constant. In this case, time of exposure really influences the chemical uptake,
while toxicokinetics are influenced by surface area, porosity of the surface and volume/surface
ratio. Also, the internal doses and effects with time can be estimated in accordance with Haber’s
rule (see above). Ingestion of residues in food appears to be a lesser route of exposure for
zooplankton [84] and possibly other aquatic organisms. For terrestrial organisms, however, a
more complex scenario is envisaged. Uptake of air pollutants may be constant through
inhalation, but their residues in water and food sources (e.g. pollen, plant material, insects) are
taken intermittently in small, discrete amounts and at different times. Dermal exposure, by
contrast, is most relevant to animals living in the soil and sediment (e.g. earthworms, inver‐
tebrate larvae, etc.) or having unprotected skins (i.e. amphibians), whereas reptiles, birds and
mammals would be somehow protected by the scales, feathers and fur that cover their bodies.
Nevertheless, the lethal effects that follow deposition of pesticide spray droplets on birds
suggest that concentrated hydrophobic compounds can enter easily their bodies through this
route of exposure [85].

One way of finding out the availability of pollutants to organisms is by using biomarkers of
exposure. Many biomarkers have been developed in the last two decades with the aim of
measuring the extent of chemical exposure in organisms [86]. Usually they measure the
physiological response to chemicals with the same mode of action, i.e. the cholinesterase assay
determines the proportion of acetyl-cholinesterase enzyme bound to cholinesterase inhibitor
insecticides [87]. Biomarkers based on inhibition of the detoxification mechanisms (P450 mono-
oxygenases, glutamate-S-transferases, etc.) are less specific, as many different compounds can
trigger the same response. Unless the chemical source is known, biomarkers can only provide
evidence of the existence of a group of contaminants that are taken up by the organisms [88,
89]. For this reason, they are useful to prove the availability of such chemicals, not for the
identification of the individual compounds.

7. Risk assessment: First tier

Having obtained the above information, the chemical assessor is now in a position to evaluate
the possible impacts of a chemical in the environment. The first hurdle assessors encounter is
how to put together the disparate data gathered through the various lines of evidence from
the toxicity and exposure assessments.

Whatever methods are used to evaluate the possible risks of a chemical, assessors must
consider a range of scenarios: from a typical or most likely PEC under standard agricultural
practices to a worst-case scenario that considers the highest possible PEC to be found in a
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particular environmental medium or under special conditions. Modelled PECs as well as
monitoring residue data can be used for this first-tier assessment (Table 1).

For a start, different LC50 and LD50 values are derived for species belonging to disparate taxa,
with a range of variation spanning several orders of magnitude! So, which dataset should be
used in the risk assessment? One way of solving this problem is to evaluate representative
species of each environmental media, and this has traditionally been done with the hazard
quotient (HQ). OECD hazard assessments require at least one species from three different
taxonomic groups (e.g. alga, crustacean, fish) for this first tier. Thus, for each environmental
medium, one to three HQ values may help define the range of negative impacts. These HQ
values should be derived for different exposure routes in the case of terrestrial organisms (e.g.
dietary, inhalation or contact by dermal exposure), whereas a single value may be sufficient
for aquatic organisms. Two shortcomings are found with this approach. Firstly, it is simplistic
and often unrealistic, given that PECs for a range of scenarios typically vary up to one order
of magnitude, and this variability can introduce a swing from being “safe” to “unsafe” if the
resulting HQ values change from <0.1 to 0.1–1.0. Thus, there is an inherent large uncertainty
in this approach even if the toxicity endpoints used are consistent and accurate. Secondly, a
given chemical may be considered safe for the representative organism on which the toxicity
data are based, but not safe for other organisms living in the same environment. An example
of this is imidacloprid, which renders values of HQ below 0.0001 for standard Daphnia spp. at
relevant concentrations of 5 µg/L in rice fields but has HQ values of 0.01 for epibenthic
ostracods and benthic chironomid larvae [90] and values of 0.2–7.0 for larvae of mayflies [91].
This highlights the problem of using data for standard test species in the first tier to make
decisions regarding the registration of a chemical; and yet most regulatory assessments still
use this method.

A second and more plausible approach is to use all the toxicity data available for a chemical
at once, by constructing an SSD – risk assessments using this approach are termed probabilistic
risk assessments (PRA). For agrochemicals, SSDs are usually built using acute LC50 or LD50
data. Often an assessment factor is applied to give a chronic equivalent when the NOEL values
are not available. In such cases, a factor of 10 or a derived acute-to-chronic ratio is commonly
used. The SSD shows the overall range of toxicities for all species tested in the same environ‐
mental medium (e.g. aquatic; Fig. 2), so the assessor can determine the levels of chemical that
would not have a serious impact on the majority of species. An advantage of the SSD is that it
allows estimation of the number of species within a particular medium that would be seriously
affected for any residue concentration of a given chemical. Since the latter residue levels can
vary spatially, seasonally and with the passing of time, this relationship between residues in
the environment and species affected (which includes their identity as well) can be very useful
for risk management in site-specific ERA. In regulatory assessments, the threshold concentra‐
tion hazardous to 5 % of species (HC5) is defined and compared to the PECs in that particular
medium [92]. The term protective concentration for 95 % of species (PC95), which equates to
HC5, is also used. Nevertheless, the probabilistic approach is rarely used for registration of
new agrochemicals, since the range of toxicity data available for such compounds is usually
insufficient to generate a valid SSD. They are mostly used for site-specific risk assessments, in
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which case, actual residue data from monitoring at the site or region are also used to comple‐
ment the predicted exposures. PRAs are available for residues of the herbicide atrazine in
waters [93] and for insecticides such as chlorpyrifos [94], pyrethroids [95] and endosulfan [96]
and other agricultural chemicals [97, 98].

The probabilistic approach is not exempt from criticism, as the protective thresholds set are
subjective and have no ecological basis. It could well be that the most important species to be
protected are the most sensitive, as it happens with pollinators and parasitic wasps exposed
to neonicotinoids and other compounds [99]. One could argue that setting a threshold that
protects 100 % of species is the most adequate solution to this problem, but it is indefensible
to estimate such limits when the datasets are often incomplete, as it occurs with most chemicals,
and also because the statistical error increases at the bottom of the SSD curve. Obviously, the
accuracy of the SSD relies entirely on the number of species tested and the taxa covered in the
dataset. Another criticism is that the actual concentrations measured in surface waters are
typically underestimated because the peak concentrations of pesticides, which have the
highest impact, are often missed, thus casting doubts about the reliability of the exposure
predictions on which the probabilistic approach is based [100]. One solution is to build a
cumulative graph of either measured or predicted environmental concentrations for different
exposure scenarios, thus allowing estimation of probabilities of exposure in a similar way as
the SSD [15]. This approach has successfully been used in ERA of residual herbicides that have
a long history of usage [83, 101], for which sufficient residue data are available. Another
solution to this problem is the use of passive samplers that produce an integrated measurement
of residues over a period of time [102]. Equally, passive samplers are also used for estimation
of residue concentrations in the air phase [103]. In any case, SSDs provide a greater degree of
accuracy than HQs in determining safe levels for chemicals in the environment. In fact, this
approach has been used to set water quality guidelines in many countries, although it is more
commonly used in the second tier of assessment [98].

A third approach is to use risk indices that combine toxicity values of a chemical to several
organisms, its persistence in the environment, the frequency of detection of its residues, the
likelihood of drift and other characteristics that are deemed important. Indices of risk were
first introduced by Metcalf to rank the risk of pesticides to fish, birds, mammals and bees [104].
They are useful for comparing the potential risks of several compounds applied to the same
environment, so that farmers, pest control operators and other users of pesticides may choose
chemicals that have the least risk to the environment. Examples of indices are the Pesticide
Impact Rating Index (PIRI), used by managers and pesticide users as a simple guide for
selecting agricultural chemicals that are less damaging to the environment [105]; the ecological
relative risk (EcoRR), designed to discriminate between chemicals that may have ecological
impacts at a site-specific environment [106]; other risk indices, along with pesticide use
information, were reasonable predictors of bee poisoning incidents compiled over a 21-year
period in the United Kingdom [107]. Many indices have been proposed over the years (see
review by Levitan et al. [108]), and some of them have been used in regulatory risk assessments
in European countries [109]. It is important to realise that such indices are only indicative of
relative risks among compounds and cannot predict the actual risk that a particular agro‐
chemical may have in a given environment.
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7.1. New approaches to risk assessment

First-tier assessments of agrochemicals are mostly based on acute toxicity data and a range of
concentrations for different scenarios. Rarely do they consider chronic toxicity; this is most
commonly estimated for mammals. In fact, survival over time is not considered for the vast
majority of organisms tested. Indeed, one aspect that none of the methods used, whether the
HQ, the SSD-probabilistic method or indices, have considered is toxicity in time. This may be
due to the assumption that chemicals only cause toxicity on a dose-dependent manner, while
the ratio between acute and chronic LC50s or LD50s is assumed to be fixed [110]. Recently,
however, it was demonstrated that such ratios vary depending on the models used to estimate
chronic toxicity [111]. Moreover, it is known that certain chemicals exhibit time-cumulative
effects with time, such that infinitesimal concentrations can cause toxicity upon chronic
exposure [40]. For these chemicals, which can be identified by a high acute-to-chronic ratio
[91], the current methods of risk assessment fail to produce a plausible and realistic evaluation
of their risks to the environment.

A new approach has been proposed, therefore, for assessing the risk of chemicals with time-
cumulative toxicity. The method is based on the relationship of LC50 or LD50 with time of
exposure, which is defined mathematically by a log-to-log regression between the dose and
the time to reach 50 % effect (ET50) [112],

50 50LnET a bLnLD= + (1)
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Figure 2. Species sensitivity distribution (SSD) of the insecticide imidacloprid for aquatic species (data source: ECO‐
TOX database).
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The inverse of the slope of that regression (b) is the power exponent of the Druckrey-Küpf‐
müller equation [113, 114]

constantnC t* = (2)

where n =1/b of the regression (1) and C is the PEC or measured concentrations of the chemical
in the environment. Since the exponent n for a chemical can be determined using time-to-event
bioassay data, the times to reach 50 % effect can be estimated for any given concentration in
the media or dose ingested by organisms. In fact, the slope in equation (1) helps determine
whether a chemical may have time-cumulative toxicity or not, because only the chemicals with
values of n >1 are included in this special category [40], thus making the task of the assessor
easier.

This method, therefore, estimates the time to reach a critical endpoint (e.g. 50 % mortality)
based on the PECs or measured concentrations found in the environmental media. It has been
applied to evaluate the risk of two neonicotinoids (imidacloprid and thiamethoxam) to
honeybees and bumble bees [115]. The risks of these insecticides to bees, as evaluated by this
new approach, are in better agreement with the observed declines of these insects in countries
where neonicotinoids are used than the risks evaluated by classical methods. As indicated
above, only the chemicals showing time-cumulative toxicity need to be considered here; for
most compounds, the current probabilistic methods are appropriate.

Another aspect that has been neglected for too long is the inclusion of toxic metabolites and
transformation products in risk assessments [116]. Certainly, a number of toxic pollutants,
including insecticides (e.g. aldicarb, dimethoate, endosulfan, fipronil, heptachlor, imidaclo‐
prid, thiamethoxam and others), persistent pollutants such as DDT and a range of industrial
chemicals, can be converted to degradates that are as toxic as the parent compounds or even
more. For example, organophosphorus pesticides that contain sulphur double bonds can be
more toxic when oxygen replaces the sulphur during degradation; such is the case of chlor‐
pyrifos, profenofos and parathion. A proper risk assessment of these chemicals should include
not only the original compound but the total toxic burden, i.e. parent + toxic metabolites [117].
While this area of assessment is still incipient in risk evaluations of agrochemicals, similar
procedures as those used with mixtures should be devised to assess their toxicity.

8. Risk assessment: Second tier

It is envisaged that not all chemicals will pass the first tier without problems. Concerns
inevitably arise from the lack of sufficient data regarding toxicity to some species that may be
deemed important in a particular environment or from the lack of chemical data, which results
in poor predictability of the fate of a new chemical. Too many uncertainties in the toxicity and
exposure steps result in unrealistic risk evaluations. When that happens, regulators may
request that manufacturers provide further evidence on whether a chemical may or may not
have negative impacts on the environment.
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The purpose of the second tier is, therefore, to obtain more data about the behaviour of the
chemical so as to fill gaps in knowledge and resolve the uncertainties and consequences of its
release in the environment. Different methods may be used to achieve this, each of them
seeking evaluation in a realistic scenario:

• Field trials

• Mesocosms and microcosms

• Sublethal effects and chronic studies

• Side effects – endocrine disruption

• Life-cycle effects

• Population modelling

8.1. Field trials

Field trials, using typical and worst-case concentrations of the chemical, are useful to measure
realistic concentrations and dissipation rates in water, soil, air and the movement between
environmental compartments, e.g. leaching through the soil profile [118], volatilisation [119],
chemical loads in runoff [120], eroded materials and sediments [121] and others. For concen‐
trations in water and air, passive samplers give better estimates than individual grab samples,
as the samplers integrate peaks from pulses as well as lower concentrations over time. Indeed,
concentrations of pesticides in water measured using passive samplers are better correlated
with the effects observed in aquatic organisms [122]. Air passive samplers are useful to study
the transport of volatile chemicals such as endosulfan and persistent organochlorines [103]. A
drawback of field trials is that factors other than the concentration of the agrochemical applied
cannot be controlled. This introduces uncertainty about the effects on organisms, which could
be due to the chemical applied or to other environmental factors, whether in combination or
alone. In addition to this problem, it is almost impossible to monitor all individuals present in
a field and its surroundings; consequently, the effects on organisms are underestimated. This
may explain the apparent lack of mortality in birds in field trials where organophosphorus
and other insecticides are applied to agricultural fields, since most of the fatalities go unde‐
tected [123]. Equally, several field trials with systemic insecticides appeared not to cause much
impact in honeybee colonies placed in the surrounding of treated fields [124-126], but this is
partly because bees that died or got lost in the field – due to disorientation – could not be
counted [127], while at the same time, the hives keep producing more worker foragers to
compensate for those losses. In this case, only by tagging of individual bees with special
tracking devices may render accurate estimation of losses and foraging activity [128, 129]. As
it turns out, bee losses are larger than originally expected from former field trials with those
insecticides [130, 131]. Another problem with field studies of bees is that often the controls
used are contaminated with a diverse array of pesticides [132], so the effects of the chemical
under study cannot be distinguished from the controls or are confounded by other pesticide
contaminants.
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Field studies can include surveys where chemical and biotic data are collected at the same
place and time. Such data can be analysed to determine whether or not the chemical pollutants
found in a particular location have reduced its biodiversity. That requires, of course, a reference
to natural or near-natural conditions. For instance, in order to determine the extent of pollution
in water bodies, the European Water Framework Directive requires such definition before the
extent of contamination by stress gradients (chemical or otherwise) can be established. To this
purpose, the Species at Risk (SPEAR) index was developed to express the risk of pollutants to
aquatic ecosystems. It considers the overall toxicity of pollutants measured in terms of toxic
units with reference to Daphnia magna (TUDaphnia) and has a built-in distinction between
sensitive and non-sensitive species. SPEAR can be used as an indicator of the pollution status
of rivers or other aquatic ecosystems [133].

8.2. Mesocosms and microcosms

Mesocosms and microcosms are model ecosystems but on a small scale. Given that most factors
are controlled by the researchers, the effects of chemicals on organisms can be determined with
more certainty than in field trials. Also, organisms are usually confined to the small experi‐
mental area (a few square metres per unit) and thus can be counted more reliably. Indirect
effects on other species and communities are usually detected in this kind of experiments [134,
135], whereas such effects would be difficult to observe and measure in field trials. One positive
feature of mesocosms and microcosms is that they avoid contamination of the environment,
something that field trials cannot do. The experimental units are self-contained, and contam‐
inants in the water are eliminated from any runoff exiting the system or they are recovered.
Another advantage of these systems is that can be replicated using practically the same
conditions, whether outdoor or indoors, whereas field trials are subject to the inevitable
variability existing among fields. In both, field trials and mesocosms, the use of controls
without chemical treatment is imperative as a reference.

The data generated in these systems usually include dissipation half-lives of the chemicals in
various matrices, changes in population and biodiversity in the communities under monitor‐
ing, and occasionally, some functional traits of the ecosystem (e.g. productivity) can also be
obtained [64]. Data on individual species can be analysed using traditional methods to estimate
the median effect concentrations in the field, and once these are obtained, an SSD can be built
to determine the HC5 for the communities. Following this procedure, the laboratory toxicity
data can then be compared to the field or mesocosms toxicity data to either prove or correct
the findings [136]. Effects of chemicals on communities can be measured in a similar way as
in typical toxicity tests, and dose-response relationships can be obtained for some endpoints,
typically the abundance or species richness [137]. The communities’ data can also be subjected
to multivariate statistical analysis such as principal component analysis (PCA) or, even better,
principal response curves (PRCs) [138]. The latter analytical tool helps determine the extent of
the changes occurring in the community under exposure to the chemical(s) as well as their
statistical significance. PRCs have been used to study the recovery of populations in agricul‐
tural ditches exposed to pesticides [139] and to compare the ecological effects of different
insecticides applied to rice paddies [140].
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insecticides applied to rice paddies [140].
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Mesocosms have been instrumental in detecting effects of chemicals in populations and
communities of macro-invertebrates [141], which otherwise could not be predicted using
standard toxicity tests in the laboratory. This is important, since the functionality of an
ecosystem depends on the structure and relationships between all the species that compose it.
Even if the functionality of an ecosystem can be restored after the chemical is withdrawn, often
the structure is changed, so the recovery of populations does not restore the disturbed
community to the same structure it had before. This is because some species have been more
affected than others or have been eliminated and need to be replaced by other species. This
can be demonstrated by using similarity indices, a tool commonly used in ecological studies
that can also be applied to assess the changes occurring in a community of arthropods during
and after the exposure to insecticides [142]. Biodiversity indices, on the other hand, are poor
indicators of ecosystem changes [137, 143]. Similarity indices have also been used to estimate
chemical thresholds that protect ecological communities from contaminants in freshwater
systems [144]. Structural changes are usually detected by such similarity indices or by
measuring the species richness, both of which are good indicators of ecosystem health and can
be used to assess the impacts of pollutants on ecosystems [145]. However, among the difficul‐
ties and drawbacks of mesocosms can be cited their high cost and need for more replication,
especially under different climatic or environmental conditions. This is because sometimes
replicates produce variable results (e.g. communities go in different directions) that defy
statistical analysis.

8.3. Sublethal effects and chronic studies

Laboratory experiments using sublethal doses/concentrations of chemicals are used to
determine a variety of sublethal effects that were not considered in the first tier, which was
only concerned with survival under exposure to lethal doses of chemicals. Sublethal effects
can be dose dependent if they are related to the mode of action of the compound, e.g. behav‐
ioural disturbances caused by neurotoxic insecticides [146-148]. In such cases, sublethal effects
can be assessed using HQ or other standard numerical methods used in tier I. However,
sublethal effects often resist an explanation based on the known mode of action of the chemical
concerned. For instance, is the anti-feedant behaviour [149] of imidacloprid in arthropods the
result of the agonistic action of this insecticide on the nicotinic receptors? If so, it might be
possible to establish a dose-response relationship for low exposure doses, but if not, how can
the risk of sublethal doses of this insecticide be assessed in a quantitative manner? To date, no
established method of numerical analysis of sublethal effects exists in the public literature, in
spite of its importance for the long-term viability of natural populations of insects [150] and
other organisms. In any case, sublethal effects are difficult, if not impossible, to assess in field
trials and mesocosms. There are many examples in the published literature of sublethal effects
of man-made chemicals, and they are usually reported in extensive reviews carried out by
either independent or regulatory authorities. However, unlike lethal toxicity data, sublethal
data does not produce robust statistical estimates of effects. Also, this kind of evidence is not
always available for newly developed agrochemicals – information on sublethal effects comes
usually a long time after a product has been approved by the authorities and used extensively.
More often than not, research on sublethal effects is prompted by a series of negative impacts
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observed with particular products after many years: the reproductive impairment in birds
caused by DDE (a metabolite of DDT) took about 20 years to be elucidated [151]; and the current
demise of insect populations and communities as a result of the widespread use of neonicoti‐
noids has taken some ten years to be understood [152].

8.4. Side effects – Endocrine disruption

Endocrine disruption is usually detected in experimental work of the second tier. This is an
aspect that has been missing in ERAs until recently. One feature of EDC effects is that the
potency of individual chemicals may be low but the effect can exceed thresholds with mixtures
of additive EDC potency. However, endocrine disruption is for the most part a side effect
unrelated to the main mode of action of the chemical concerned, and when present, its effects
appear to follow a typical monotonic, dose-response relationship like any other mode of action.
Some authors advocate that the mode of action of EDCs is non-monotonic but rather follows
a U-shape curve similar to the response of natural hormones and micronutrients [153-155].
This unusual relationship has been disputed by many authorities in toxicology and ecotoxi‐
cology [52, 156], who argue that EDCs should be treated in the same way as any other toxic
chemical, i.e. following the same evaluation methods for their risk as outlined above, using
either HQs, SSDs or time-cumulative methods.

8.5. Life-cycle effects

As a corollary of the previous sublethal and endocrine studies, life-cycle parameters can be
determined to assess the impact of a chemical through the various stages of development of
an organism [157]. Effects on survival, reproduction and development are thus integrated on
a life table. This is particularly relevant for invertebrates, which often change from larvae to
adults by experiencing several moulting stages or through metamorphosis.

8.6. Population modelling

Population modelling helps estimate the long-term consequences of regular, chronic chemical
impacts on populations of organisms. In essence, data obtained at the individual level need to
be extrapolated for effects at the population level using life table evaluations [158, 159].
Although more theoretical than the previous methods, they are by no means less realistic, and
they can be validated with experimental work appropriately designed for that purpose.
Common population endpoints used are abundance, population growth rate [160, 161] and
the chance of population extinction [162]. Two types of models have been suggested: simple
life-history models distinguishing between life-history stages of juveniles and adults [163] and
spatially explicit individual-based landscape models [164]. Data can be gathered from
experimental mesocosms or from historical records. For example, a demonstration that the
decline in populations of sparrowhawks (Accipiter nisus) and kestrels (Falco tinnunculus) in
Britain between 1963 and 1986 was due to dieldrin contamination was done using growth rates
of those birds and analysing their life-history data on body residues [165]. The performance
and long-term survival of honey bee colonies have also been modelled after exposure to
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systemic insecticides [166], as well as the breeding success of wood mice and skylarks exposed
to a fictitious fungicide [167].

8.7. Evaluation process in the second tier

Unlike the straightforward mathematical methods used to analyse information for the first tier
of the risk assessment, there aren’t any mathematical procedures to deal with the risks derived
from sublethal effects, indirect effects on communities, endocrine disruption, etc. Consequent‐
ly, all of the evidence gathered for this second tier must be evaluated using the logical methods
commonly used in the WOE approach. The exception, perhaps, is the PERPEST model [168],
which was developed to predict risk of pesticides in freshwater ecosystems. It simultaneously
predicts the effects of a particular concentration of a pesticide on various community end‐
points. The model relies on case-based reasoning, a technique that solves new problems by
using past experience (e.g. published microcosm or mesocosm experiments). In order for the
model to do that, empirical data extracted from the literature are stored in a database of
freshwater ecotoxicity studies, which are updated regularly.

Apart from PERPEST, whenever there is some evidence of negative effects of a chemical on a
species or an ecosystem, risk assessors must weigh that evidence against the benefits that the
chemical may have for human life, the general environment and agriculture – there may be
some negative effects to certain organisms or certain areas, but not necessarily to entire
ecosystems. How serious are the effects and how widespread their threats are questions for
the assessors to ask and evaluate using their best professional judgement. Here, the purpose
of the risk assessment influences the assessor’s evaluation. For example, in regulatory assess‐
ments, the aim is to minimise the impact of a particular chemical on ecosystems to levels
accepted by the community, which is not necessarily the same as protecting the integrity of
the ecosystems. Thus, some chemicals can be tolerated if the benefits they have for our lifestyle
offset their impacts to specific environments, i.e. agricultural areas that are sacrificed for the
“common good”. The task of assessing a chemical’s risk in this context is not easy, as the value
of the environment cannot be measured directly in terms of money [169], whereas the benefits
of agricultural and industrial production are more tangible. Not surprisingly, there are many
discrepancies between the regulations of various countries, even for the same agricultural
chemical [170] because they are based on different human judgements. In practice, many
hazardous agrochemicals are registered as long as certain precautions and management
options are put in place. This similarly occurs with pharmaceuticals and industrial chemicals.

Other important questions to be asked during the evaluation process are how much of the
chemical will be used and how often, since the concentrations or doses in the environment will
depend entirely on the application rate and frequency of usage. Residue loads of persistent
agrochemicals may accumulate in soil over the years until their concentrations or doses may
reach sublethal or lethal levels to certain organisms and, in the case of herbicides, some
agricultural crops. In such cases, regulators may suggest to restrict the application of such
products to avoid their accumulation in the environment.

A final question, often raised by risk assessors of agrochemicals, refers to the different
behaviours that a given compound may have in regions of the world that vary in climatic and
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other environmental conditions. Should the special conditions of those environments be taken
into consideration at the time of allowing a pesticide to be used in a country? Currently, the
bulk of insecticides are being used in developing countries, most of which are located in the
tropical or subtropical regions of the world, where warm and humid conditions may affect
their dissipation and exposure to organisms. Would the risk of such chemicals in tropical
countries be lesser than their risk in temperate and cold countries? It appears that most
chemicals pose a similar risk in either region because the increasing losses by microbial
degradation or volatilisation are usually counterbalanced by greater desorption and move‐
ment of residues into the aquatic environment [171]. Using tropical taxa for toxicity testing in
those countries has also been suggested, arguing that tropical species may differ in suscepti‐
bility to pesticides. However, most tropical species do not differ in sensitivity from their
temperate counterparts in regard to agrochemicals [163], unlike what happens with metal
contaminants [172, 173]. Overall, there is no convincing evidence that, in regard to environ‐
mental impacts of pesticides, agrochemical products used in tropical countries should be
evaluated differently from any other country.

9. Risk management

An important issue that stems from the evaluation of risks of agrochemicals is the management
options available to mitigate or eliminate the hazards that these products introduce into the
environment. Chemical companies should be responsible for establishing safety guidelines
that ensure a continuous usage of their products does not harm the environment. These
guidelines should be reviewed by the regulatory authorities together with all other relevant
information for the risk evaluation of chemicals.

The most basic management option for any agrochemical is the application rate and frequency
of usage of a product. Current pesticide labels specify the highest application rates to be used
on specific crops, but these are based on the efficacy of the chemical to protect such crops
against insect pests, diseases or competition from weeds, rather than on environmental
grounds. One can assume that if the recommended rates are approved by regulatory author‐
ities, they do not pose a serious harm to the environment; but is this always true? For newly
developed chemicals, the manufacturing company must prove this is the case. However, for
most chemicals already in the market, an ERA should be carried out with the aim of proving
the safety of such rates. When the environment is compromised, restrictions to the frequency
of application should be established so as to ensure a product is not applied ad libitum.

Other management options, often considered in IPM programs, may include i) restrictions to
the type of crops the chemical products could be applied; ii) limits to the frequency of appli‐
cation of a product during a cropping season; iii) specific instructions about the mode of
application, e.g. type of spray nozzles, planters, etc.; iv) timing of applications to avoid harm
to bees; v) establishment of vegetated barriers or other types of buffer zones to capture spray
drift that could fall onto neighbouring land or water bodies; and vi) establishment of vegetated
ponds and/or sediment traps to capture runoff loaded with residues and allow the natural
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remediation of these [174]. There is ample evidence that some of these measures have proven
very effective in reducing the impacts of pesticides in the environment [175, 176].

Finally, most product labels include some basic management practices. However, in many
developing countries, these instructions are ignored because they are written in foreign
languages or, more commonly, due to the illiteracy of farmers and applicators [177]. Label
instructions are, therefore, insufficient to ensure a proper management of toxic chemicals such
as pesticides.

10. Conclusions

Determining the risk of chemicals in the environment requires a complex evaluation of many
different lines of evidence. We have examined here the processes leading to such an evaluation
and criticised the main deficiencies of the current systems. Bearing in mind that no system is
perfect, as the risk process is essentially a human evaluation, we have also pointed out new
approaches that could help improve chemical assessments in the future.

One area that will always be crucial to any chemical risk assessment is the accuracy and
reliability of chemical and toxicity data. Without proper data, the evaluations would fail to
determine realistic risks under possible scenarios. In this context, modelled predictions of
exposure must be validated with factual data, whatever the conditions. A second area for
improvement is the science underpinning the toxicity of chemicals. Toxicology as a science
related to human health has a long history, but its application to environmental science lags
behind. Part of the problem is that ecotoxicology relies too much on acute toxicity data obtained
under laboratory conditions. In the absence of any other information, such data are used to
evaluate risks in the first tier of the risk assessment, so mistakes are commonly made. While
this shortcoming has been recognised a long time ago, the inclusion of new risk approaches
that take into consideration long-term, sublethal, endocrine and population effects is met with
resistance, perhaps because the new information thus gathered cannot be easily analysed using
mathematical models. Time-dependent toxicity has made great advances in recent decades,
and yet its incorporation in risk assessment is lagging. These aspects need more attention by
risk assessors and regulators of new agrochemicals if risk assessments are to be more realistic.
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Abstract

The intent of this chapter is to provide an overview to the current thoughts and ideals
regarding the involvement of pesticides and heavy metals in the progress of breast
cancer. The history of pesticides encompasses a few millennia, but our understanding
of the pesticide action and the health consequences has only begun to develop in the
last 30-40 years. Interestingly, many of these pesticides have estrogen-like activity and
may be involved in the development of breast cancer. A new category of estrogen-like
compounds has been identified and studied in the last 30 years, the ‘metalloestrogens’.
Heavy metals, such as cadmium, which have estrogen like activity will be discussed.
Finally, we will attempt to pull together the actions of pesticides and metalloestrogens
as a possible synergistic mechanism by which these toxins may work to promote
breast cancer development.

Keywords: organochlorines, pesticides, heavy metals, breast cancer

1. Introduction

Agriculture chemicals, otherwise referred to as “agrochemicals, ” are a large family of
chemicals that cover many pest issues associated with farming. For nearly 5, 000 years, crops
have been protected by some form of “pesticide.” Some of the earliest recorded use of
“pesticides” was nearly 5, 000 years ago and involved the use of sulfur dusting in the area of
modern-day Iraq and surrounding lands. Ancient Sanskrit hymns (Rigveda) allude to the use
of various plant-derived compounds, some of which are poisonous, that can be applied to
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crops, killing insects yet leaving the crops intact – the first insecticides [1]. There was little
advancement in the field of pesticides for thousands of years. In the 1400s, the use of chemicals
was tried by farmers to kill various crop-related insects. In most cases, the active ingredient of
these chemicals was rooted in the actions of heavy metals (arsenic, mercury, and lead). Two
hundred years later, the alkaloid, nicotine, was being investigated as a potential agent to
eliminate insects from crops. The utility of nicotine prompted additional investigation into the
use of natural products as insecticide/pesticide agents. Interestingly, two of the compounds
which were developed, pyrethrum and rotenone, are still used today experimentally for
various research-related purposes. The use of arsenic-based compounds prevailed for
hundreds of years until the mid-1900s as not only agents for pest prevention, but also for
poisonings [2]. A shift in the pesticide industry began to occur in the early- to mid-1900s. This
began with the identification of dichlorodiphenyltrichloroethane (DDT) as a potent insecticide.
DDT was originally developed 75 years earlier, but it was not until nearly 1940 when Dr. Paul
Müller discovered that DDT was a very effective insecticide (later being awarded the Nobel
Prize in Physiology or Medicine in 1948 for this discovery). Pesticides that contained chlorine
were initially referred to as “organochlorines, ” with DDT being considered the prototype
organochlorine, which many subsequent agents were based on. Very quickly, considering the
timeline of pesticide development and use over thousands of years, organochlorine pesticides
were banned in the United States and replaced by newer pesticide derivatives. By substituting
a phosphate for chlorine, the “organophosphate” class of pesticides was developed. In
addition, the carbamates class was also developed and the organophosphates and carbamates
effectively replaced organochlorine pesticides by 1975. Since then, pyrethrin compounds have
become the dominant insecticide. Herbicides became common in the 1960s, led by “triazine
and other nitrogen-based compounds, carboxylic acids such as 2, 4-dichlorophenoxyacetic
acid, and glyphosate” [2].

In general, these pesticides can broadly include compounds/chemicals that can kill insects,
invasive plants, invasive other organisms – generally anything that will kill pests that damage
farmland. The drawback to the use of these chemicals is that they are all toxic and in most cases
can enter the groundwater, or the food chain. Even if handled and stored properly, the chance
of accidental exposure is greatest for those who live closer to the areas being treated. Normally,
the release of toxic/dangerous chemicals into the environment is tightly regulated and
controlled. The one unique aspect of pesticide use is that these are highly toxic chemicals and
are voluntarily applied in the environment. By definition, a pesticide is a compound/chemical
that will kill a variety of pests and the more specific name will indicate what is being killed,
such as herbicides (weeds), fungicides (fungi), insecticides (insects), rodenticides (rodents),
etc. In many instances, we can generalize and simply refer to any of these agents as a pesticide.
Because of their widespread use, ease of accessibility, and, in some instances, low cost, the
impact of pesticides on the environment has become profound and significant. This impact is
no longer confined to agricultural fields, but can also include, homes, businesses, academic
institutions, and some areas otherwise believed to be protected. The link between pesticides
and cancer has long been a concern. Besides low-level accidental exposure, large-scale
contamination can occur when there are industrial accidents or waste dumping of large
quantities of raw agrochemicals. The production of agrochemicals is still big business, with
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the top producers reporting revenue of nearly $15 billion in 2013. Yet, in 2005 it was reported
that the economic impact on pesticide use in the United States was nearly $10 billion [3]. These
studies broke down the pesticide cost on U.S. economy as follows: $1.1 billion for public health,
$1.5 billion for pesticide resistance, $1.4 billion crop losses due to pesticides, $2.2 billion in
avian losses, $2 billion in groundwater contamination. The ratio of dollars spent on pesticides
to dollars for crops saved is about 1:4 [4]. This ratio is essentially a return on an investment.
You can expect nearly a fourfold return on your expenditures due to increased crop yield (due
to reduced pest burden). A return this large is a significant benefit to the growers who can
grow a more diverse annual crop, and will generate more crop output on an annual basis. This
increased ability to generate goods would translate into a benefit for the consumer [5].
Alternatives to pesticide use have been explored and are currently being developed. Some of
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understood that there are multiple factors that underlie the pathogenesis of breast cancer,
either invasive or noninvasive. Key factors include 1) genetic predisposition, 2) environmental
factors, and 3) lifestyle. None of the factors are exclusive, but rather inclusive of each other.
Studies have demonstrated that there are numerous synthetic chemicals that can mimic the
actions of estrogen. Exposure to estrogen-like compounds can come from many sources,
including cosmetics and other household items [6]. Not all are detrimental, such as the
phytoestrogens which are derived from plant sources. But there are compounds referred to as
xenoestrogens, or “endocrine disruptors.” Regardless, they include numerous pesticides,
including the broad class of organochlorine pesticides. These compounds have demonstrated
adverse medical outcomes [7]. In addition, there are certain metals which are found in the
environment that have displayed estrogenic activity [8]. Cadmium-based chemicals have been
shown to be highly toxic and carcinogenic [9]. Ultimately, the goal for treatment and improved
prognosis is the development of compounds which can counteract, or reverse, the effects seen
after exposure to these xenoestrogen environmental contaminants. Many of the available
compounds focus on estrogen-dependent tumors and the response to these drugs is favorable.
But tumors lacking the estrogen receptor respond poorly to current treatments. The literature
is lacking detailed studies on the coexposure of OCPs and metals and how these complex
exposures may alter tumor development. Recent studies and reviews have only begun to shed
light on this situation [10, 11].

The prefix “xeno” refers to something with a different origin. Therefore, the term xenoestrogen
is a form of our endogenous estrogen hormone that imitates estrogen but comes from a
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nonbody source. Xenoestrogens are also called “environmental hormones” or “endocrine
disrupting compounds” (EDC). These forms of estrogen may be clinically significant because
they can mimic the effects of endogenous estrogen and have been theorized to be involved in
numerous pathologies. Xenoestrogens can be either synthetic or natural chemical compounds.
Synthetic xenoestrogens are widely used industrial compounds (Table 1), such as PCBs, BPA,
and phthalates, which have estrogenic effects on a living organism even though they differ
chemically from the normal estrogenic hormones (estradiol, estriol, estrone). Naturally
occurring xenoestrogens include plant-derived phytoestrogens. Because the primary route of
exposure to these compounds is by consumption of phytoestrogenic plants, they are sometimes
called “dietary estrogens.” Mycoestrogens, estrogenic substances from fungi, are another type
of xenoestrogen that are also considered mycotoxins. An increasing amount of xenoestrogenic
compounds have been deposited into the environment over the last century. The potential
ecological and human health impact of environmental xenoestrogens has been of increasing
concern over the last 20-30 years.

Xenoestrogens have been implicated in a variety of medical pathologies, and over the last
decade numerous studies have found evidence of adverse effects on human and animal health
[12-15]. There is a concern that xenoestrogens may act as false messengers and disrupt the
process of puberty and reproduction. The induction of cytochrome P450 isozyme, CYP1A, has
been established to be a good bioindicator for xenoestrogen exposure. Another potential effect
of xenoestrogens is on oncogenes, specifically in relation to breast cancer. The impact of
xenoestrogens on breast tumor growth has been equivocal, leading to some speculation that
these agents may not be involved in breast cancer progression. It does appear to depend on
the form of cancer and the type of xenoestrogen exposure. However, there is growing evidence
that xenoestrogens can increase breast cancer growth in tissue culture. One complication in
drawing an accurate conclusion is that many studies have simply examined high concentra‐
tions/doses in short exposure periods. In most situations, exposures in this fashion would not
occur unless exposed in a manufacturing or industrial setting. Also, the majority of the
population will not be exposed to singular compounds. There will be “cocktails” of sorts,
mixtures of many different xenochemicals with exposures to pesticides as well as heavy metals
being likely. Additional work needs to be done before more accurate conclusions can be drawn
regarding the effects of either the xenoestrogens or metalloestrogens (a form of xenoestrogen).

Estrogenic Class Subclass Representative Compounds

Phytoestrogens

Flavanones

Hesperetin
Naringenin
Liquiritigenin
Pinocembrin

Flavones
Acacetin
7, 8-dihydroxyflavone
Mirificin

Prenylflavonoids
8-Prenylnaringenin
6-Prenylnaringenin
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Estrogenic Class Subclass Representative Compounds

8-Geranylnaringenin
6, 8-Diprenylnaringenin
Icaritin

Isoflavones

Daidzein
Daidzin
Genistein
Genistin

Glycitein
Ononin
Pruentin
Formononetin

Peurarin
Tectorigenin
Biochanin A

Isoflavanes
Equol (S-Equol)
Glabridin

Dihydrochalcones
Phloretin
Phlorizin

Coumestans

Coumestan
Coumestrol
Desmethylwedelolactone
Wedelolactone

Lignans
Enterodiol
Enterolactone

Flavonolignans
Silybin
Cinchonain – Ib

Flavonols Quercetin

Others

Deoxymiroestrol
Miroestrol
Resveratrol
α-Isosparteine

Mycoestrogens

Zearalanone
Zearalenone
α-Zearalanol
α-Zearalenol

Synthetic

4-MBC
Alkylphenols
Atrazine
BHA
BPA

DDE
DDT
Dieldrin
Dioxins
Endosulfan

Erythrosine
Heptachlor
Lindane
Methoxychlor
Parabens

PBB
PCB
Phthalates
Propyl gallate

Metalloestrogens

Aluminum
Antimony
Arsenite
Barium
Cadmium

Chromium (II)
Cobalt
Copper
Lead
Mercury

Nickel
Selenite
Tin
vanadate

4-MBC - 4-Methylbenzylidene camphor; BHA - Butylated hydroxyanisole; BPA - Bisphenol A; PBB - polybrominated
biphenyl; PCB - polychlorinated biphenyl

Table 1. Grouping of xenoestrogens into four major classes
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Below is additional description of synthetic xenoestrogens and their current use [16-18].

• Atrazine: widely used as a herbicide to control broad-leaf weed species and is the second
largest seller in the United States. Atrazine is also applied to Christmas trees, lawns, golf
courses, and other recreational areas.

• BPA (Bisphenol A): monomer used to manufacture polycarbonate plastic and epoxy resins
used as a lining in most food and beverage cans in excess of 6.4 billion lbs/year. BPA can
hydrolyze and the leaching of BPA has led to widespread human exposure.

• DDT (Dichlorodiphenyltrichloroethane): banned in 1972 due to its hazardous effects on the
environment, it continues to be used in many parts of the world. DDT and its metabolites
DDE and DDD are persistent in the environment and accumulate in fatty tissues.

• Dioxin: released during combustion processes, pesticide manufacturing, and chlorine
bleaching of wood pulp. Consumption of animal fats is thought to be the primary pathway
for human exposure.

• Endosulfan: is an insecticide used on numerous vegetables, fruits, cereal grains, and trees.
Human exposure occurs through food consumption or ground and surface water contam‐
ination.

• PBB (Polybrominated biphenyls): used in computer monitors, televisions, textiles, and
plastics foams to make them more difficult to burn. Production stopped in the mid-1970s,
but due to the very slow degradation, PBBs can still be detected in moderate concentrations
in the environment.

• PCBs (Polychlorinated biphenyls): also known as chlorinated hydrocarbons. PCBs were
used as insulating fluids and coolants. PCBs were banned in 1979 but like DDT continue to
persist in the environment.

• Phthalates: plasticizers which increase durability and flexibility to plastics. Both high and
low molecular weight phthalates are used in a variety of consumer products which can
include perfumes, lotions, cosmetics, varnishes, lacquers, and coatings including timed
releases in pharmaceuticals.

• Zeranol: anabolic growth promoter for livestock, banned in Europe, but still present as a
contaminant.

• There are over 25 other miscellaneous xenoestrogens that range from banned insecticides
that may still be stored onsite [DDT, Dieldrin, endosulfan, methoxychlor], to “normal”
household products like 4-methylbenzylidene [suntan lotion], to estrogen compounds like
ethinylestradiol [birth control pills] plus a host of others. Collectively, even in small
concentrations, these agents may have localized significant effects.

2. Pesticides

What is a pesticide? As defined by the Food and Agriculture Organization of the United
Nations, a pesticide is: “any substance or mixture of substances intended for preventing, destroying
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or controlling any pest, including vectors of human or animal disease, unwanted species of plants or
animals causing harm during or otherwise interfering with the production, processing, storage,
transport or marketing of food, agricultural commodities, wood and wood products or animal feedstuffs,
or substances which may be administered to animals for the control of insects, arachnids or other pests
in or on their bodies” [FAO, http://www.fao.org/docrep/x1531e/X1531e02.htm]. By definition,
classification of a pesticide is an exceptionally broad term and encompasses a multitude of
different commercial and/or private uses. Due to the diverse nature of pesticides, they have
been linked to a wide range of human health issues. The role of pesticides in the development
of cancers, alterations in reproduction, as well as an array of symptomologies associated with
acute, or short-term, exposures.

Comparison between short-term (acute) and long-term (chronic) exposure:

• Acute exposure: General irritation to the contact areas such as skin and eyes. If absorbed or
inhaled, there may be peripheral nerve damage (neuropathies), or potential effects on the
brain, which will result in headaches, dizziness, and fatigue. Exposure to significantly large
quantities of a pesticide may result in a systemic poisoning that results in generalized organ
failure and, potentially, death.

• Chronic exposure: Chronic exposure is occasionally the most difficult to diagnose and
assess. Especially if the individual was exposed to low levels of the pesticide. Initially, there
may be no symptomology, or visible signs that a person was exposed. With a slow degen‐
eration of a particular physiological response, symptoms can become visible weeks, months,
or even years after the exposure has ended. In some instances, pesticides that have been
shown to bioaccumulate, can concentrate within the body and over time will elicit a toxic
response. Pesticides can cause many types of cancer in humans. Some of the most prevalent
forms include leukemia, non-Hodgkin’s lymphoma, brain, bone, and breast, ovarian,
prostate, testicular, and liver cancers.

Since the 1980s, increasing amounts of data have indicated there are both direct and indirect
roles for pesticides in the disruption of the mammalian endocrine system. Alterations in
normal homeostatic endocrine functioning due to pesticide exposure occurring from fetal
development through adulthood can affect the delicate balance of hormonal systems involved
with normal development. Within the larger universe of pesticides, a subset has been identified
that exhibits abilities to alter mammalian (and nonmammalian) endocrine systems. Collec‐
tively, these agents are referred to as “endocrine disruptors.” There are nonpesticide chemicals
that are included on this list, such as the metalloestrogens, but pesticides on the list of endocrine
disruptors include DDT, lindane, parathion, plus a multiple of others that are chemically and
structurally similar.

The young and elderly are particularly sensitive to the actions of pesticides. In particular,
children under the age of 15 exhibit significant risk due to the continuing development of the
central nervous system. In addition, the child’s developing respiratory, gastrointestinal,
hepatic systems can be likely targets for pesticide toxicity. Compounding the potential problem
is the child’s close proximity to where the pesticides are located. In most cases, pesticide storage
will be at ground level. Also, application of pesticides to crops, plants, grasses, etc., puts the
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pesticide at locations where the child may physically come into contact with the pesticide
through normal activities. This potential elevated risk factor, coupled with the child’s inability
to eliminate or neutralize the pesticide can result in numerous physiological deficits observed
during development, suggesting that children are suffering disproportionately from the
impact of pesticide exposure.

Pesticides can be classified by target organism (herbs/weeds, insects, fungi, rodents), chemical
structure (organic, inorganic, synthetic, or biological/biopesticides), and physical state
(powder, solid, liquid or gaseous). Plant-derived pesticides, or “botanicals, ” have been
developing rapidly. These include the pyrethroids (plant-derived pesticides), rotenoids,
nicotinoids, and a fourth group that includes strychnine/scilliroside. The broad classes of
chemical pesticides can include:

1. Organophosphates (OPs): affect the nervous system by disrupting the enzyme acetylcho‐
linesterase, which is responsible for the breakdown, or degradation, of acetylcholine.
Inhibition of this enzyme will lead to increased parasympathetic tone, due to increased
activity at both muscarinic and nicotinic cholinergic receptors. They were developed
during the early 19th century, but their effects on insects, which are similar to their effects
on humans, were discovered in 1932. Some are very poisonous. Individuals exposed to
high levels of OPs can develop what is referred to as “acute cholinergic syndrome, ” which
is characterized by a variety of symptoms including rhinorrhea, salivation, lachrymation,
tachycardia, headache, convulsions, and death [19]. However, they usually are not
persistent in the environment so the threat of bioaccumulation is not as great compared
to organochlorine pesticides. The more toxic organophosphates have been replaced by
the less-toxic carbamates.

2. Carbamates: affect the nervous system by disrupting the enzyme acetylcholinesterase,
which is responsible for the breakdown, or degradation, of acetylcholine. Inhibition of
this enzyme will lead to increased parasympathetic tone, due to increased activity at both
muscarinic and nicotinic cholinergic receptors. The enzyme effects are usually reversible.
There are several subgroups within the carbamates family including the thiocarbamate
and dithiocarbamate subclasses.

3. Organochlorines: A major physiological action of organochlorines is the disruption of the
sodium/potassium balance of the nerve fiber. Altering the resting membrane potential
may have two effects; one of which is the ability to turn an excitable cell into the “on”
position. In the instance of organochlorine compounds, that results in constant action
potentials traveling down the nerve pathways. In general, the organochlorine group has
a wide range of toxicities with some agents being relatively nontoxic, yet other compounds
eliciting a high level of toxicity and cellular damage. Collectively, the ban on organo‐
chlorines is near universal, due to the fact that these agents can persist in the environment
for significant lengths of time.

4. Pyrethroid: They were developed as a synthetic version of the naturally occurring
pesticide pyrethrin, which is found in chrysanthemums. They have been modified to
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increase their stability in the environment. Some synthetic pyrethroids are toxic to the
nervous system.

5. Sulfonylureas: The sulfonylurea class prototype was originally developed and used to
treat Type II Diabetes, but many of the analogs in the sulfonylurea family can be found
commercially available to control weeds. Most of the sulfonylurea agents are broad
spectrum and work by inhibiting the enzyme acetolactate synthase which is vital for weed
growth. The sulfonylureas are generally safer to humans compared to the other classes of
agents, and only a fraction of the sulfonylurea agent is needed compared to other
herbicides. Due to the highly toxic nature of many of these compounds, most have been
discontinued in the United States, yet, there are significant stock piles that are in need of
disposal, or are still extensively used outside of the United States. For this chapter, most
of the discussion will focus on the actions of the organophosphate and organochlorine
agents.

Chlorpyrifos: CSID:2629, http://www.chemspider.com/Chemical-Structure.2629.html (accessed 19:43, Feb 6, 2015)
β-Estradiol: CSID:5554, http://www.chemspider.com/Chemical-Structure.5554.html (accessed 19:47, Feb 6, 2015)
Toxaphene: CSID:66611, http://www.chemspider.com/Chemical-Structure.66611.html (accessed 19:48, Feb 6, 2015)
Endosulfan: CSID:3111, http://www.chemspider.com/Chemical-Structure.3111.html (accessed 19:49, Feb 6, 2015)
Dieldrin: CSID:10292746, http://www.chemspider.com/Chemical-Structure.10292746.html (accessed 19:51, Feb 6, 2015)
DDT: CSID:2928, http://www.chemspider.com/Chemical-Structure.2928.html (accessed 19:53, Feb 6, 2015)

Figure 1. Chemical construction comparison between β-estradiol and pesticides with known or suspected estrogenic
activity. Figures all obtained from ChemSpider [www.chemspider.com]

2.1. Environmental impact

In addition to the desired effects of pesticides, such as killing invasive weeds, crop-damaging
insects, etc., most pesticides have demonstrated the ability to persist in the environment for
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extended periods of time. Ground applications can result in a leaching effect into the ground‐
water, and eventually into the water supply. These agents are accumulated and concentrate
in the sediment found in lakes, rivers, and streams. This allows introduction into the food chain
when ingested by fish. This cycle can then continue in a forward-moving manner. These
characteristics of pesticides have made the assessment of the environmental impact very
difficult. Years, even decades, after discontinuing the use of a particular pesticide, it may still
be detected in the environment at levels that could pose a direct risk to humans or other
mammals. There are also potential indirect risks associated with pesticide bioaccumulation.
High levels of toxic pesticides can damage the soil, alter the quality of the soil, and potentially
reduce crop yield or quality. By impacting food production, certain pesticides may elicit
detrimental effects, both direct and indirect, for significant periods of time.

There are thousands of chemicals that are available, yet only a few hundred have undergone
toxicity testing. Legislation has been recently introduced to update the Toxic Substance Control
Act and increase the testing of these chemicals. The Environmental Protection Agency has
published its list of pesticide active ingredients that are to be screened under the Federal Food,
Drug and Cosmetic Act [20]. This final list only contains 67 compounds that are considered
either active or inert ingredients in pesticide preparations – a number that falls significantly
short of the total number of compounds that are currently available. Accompanying this lack
of information is the uncertainty as to whether chemicals can be causative agents in the
development of breast cancer [21]. The broad class of organochlorine compounds includes
organochlorine pesticides (OCPs). Although most OCPs have been banned from use in the
United States, with dichlorodiphenyltrichloroethane (DDT) being the prototype compound in
this class, there are a few still in use. Endosulfan has been linked to numerous pathologies,
and is in the process of being phased out by 2016. Lindane and Dicofol are still used in the
United States. Although the number of OCPs is dwindling, there is still the potential that stored
OCPs may be used. In addition, OCPs have been shown to persist for extended periods of time
in the environment [22] and in the body [23, 24]. Collectively, these data would suggest that
OCPs may be a persistent health risk for decades to come with regard to long-term toxicity.
Synthetic organochlorine agents can be used in the production of plastic (polyvinyl chloride,
PVC), chloromethanes (solvents – carbon tetrachloride; and anesthetics – chloroform),
insulators (polychlorinated biphenyls – PCBs) on electrical wire, but these have been phased
out. You may still find PCBs in older homes, thus still making PCBs a potential risk factor.
With the increased production of hazardous chemicals like heavy metals for other industrial
uses as well as the production of these compounds as by-products of industrial processing has
created a series of unique challenges for the disposal of these compounds. A variety of heavy
metal combinations that were released into waste effluent has demonstrated a synergistic
lethality on aquatic organisms [25]. Based on this synergism, the conventional mechanisms of
determining lethality (LD50, etc.) may not be accurate. Reductions in toxin content to 1/3 or
1/6 of LD50 for a single toxin may not be a large enough dilution to adequately reduce toxicity
in aquatic environments [25]. There have been numerous reports of contamination worldwide,
land-based and aquatic-based in the food chain. In the United States, marine mammals near
Alaska (walrus, beluga whale, bowhead whale, and rigged seal) have shown increased levels
of a variety of toxins such as DDT, PCBs, mercury, and cadmium [26]. In addition, chlordane
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United States. Although the number of OCPs is dwindling, there is still the potential that stored
OCPs may be used. In addition, OCPs have been shown to persist for extended periods of time
in the environment [22] and in the body [23, 24]. Collectively, these data would suggest that
OCPs may be a persistent health risk for decades to come with regard to long-term toxicity.
Synthetic organochlorine agents can be used in the production of plastic (polyvinyl chloride,
PVC), chloromethanes (solvents – carbon tetrachloride; and anesthetics – chloroform),
insulators (polychlorinated biphenyls – PCBs) on electrical wire, but these have been phased
out. You may still find PCBs in older homes, thus still making PCBs a potential risk factor.
With the increased production of hazardous chemicals like heavy metals for other industrial
uses as well as the production of these compounds as by-products of industrial processing has
created a series of unique challenges for the disposal of these compounds. A variety of heavy
metal combinations that were released into waste effluent has demonstrated a synergistic
lethality on aquatic organisms [25]. Based on this synergism, the conventional mechanisms of
determining lethality (LD50, etc.) may not be accurate. Reductions in toxin content to 1/3 or
1/6 of LD50 for a single toxin may not be a large enough dilution to adequately reduce toxicity
in aquatic environments [25]. There have been numerous reports of contamination worldwide,
land-based and aquatic-based in the food chain. In the United States, marine mammals near
Alaska (walrus, beluga whale, bowhead whale, and rigged seal) have shown increased levels
of a variety of toxins such as DDT, PCBs, mercury, and cadmium [26]. In addition, chlordane
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and toxaphene have been detected in increasing concentrations. The elevations in these
compounds, and their estrogenic nature, may interfere with the reproduction of these species,
thereby endangering their future. A combination of pesticides and heavy metals has been
shown to induce larval abnormalities in Pacific oysters, reducing their ability to grow and
proliferate. A trend, if allowed to continue, will result in the loss of this oyster species perma‐
nently. On the east coast of the United States, elevated levels of organochlorine pesticides,
PAHs, and heavy metals have been found in oysters collected in the marshland [27]. These
agents will then enter the food chain and be consumed by other animals or humans further
bioaccumulating. Elevated levels of organochlorine pesticides and heavy metals have been
found in a species of eel off the coast of Belgium [28]. A variety of edible species in China have
been reported to have elevated levels of organochlorine pesticides and heavy metals [29]. Other
reports have substantiated these findings and extended them to other parts of the globe [30,
31]. Organochlorine pesticides and heavy metals have become a significant worldwide hazard
contaminating numerous species of marine life, posing a threat to the survival of that species
as well as becoming an increasingly significant threat for entering the general human popu‐
lation through their consumption. As a result, increased vigilance needs to be implemented to
prevent the loss of these species and the further contamination of the human population.

Increased incidence of contamination is not confined to the aquatic environment. Over the past
two decades, there has been an increased awareness of potentially toxic compounds entering
the food chain. This could be through the spraying of pesticides to maintain crop integrity, or
through groundwater contamination following industrial contamination. The presence of
pesticides, hormones, food additives, and other chemicals has increased the public’s concern
over the status of their food supply. Food safety is a major public concern worldwide and food
consumption has been identified as the major pathway for human exposure to certain
environmental contaminants. “Chemophobia” (the fear of chemicals in foods) is the major
reason for individuals to choose organic food – believing that these types of foods would be
free of synthetic pesticides. Generally, organic farms avoid the use of chemically derived
pesticides, fertilizers, and other additives, but instead favor more “natural” means of removing
pests and improving crop yield. Many believe that “organically” grown crops are “better”
health-wise. In some instances, this is the case, but even without some of the usual additives,
there is an increased contamination when contaminated groundwater is used for irrigation
[32]. Even with the differing farming systems, and the public’s perception that organically
grown foods are healthier, increased surveillance and screening must be done to monitor the
amount of potentially harmful chemicals that are being ingested on a daily basis [33]. In
Europe, a continent-wide study involving the World Health Organization found that there
were dangerous levels of pesticides and heavy metals in foods which were previously believed
to be safe [34]. The major difficultly in analyzing field samples for contamination is that
multiple other chemicals and compounds can be identified. The complexity of these chemical–
chemical interactions within a biological system cannot be understated. It is the complexity of
these interactions which obscure the ability to definitely determine and predict the effect of
the sample on a biological system. Mansour and Gad [35] have developed an ecological testing
system using Daphnia magna Straus, which can be performed rapidly and easily by a field
technician. One advantage is that it will test the entire sample, without regard for the number
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of contaminants. It can also be performed without large-scale and expensive equipment. The
drawback is that the individual toxin cannot be distinguished [35].

Over-the-counter “natural products”, herbal preparations that have reported therapeutic
benefits, including herbal medicine such as Saint John’s Wort, Ginseng, Gingko, etc. generate
significant revenues and their use is increasing, especially in the United States [36, 37].
Spending on these natural products in the United States has more than doubled in the last 10
years to nearly $15 billion in sales [37]. One group reported in the late 1990s that some natural
products such as curcumin and isoflavonoids can act as an estrogen receptor antagonist and
block the effects of estrogen overstimulation [38]. They found that phytoestrogen-related
compounds significantly attenuated the effects seen following exposure to the pesticide DDT,
and the pollutants 4-nonylphenol and 4-octylphenol [38]. Several studies have shown that
Chinese herbal medicines and other botanical supplements may be contaminated with heavy
metals, and in some cases at toxic levels [39-41]. There are differences between the preparations
of natural medicines. There is the “raw” form – which usually will take the form of the root,
nut, bean, etc. Most concern has been directed toward proprietary blends. At this time, it is
believed that the external toxins are introduced [42]. Interestingly, some known toxins, such
as arsenic and other forms of the arsenicals, lead and mercury, are intentionally added for their
purported medical value [43-45]. Contrary to public perception, heavy metals have been
detected in raw preparations and, in fact, some species of plants are known to concentrate
(bioaccumulate) heavy metals [42]. Heavy metal contamination has also been found in some
supplements sold in the United States, but at levels that were not deemed to be hazardous [46].
Since most over-the-counter preparations and those sold over the Internet, fall under the
category of “supplement, ” there are no extensive guidelines for the limits of heavy metals and
pesticides that can be contained in the preparations. Collectively, it appears that consumption
of certain phytoestrogens may have a therapeutic benefit in ameliorating the effects observed
following exposure to some pesticides and/or environmental toxins, but with some possible
contamination hazard of their own. Although the levels of pesticides and heavy metals that
would be ingested by consuming raw, or formulated, herbal preparations would be low in the
vast majority of the preparations, care must be used and stringent monitoring must be utilized
to prevent accidental intoxication of individuals who are ingesting over-the-counter herbal
preparations.

2.2. Pesticides and the link to cancer

While agriculture has traditionally been tied to pesticide-related illnesses, over half of the
commonly used pesticides are linked to cancer. The true burden of environmentally induced
cancer is greatly underestimated. Chemicals can trigger cancer in a variety of ways, including
disrupting hormones, damaging DNA, inflaming tissues, and turning genes on or off. Many
pesticides are known to cause cancer, and virtually everyone in the United States is exposed
to them on a daily basis. In animal studies, many pesticides are carcinogenic (e.g., organo‐
chlorine, creosote, and sulfallate), while others (notably, the organochlorine agents DDT,
chlordane, and lindane) are tumor promoters. Some contaminants, such as arsenical com‐
pounds, in commercial pesticide formulations also may pose a carcinogenic risk. In humans,
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arsenic compounds and certain insecticides used occupationally have been classified as
carcinogens with organochlorine insecticides being linked with cancers of the lung and breast
[47]. With the development of new technologies, the casual association of pesticides with
cancer has been strengthened. Most of the human studies have involved retrospective studies
examining the incidence of particular cancers like breast cancer and their exposure to pesti‐
cides. Now, there is a great deal of research and focus on the identification of biomarkers that
can be used to identify these associations between pesticides and cancer. One technology that
may be invaluable for biomarker development will be the use of toxicoproteomic-based data
[48]. Regardless of the direction that the technology takes us in the future, there is a significant
amount of work that still needs to be done to more fully understand how pesticides can be
affecting the development of breast cancer as well as other chronic human disorders [49].

Farmers in many countries, including the United States, have lower overall death rates and
cancer rates than the general population. Although death rates may be lower, in-depth analysis
of the incidence of specific diseases (cancer) indicate that there may be a higher rate of certain
cancers among farmers and agricultural workers. Additional work attempting to correlate the
types of disease with the chemical exposure has not been unequivocal and there have been
many conflicting reports either supporting or refuting the cancer–pesticide link. Similar to
what was discussed earlier, the developing young, from fetus to mid-teen, are some of the
highest risk groups for disease resulting from pesticide exposure. Young females who may be
exposed to an endocrine disrupting agent (such as DDT) have been reported to have a higher
incidence of breast cancer compared to populations which were not exposed. Interestingly,
this same risk exists if the parents are exposed prior to conception, suggesting that either the
pesticide, or changes in the maternal system, can be passed onto the fetus. Collectively, these
rural populations of agricultural works and their families tend to be exposed at a higher rate
and at higher concentrations than the general population, and as such may experience a higher
incidence of particular cancers (breast) than the general population [6].

Yet, to say that there is a significant correlation between pesticide exposure and breast cancer
incidence would be an overstatement. Retrospective studies have yielded conflicting results.
Most of the studies recognize shortcomings, such as small population size, difficulty in
assessing pesticide exposure, and correlating blood pesticide levels to the progression of breast
cancer. Pesticides that had widespread use, and were widely popular and commercially
available, DDT, DDE, and dieldrin, are the best examined. Since many of these pesticides have
exhibited severe health-related adverse effects, older pesticides have been banned, or their use
restricted. Yet, due to bioaccumulation, persistence in the environment, and the need to dispose
of older stockpiles, they remain an environmental and health concern. As the conflicting
evidence has come forward, it appears that one factor that may be important for the toxicity
to DDT/DDE/dieldrin is ethnic background. This suggests that genetic polymorphisms
between ethnic groups may predispose individuals to cancer risk [50]. A post hoc meta-
analysis by Ingber et al. [51] concluded that there was no definite correlation between
DDT/DDE exposure and breast cancer. This was done via a PubMed and Web of Science search
of nearly 500 cases. Although there were slight elevations in the levels of DDT and the incidence
of breast cancer, none of their correlations were statistically significant. Of course, the analysis
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may have missed some ethnic groups or other populations where a positive correlation existed,
but offers a strong conclusion that these compounds alone may not be enough to promote
breast cancer development. In an Indian population from Jaipur, women with higher levels of
DDT and its metabolites, dieldrin and heptachlor, were correlated with the incidence of breast
cancer [52]. A study examining woman of Caribbean descent aimed to correlate pesticide
exposure with the incidence of both prostate and breast cancer. Due to relatively high orga‐
nochlorine pesticide use on the island of Martinique, and what appeared to be an elevated
frequency of prostate and breast cancers, the study intended to draw a correlation between
pesticide exposure and cancer. They report that there is a positive correlation in the exposure
to pesticides and the incidence of breast cancer [53]. Contrary to these studies, research into
the causal relationship between pesticides and breast cancer in the United States has not been
as convincing and in some instances mixed [50]. An east coast study examined a population
of women from Long Island, New York, and found that there was some evidence for a positive
correlation between exposure and cancer. It was not a strong correlation, and involved other
factors, but would warrant further investigation [54]. Yet a west coast study, the “California
Teachers Study” cohort showed no correlation between pesticide exposure and the incidence
of breast cancer [55]. Clearly, there is a need to correlate all of the different factors involved in
the pathogenesis of breast cancer with the exposure to suspected carcinogens.

It has been known for some time that select pesticides interfered with the action of estrogen.
This term was loosely referred to as an “Endocrine Disruptor.” This category has since been
expanded to include many items such as detergents, disinfectants, plastics, and an increasing
number of pesticides. There are three main actions of an endocrine disruptor. First, the
pesticide can mimic the actions of estrogen (or testosterone), thereby causing an increase in
estrogen-related physiological responses. Second, the pesticide can act like an antagonist and
block the actions of estrogen at its receptors. This will prevent the normal physiological
responses associated with estrogen stimulation of its receptor. Third, the pesticide may have
a broader effect and interfere with the synthesis, transport, metabolism, or elimination of
estrogen. This may have a variable effect with either an increase or decrease in estrogenic
effects being observed. Regardless, the normal homeostasis of the system will be disrupted.

Of the broad classes of pesticide – the organochlorine class has been the most extensively
studied and has shown to be the most potent as an endocrine disruptor. In the 1990s, studies
were done in cell culture model systems which demonstrated that organochlorine pesticides
were more potent at activating the estrogen receptor, whereas organophosphorus pesticides
were relatively ineffective at modifying estrogen receptor activity [56]. Although the focus of
this chapter is breast cancer, other sites of estrogen activity, such as the uterus, also demon‐
strated that organochlorine pesticides can stimulate receptors on the uterus leading to the
development of uterine leiomyoma [57]. The preponderance of data has focused on the ability
of these compounds to act directly on estrogen receptors. Initial screening, if originally
negative for estrogen receptor activity, does not necessarily mean that organochlorine
pesticides are devoid of cancer-stimulating properties. There are indirect mechanisms by
which pesticides can influence the proliferation and function of breast tissue. One possible
indirect mechanism can be through the binding to tubulin and arrest of the G2/M cycle [58].
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A recent study [59] has substantiated the ability of pesticides to influence cellular proliferation.
Ventura et al. [59] demonstrated that chlorpyrifos induces a redox imbalance altering the
antioxidant defense system and inhibition of cellular proliferation of ERK1/2 phosphorylation.
They concluded that the effect on ERK1/2 phosphorylation was not a direct effect but an
indirect effect as a result of the changes in the redox state of the cell. Also, most exposures will
involve mixtures of compounds. Recent work has begun to explore these effects of mixtures
on proliferation of breast tissue. In addition to direct effects of the constituents on the estrogen
receptor, the mixtures may also interfere with cellular proliferation [60], inhibition of androgen
activity [60], and the upregulation of protein kinase genes associated with tumor development
[61]. Not all effects on breast cancer cells are mediated by the genomic actions of estrogen
receptors. Activation of CaMKIV pathways is structure-dependent, with estrogen being the
most potent activator [62]. Similar results were observed with the activation of PI3-K, MAPK,
and PKC. Select phytoestrogens such as resveratrol displayed minimal activity [62]. This
would suggest that there is a structural requirement for non-estrogen compounds to elicit
effects on intracellular kinase systems. Collectively, the summation of these effects would have
a detrimental on cellular function.

The majority of the data in the literature has examined the effects of pesticides on either the
estrogen α or β receptor (ERα or ERβ). Structurally, these pesticides can be highly diverse with
little resemblance to β-estradiol, the most potent of the various forms of the estrogen hormone
(estrone and estriol being the other two). Yet, even with these structural disparities, the
pesticides can still function as an endocrine disruptor. In the mid-1990s it was reported that
methoxychlor and DDT bound to estrogen receptors and that it was potentially through this
action that binding to estrogen receptors in the fetal brain, neural development was altered
and as a result, the territorial behavior in male mice was affected [63]. This substantiated an
earlier report using cell cultures that pesticides such as DDT, chlordecone and toxaphene
stimulated estrogen receptors endogenously expressed in MCF-7 cells [64]. Interestingly, not
all agents stimulate the receptor, some function as antagonists. More intriguing is that some
agents are an antagonist at one subtype but an agonist at the other. It appears that the ERα is
most sensitive to the actions of a variety of compounds. Pesticide exposure in mammary cell
tumors that express both ERα and ERβ has been shown to most effectively reduce the mRNA
for ERα alone – with virtually no effect on ERβ mRNA expression (with the exception of
chlorpyrifos). These effects were reversed when estradiol was added to the incubation media
[65]. This report was further advanced by identifying prochloraz as a potential candidate for
estrogenic-like effects. In a manner similar to β-estradiol, prochloraz downregulated the
expression of both ERα and ERβ mRNA expression as well as reduce the expression of the
ERα protein itself in the MCF-7 cell line [66]. An advancement used for the screening of
compounds against actions at estrogen receptors is the use of reporter cell lines. These cells
express both ERα and ERβ mRNA, and express function ERα and ERβ receptor protein. Kojima
et al. [67] report the use of Chinese hamster ovary (CHO) cells which have been transfected
with both ERα and ERβ cDNA. They screened nearly 200 pesticides – and nearly 25% dem‐
onstrated activity at ERα receptors, with nearly 15% exerting activity on the ERβ receptor [67].
Interestingly, they screened these compounds against the expression of androgen receptors
(AR) – and their findings were that about 15 pesticides had both ER and AR activity, which
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would result in endocrine disruption in both males and females. Using HeLa cells with an
estrogen reporter luciferase vector into two cell lines one each with the ERα or ERβ constructs
permitted simultaneous screening of multiple compounds for agonistic or antagonistic activity
[68]. Several pesticides (DDT, transnonachlor, chlordane, fenvalerate, and Toxaphene) were
able to stimulate both ERα and ERβ [64, 68]. Only a few compounds demonstrated antagonistic
properties at the ERα receptor (carbaryl, pentachlorophenol, 2, 4, 5-trichlorophenoxyacetic
acid), yet significantly more pesticides were shown to be able to block the activity of the ERβ
receptor (chlordecone, methoxychlor, carbaryl, endosulfan, endrin, dieldrin, and Aldrin) [68].
The negative effects of pesticides can be offset by interactions of the anticancer agents, 4-
hydroxytamoxifen and trilostane. Both agents will block the estrogenic activity of compounds
(estrogen and pesticides) at the estrogen receptor. In addition, these compounds will tend to
downregulate protein kinase genes that were upregulated following exposure to pesticides
[69]. Resistance may develop to the actions of 4-hydroxytamoxifen, which can be overcome
with trilostane administration. In MCF-7 breast cancer cells, trilostane exposure was shown to
increase the expression of ERβ [69]. Upregulation of ERβ may then provide additional
ameliorative effects on the proliferation of breast cancer cells following the development of
tolerance to first-line therapy. Collectively, the potency of these compounds was significantly
less than that of β-estradiol, but continuous exposure to low levels of these compounds, or
multiple compounds, may result in yet unknown consequences.

In addition to screening for estrogen receptor activity, other methodologies are being devel‐
oped to further understand the actions of these endocrine disruptors. Estradiol hydroxylase
activity has been examined by numerous investigators as a potential predictor of carcinogenic
activity. In particular, estradiol 2-hydroxylase has received much attention as a potential
predictor. Yet, the results have not been clear and the interpretation of these findings has been
complicated, leading to the conclusion that estradiol 2-hyroxylase is not the best predictor of
carcinogenic activity [70]. The enzyme “aromatase” is vital for the conversion of testosterone
to β-estradiol. A logical extension would be to examine pesticides for their ability to inhibit
aromatase (or CYP19 aromatase) activity similar to estrogen [71]. Under physiological
conditions, estrogen would negatively feedback onto the aromatase enzyme reducing activity
and reducing the amount of estrogen being synthesized from testosterone. Similar to the results
observed in the estrogen receptor assays, fungicides such as prochloraz and imazalil inhibited
aromatase activity to a greater extent than 4-hydroxyandrostendione. Other pesticides did
inhibit aromatase activity but at significantly reduced efficacy and potency. Nearly 33% of the
compounds tested exhibited some form of aromatase inhibition [72]. More recently, these
findings were substantiated by Sanderson et al. [73]. They report that many of the compounds
which may exhibit weak aromatase inhibition did so at concentrations that were cytotoxic to
their cell system, R295R cells [73]. They did describe similar effects with fungicides and their
effect on inhibiting aromatase activity, but it was suggested that these effects may not be
through direct inhibition of aromatase activity, but through inhibition of phosphodiesterase
activity [73]. Changes in human CYP19 aromatase expression may then lead to a predisposition
to cancer development. One study examined a polymorphism in the CYP19 gene in a Greek
population and linked this polymorphism, the population exposure to pesticides, and the
incidence of breast cancer [74]. This study did not find a strong association between the short
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activity [73]. Changes in human CYP19 aromatase expression may then lead to a predisposition
to cancer development. One study examined a polymorphism in the CYP19 gene in a Greek
population and linked this polymorphism, the population exposure to pesticides, and the
incidence of breast cancer [74]. This study did not find a strong association between the short
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tandem repeat polymorphism, pesticide exposure, and breast cancer development. It is
obvious that there are many avenues that can be traveled for the development of breast cancer
and that many of the compounds that were viewed to be promoters of tumor formation may
in fact function through multiple pathways, and with mixtures of agents, the potential
interactions may go up exponentially. A recent report by Sitgaard-Kjeldsen et al. [75] substan‐
tiated these conclusions. Using mixtures of pesticides, they report that the observed outcomes
are mediated by alterations in ERα, ERβ, androgen receptors, and aromatase [75]. Where
understanding the effects of single compounds is important, more fully elucidating the
combined actions of pesticides on the development of breast cancer is tantamount to com‐
pletely understanding the actions of these compounds.

3. Heavy metals/metalloestrogens in the environment

Many heavy metals are naturally occurring and are used in a variety of industrial settings.
Metals cannot be created or destroyed, but can change form, altering their biological availa‐
bility and toxicity. Metals used in industry many times wind up in the food supply, ground‐
water, drinking water, and soil. Metals are found in many consumer products as well. These
metals include copper, cobalt, nickel, lead, mercury, tin, chromium, cadmium, aluminum,
vanadate (metal anion), antimony, barium, selenite, and arsenite. Cadmium is found in many
farm fertilizers and can make its way into soil and water. Some of the other main sources of
cadmium include cigarette smoke, rechargeable batteries, certain cosmetics, bread and other
cereals, potatoes, root crops, and vegetables. Cadmium is a widely distributed metal used in
manufacturing and present in a number of consumer products. It is used as a metal alloy, in
paint, batteries (Ni-Cd), pigments, metal coatings, plastics, welding, and battery manufacture.
Numerous heavy metals have been implicated in the development of a variety of cancers
(arsenic, beryllium, cadmium, nickel, and hexavalent chromium, plus others). There have been
an increasing number of studies which have shown that cadmium may facilitate breast cancer
development. Nearly two decades ago, the presence of heavy metals as a potentially toxic
addition to inorganic pesticide mixtures was addressed [76]. They report that multiple metals
such as cadmium, cobalt, copper, and zinc can be found in relatively high levels as impurities
in pesticide preparations. In other preparations, higher levels of lead, nickel, iron, and
manganese were observed [76].

Metalloestrogens are a class of inorganic xenoestrogens which can affect the gene expression
of human cells responding to estrogen. There have been numerous reviews on the subject of
heavy metals as potential endocrine disruptors or metalloestrogens [77-80]. The most exten‐
sively studied of all of the metalloestrogens is cadmium. Cadmium is found in the air (ambient,
occupational, and cigarette smoke). Under normal conditions, the concentration of cadmium
in the air is relatively low. Occupational exposure limits to cadmium have been lowered 50-100-
fold in the last few decades as the toxic effects of cadmium were better understood. Cadmium
can also been found in the soil and in groundwater. Examining sources of cadmium contam‐
ination, the greatest source of human exposure is phosphate fertilizers, followed by fossil fuel
combustion (automobile exhaust), iron and steel production, natural source, cement produc‐
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tion, cadmium-containing products, and finally incineration. Over ½ of all of the cadmium
exposure is through exposure to phosphate fertilizer and automobile exhaust. Cadmium has
been found in higher concentrations in males compared to females and can affect steroid
function in both genders by interfering with the biosynthesis of androgens, estrogens, and
progesterone [80]. The majority of the published literature has focused on estrogen effects
versus androgen effects. Dyer [79] and Byrne et al. [81] did review some of the published
androgenic effects of heavy metals on testicular function. The effects of metalloestrogens are
related to the physiologic function of estrogen because metalloestrogens have shown affinity
for estrogen receptors. Because they can mimic estrogen, thus activating the receptor, they are
considered harmful and potentially linked with breast cancer [7]. Heavy metals including
copper, cobalt, nickel, lead, mercury, tin, chromium, and vanadate exhibited estrogenic activity
when subjected to a variety of tests, resulting in a two- to fivefold increase in the number of
human breast cancer cells [82]. In another study, two different screening systems were used
to test for “estrogenicity” in heavy metals, ultimately verifying the estrogen-like activity of
these metals. Antimony and barium were also implicated as being estrogenic [8]. In the Choe
et al. [8] study, the potency of cadmium in eliciting estrogenic effects was second only to n-
butyltin. In vivo studies which utilized a concentration of cadmium that could be considered
“environmentally-relevant, ” elicited numerous changes in female rats [83]. Changes were the
most pronounced in estrogen-dependent tissues such as the mammillary glands. In general,
there was an observed upregulation in the development of the glands, increased milk pro‐
duction, increased receptor density (estrogen and progesterone). Collectively, all of these
changes could lead to the overdevelopment of breast tissues, and the development of particular
cancers. Part of the effects elicited by cadmium resembles those of effects attributed to estrogen,
which has led to cadmium being considered a “metalloestrogen”. Similar to the effects of
pesticides on fetal development, the exposure of the female fetus to cadmium can also result
in the accelerated growth and development of breast tissue [83]. In sum, all of these changes
have been associated with an increased risk for developing breast cancer.

3.1. Metalloestrogen link to breast cancer

The exposure to metalloestrogen metals has increased dramatically over the last half century.
This has occurred through an increase in environmental release of these metals and an
increased contamination with the food and water supply and through smoking of tobacco
products. It has been suggested that these agents can stimulate estrogen receptors in the
absence of estrogen, leading to a potentially negative health impact in postmenopausal
women. Further compounding their health hazards is the extremely long biological half-life
(cadmium is 10 to 30 years) and the ability to bioaccumulate [81, 84]. Cadmium and other heavy
metals have been shown to be estrogenic, and have the ability to activate the estrogen receptor,
similar to the effects of estradiol [82, 85]. In vitro assays examining estrogen responsiveness
using various metals demonstrated potencies of 25-100% of estradiol [82, 86]. In vivo assays
demonstrated that acute administration of metals (including cadmium) elicited classic
estrogenic responses with an increase in uterine weight, hyperplasia, and hypertrophy of the
endometrial lining, increased expression and density of progesterone receptors and increase
in mammary tissue density [82, 86]. A recent study focusing solely on mammary developing
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following endocrine disruptor administration showed that cadmium can alter normal
mammary tissue development, gene expression, and that early exposure may lead to a
predisposition toward breast cancer development [21]. Cadmium can mimic the action of
estrogen and appears to recognize the estrogen binding site on both the ERα and ERβ receptors.
Some of this action is via the estrogen receptor mediated by the GPR30 receptor [85]. Via the
GPR30 receptor, cadmium stimulation can activate MAPK, raf-1, and ERK1/2 [85]. The
expression of estrogen receptors is also affected and results in the levels of estrogen receptor
being greatly reduced [87], again mimicking the effects of natural estrogens. These, and other,
in vitro assays have shown that cadmium is estrogenic and can mediate estrogen receptor
action, as well as the mitogenic effects of estrogen receptor stimulation. Yet, there have been
mixed results in other experimental systems suggesting more work needs to be performed [88,
89]. The regulation of expression and activity of estrogen receptor plays an essential role in the
growth, differentiation, and prognosis of human breast cancer. Thus, the effects of the metals
in living organisms have also been found to change the breast anatomy in specific ways,
making it more susceptible to cancer, including an earlier onset of puberty, an increase in
epithelial area, and an increase in the number of terminal end buds in the mammary gland [83].
Aluminum has been found to interact with DNA, binding strongly to the phosphate backbone
of the structure under neutral conditions [90]. This suggests that aluminum could serve as a
possible source of DNA damage, increasing the chances of DNA mistakes and promoting the
growth of the damaged cells. It has also been shown that aluminum can interfere with cell
growth regulatory processes through many pathways, including altering gene expression [77].
The correlation between breast cancer and heavy metals is not confined to a few metals, but
numerous metals have been identified in breast biopsies in significant concentrations. This is
a correlation not observed when compared to biopsies from healthy breast tissue [91, 92].
Similar to what has been reported regarding the correlation of pesticide exposure to breast
cancer, there are some questions regarding the function of cadmium as a metalloestrogen
which can promote breast cancer proliferation [93]. In the majority of in vitro assays, the data
are fairly convincing regarding the metalloestrogen effects of cadmium. The actions of
cadmium have provided the more compelling evidence of a correlation with breast cancer
proliferation [84]. The affinity of cadmium for the estrogen receptor (ERα) is comparable to
that for estrogen (0.4-0.5 nM), yet the actual binding site of cadmium to the estrogen receptor
is yet to be determined [84]. One current belief is that ERα is sequestered in the inactive form
– low estrogen or no estrogen. Once activated, the receptor undergoes a conformational change
and enters the active state. Increasing the number of active ERα receptors will increase estrogen
responsiveness [81]. Cadmium can block the action of estrogen suggestion that at least parts
of its effects are mediated through the estrogen binding site on ERα. Molecular studies have
further supported this hypothesis examining various mutations and the ability of a selective
estrogen ERα antagonists to block estrogen effects in transfected COS-7 cells through interac‐
tions at the hormone binding domain on ERα [94]. Through mutation studies, potential
interaction sites have been identified as cys381, cys447, glu523, his524, and asp538 [81, 94]. The
actions at estrogen receptors, the activation of various protein kinases, and the increased
proliferation of breast cancer cells have been replicated by a variety of investigators in a variety
of assay systems. In humans, these findings are not quite as clear. Whereas some studies have
suggested a correlation between cadmium content and breast cancer [91, 92], Silva et al. [93]
review numerous studies where the data are inconclusive. As with pesticide exposure, the

Environmental Pesticides and Heavy Metals — Role in Breast Cancer
http://dx.doi.org/10.5772/60779

57



discovery of biomarkers specific for cadmium exposure is necessary. Although the data are
not definitive for being a causative agent, cadmium can be considered a risk factor for breast
cancer development. Another drawback to interpreting in vitro data is that these studies
usually involve acute exposure. In humans, exposure to cadmium results in years if not
decades of low-level exposure that results in an increasing bioaccumulation and increased
cadmium burden on the patient. Acute in vitro studies can examine receptor and nonreceptor-
mediated intracellular effects in the relative short term. Real-world exposure would involve a
very gradual change in intracellular signaling systems, leading to changes that may lead to
indirect changes that are not being observed in the current in vitro experimental paradigm.

4. Combination of metalloestrogens and pesticides

There has been extensive work done examining the individual actions of heavy metals or
pesticides in the environment. There has been virtually no work done examining the combined
effects of heavy metals and pesticides in the environment. This relative dearth of information
has left a significant void in our understanding of the actions of these compounds and their
potential role in the development of breast cancer. Many of the compounds discussed in this
chapter have demonstrated the ability to interact with many of the pathways associated with
tumorigenesis. Interactions with the function of a variety of caspases, Akt/mTOR pathway,
p53, ERK1 and 2 signaling pathways, etc. have created a clear need for extensive work in these
areas. In many instances, there are no clear direct interactions, but may in fact act through
various steps in one or more of these cell cycle cascades. It is quite clear that pesticides and
heavy metals do coexist in the environment. There have been numerous reports outlining the
effects/coexistence of these compounds in various ecosystems and at various levels of the food
chain.

Current knowledge is lacking regarding the collective effects of estrogen and all of the various
estrogen-like compounds. Only in the last two decades has there been increasing amounts of
work examining the estrogenic effects of naturally occurring compounds as well as synthetic
compounds such as pesticides and metals. What is unknown is what overall effect all of these
agents will have on a person. These effects have been shown as early as following in utero
exposure [95] or through prolonged exposure to trace levels of contaminants leading to
endometriosis [96]. The basic physiological responses for estrogen are to control secondary
sexual characteristics, influence metabolic activity, central nervous system effects, effects on
bone turnover, and, through aromatase, interplay with testosterone. Estrogen can exert these
effects by a receptor-mediated mechanism – through estrogen receptor alpha [ERα], estrogen
receptor beta [ERβ], and through GPR30. Once stimulated, these receptors will work through
intracellular mechanisms leading to nongenomic and genomic responses, and with improving
technology, we know that estrogen can regulate hundreds of genes – with the majority (~70%)
being downregulated [97, 98]. Since complete pathways have not been elucidated for each of
the main classes of exogenous estrogenic compound, it is not known or it is unclear whether
there are additive, synergistic, or potentiating effects of these compounds when humans are
coexposed. This is one of the troubling aspects of our current knowledge. We have little idea
of what effects polyexposure will have on a human, and at what level or threshold will we
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begin to see these effects. An enormous amount of work still needs to be done in these areas
to determine the safe exposure levels, not just for the known compounds, but also for combi‐
nations of the compounds [99, 100].

Not only are the potential pathways taken by each of the estrogenic compounds highly
complex, but the process of carcinogenesis is also very complex. These processes can be highly
involved with many steps and processes working in concert to finally yield a malignant
transformation [11]. Cancers may be single-cell in origin and with the mutation of a few genes,
errors are expressed that lead to errors in replication and/or growth. In addition, these
malignant/mutated cells, dependent on the environment (pollution, toxins, etc.) can cause the
conversion of otherwise “normal” cells to cancerous [11]. These “gene–environment interac‐
tions” (GEI) are broadly defined as interactions between environmental exposures and specific
(risk) genotypes. The term GEI refers to the joint influences of genetic and environmental
factors on health and disease. Environmental exposures affect gene regulation and/or act as
additive risk factors in conjunction with a particular allelic form of a gene (genetic polymor‐
phism), influencing disease initiation and progression. GEI also entails the different effects of
a given environmental exposure on individuals and the different effects of a genotype in people
with different histories of environmental exposure. For an excellent review of GEI and the
mechanism(s) by which GEI can lead to cancer formation, refer to Tabrez et al. [11]. Kiyama
et al. [98] reported a comprehensive listing of various genes which are regulated by estrogen
and reviewed their activity. They focused on the classical “endocrine disruptors, ” by focusing
on their cell signaling. Their studies first examine gene expression profiles, followed by cell
signaling responses. The signaling pathways identified could be used as candidate toxicity
pathways to monitor and evaluate endocrine disruptor action [98].

In addition to in vitro studies, there have been human studies which have addressed the
concerns associated with the combinations of pesticides and heavy metals. There is a consid‐
erable burden of in vitro and in vivo immunotoxicity evidence regarding the detrimental
actions of pesticides and heavy metals. Yet, as evidence and information mounts, the findings
are still far from unequivocal. Between differences in study design, test subjects, data analysis,
and model systems used, etc., it has been virtually impossible to develop a clear correlation
between these environmental agents and incidence of disease [99, 100]. Making the correlation
between low-level exposures in animal studies to the immune system altering effects observed
in humans has been difficult. Also, the effects on human health of the synergistic interactions
between natural, medical, dietary, and environmental estrogens have not been fully elucidated
yet. There are several factors which need to be accounted for when examining the effects of
environmental estrogens: 1) immune status (immunocompromised would have larger
response) of the individual, 2) gender (females more responsive than males), 3) status of poly-
pollutant exposure, and 4) duration of the exposure. Exposure to the metalloestrogen arsenite
in utero altered mammary gland development prior puberty [95]. There was an overgrowth
leading up to puberty and a densifying of the breast tissue. After puberty, there was a clear
upregulation in the density of estrogen receptor-alpha (ERα) due to the increased and altered
response of the ERα transcripts [95], which may lead to the increased risk of developing breast
cancer. The large “ENDO Study” examined 22 trace elements and found that 19 of the 22 (86%)
of the elements (mostly heavy metals) that were examined were not correlated with endome‐
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triosis [96]. Yet, the remaining three that did appear to correlate with endometriosis were
cadmium, chromium, and copper – 3 metals that are known metalloestrogens. Additional
work will need to be done to substantiate these findings and support their conclusions.

5. Conclusions

Over the past 20-30 years, it has become increasingly evident that pesticide use can have
unwanted physiological effects beyond the acute exposure. Many pesticides have been banned
in numerous countries as these health effects have been described. Even with banning some
pesticides, there are stockpiles that need to be disposed of, and some are still used frequently
in developing nations. Initial toxicology analysis has focused on the toxicity of individual
compounds but this method of assessment may significantly underestimate the risk associated
with these compounds when found in mixtures. Many health organizations are now calling
for retesting of these agents, but with new guidelines for assessing the potential risk to human
and animal life [101, 102]. Through a variety of complex mechanisms, many of these agents
have been shown to interact at the estrogen receptor, both ERα and ERβ. These effects can
occur in the absence of estrogen and can potentiate estrogenic effects in many mammalian
tissues, such as breast and uterus. These interactions lead to the hypothesis that particular
pesticide agents – such as organochlorine pesticides – may disrupt the natural endocrine
function (i.e., “endocrine disruptors”) of the organism. Interference with the reproductive
systems of aquatic- and land-based wildlife may lead to dwindling populations of species of
fish, shellfish, and mammals, potentially leading to their extinction. In humans, studies to
establish the correlation between pesticide exposure and breast cancer has not been clear and
absolute. There has been evidence of positive correlation within some ethnic populations,
whereas other studies have yielded negative correlations. In most instances, these were
retrospective studies and the design, subject inclusion, and the number of subjects has limited
the ability to draw strong conclusions. Obviously, the effects of long-term human exposure
needs further study with strict guidelines. There also needs to be a strengthening of the toxicity
testing of pesticide mixtures to avoid underestimating the potential toxic effects.

Select heavy metals have been shown to have estrogenic properties and have since been
referred to as “metalloestrogens.” Of these, cadmium has been the most extensively studied
and appears to be the most potent metalloestrogen at stimulating the estrogen receptor. Both
the affinity and inhibitory constant at the ERα receptor is approximately 0.5 nM, which is in
order with the affinity of estrogen for its receptor. In vitro studies have shown that cadmium,
and some other metalloestrogens, can elicit estrogenic effects resulting in elevation of both
ERα and ERβ receptor densities, increased expression and activity of intracellular protein
kinases, increased density of progesterone receptors, and the increased size of the uterus as
well as increased development and proliferation of breast tissues. Collectively, all of these
responses in the presence of metalloestrogens led to speculation that metalloestrogens may be
correlated to the incidence of breast cancer. Most of the data currently available have been
anecdotal, and have involved in vitro assay systems and breast cancer cell lines (such as
MCF-7). In these systems, it is clear that cadmium is the most potent of the metalloestrogens
at stimulating tumor development through direct actions at the estrogen receptor, as well as
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intracellular effects which may be indirect but involve the activation of many signaling systems
implicated in tumor development. In human studies, these correlations are not as clear. In a
few studies, there was a higher concentration of cadmium in the breast tissue compared to
controls, but the direct relationship with breast cancer progression was not clear. Other studies
have shown no relationship between cadmium exposure and breast cancer development. One
shortcoming of the in vitro studies is that they are relatively acute exposure, for a short
duration. This makes it extremely difficult to draw comparisons to human exposure. The
potential that low-level, decade-long exposure to cadmium (remembering that cadmium will
bioaccumulate, so exposure could be just from the body burden) may result in subtle changes
which increase the predisposition to breast cancer development. Many groups are now calling
for additional investigation into the mechanisms by which metalloestrogens exert their effects.
This additional work is critical to better understanding the actions of metalloestrogens at the
estrogen receptors (through NMR or X-ray crystallography), and the interaction of metalloes‐
trogens on intracellular signaling systems.

Figure 2. General schematic of the effects of estrogen, xenoestrogens [XenoE2], metalloestrogens [MetalloE2], and phy‐
toestrogens [PhytoE2] on cellular function and the resulting physiological/pathological outcomes. Modified from
Darbe, 2014 [97] [PhytoE2 = isoflavones, etc.; XenoE2 = pesticides, etc.; MetalloE2 = heavy metals like cadmium, etc.].

Lastly, to believe that an individual would be exposed to only one agent would be naïve. For
example, a smoker working in the pesticide industry would undoubtedly have elevated
cadmium levels due to the tobacco smoke, and possible passive exposure to the pesticides
through dermal absorption or inhalation. The combination of these compounds may have a
great additive effect on the development of breast cancer. Currently, there are few studies that
address these types of combination exposures and virtually none involving the human
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population. Collectively, as our understanding has grown regarding the negative health effects
of pesticides and metalloestrogens, a significantly greater number of questions have arisen and
has shed light onto obvious gaps in our understand. As much work that has been done in the
last 30 years or so, even more work needs to be done in the next decade or two to assist in our
understanding of the pathogenesis of diseases like breast cancer. By better understanding the
root causes and foundations for breast cancer development, we will be able to focus our
toxicological investigations onto those causes. Also, as we improve our understanding, both
in the development of breast cancer, and the involvement of pesticides and metalloestrogens,
we will be able to develop better biomarkers. It may not be impossible to completely eliminate
exposure, but a viable biomarker that will predict with a high degree of reliability will help
with therapeutic interventions at a much earlier time, thereby reducing the morbidity and
mortality of this disease.
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Abstract

Malathion (O,O-dimethyl-S-1,2-bis ethoxy carbonyl ethyl phosphorodithionate) is a
non-systemic, wide-spectrum pesticide. It is widely used throughout the world for
agricultural, residential, and public health purposes, mainly to enhance food
production and to provide protection from disease vectors. Malathion preference over
other organophosphate pesticides relates to its low persistence in the environment as
it is highly susceptible to hydrolysis, photolysis, and biodegradation. However,
numerous malathion poisoning incidents including acute and chronic cases have been
reported among pesticide workers and small children through accidental exposure.
Malathion toxicity is compounded by its reactive metabolites and also depends upon
the product purity, route of exposure, nutritional status, and gender of exposed
individuals. Its metabolic oxidation in mammals, insects, and plants leads to the
formation of malaoxon which appears to be several times more acutely toxic and
represents the primary cause of malathion’s toxicity. Depending on the level of
exposure, several signs and symptoms of toxicity including numbness, tingling
sensation, headache, dizziness, difficulty breathing, weakness, irritation of skin,
exacerbation of asthma, abdominal cramps, and death have been reported. Similar to
other organophosphate pesticides, malathion exerts it toxic action by binding to
acetylcholinesterase enzyme and inhibiting its activity, leading to accumulation of
acetylcholine in synaptic junctions, which in turn results in overstimulation of
cholinergic, muscarinic, and nicotinic receptors, and subsequent induction of adverse
biologic effects. This chapter provides an update and analysis of the production and
use, environmental occurrence, molecular mechanisms of toxicity, genotoxicity and
carcinogenicity, and adverse human health effects associated with malathion
exposure.

© 2015 The Author(s). Licensee InTech. This chapter is distributed under the terms of the Creative Commons
Attribution License (http://creativecommons.org/licenses/by/3.0), which permits unrestricted use, distribution,
and reproduction in any medium, provided the original work is properly cited.
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1. Introduction

Organophosphate (OP) pesticides are a group of chemicals that have many domestic and
industrial uses; historically, they have been most commonly used as insecticides and have
been  responsible  for  a  number  of  pesticide  poisonings.  Accounting  for  about  70%  of
pesticide use in the United States, OPs have become the most commonly used pesticides
because of the high persistence, accumulation, and toxicity of organochloride insecticides
such as DDT and BHC. OPs are phosphorous-containing insecticides that were originally
developed in the 1940s as highly toxic biological warfare agents. This group of chemicals
includes  insecticides  such  as  malathion,  diazinon,  chlorpyrifos,  methyl  parathion,  and
parathion [1]. These compounds were first used in Germany during World War II as toxic
nerve  agents.  Their  modern  derivatives  include  highly  neurotoxic  agents  such  as  sarin,
soman, and tabun. The main mechanism of toxic action of OPs is the inhibition of acetylcho‐
linesterase enzyme activity, causing nervous and respiratory damages that may potential‐
ly result in death [2, 3]. It was not until World War II that the magnitude of detrimental
effect on organisms was discovered from the research conducted to determine the toxici‐
ty of nerve gases used for military purpose [1]. Although they were produced during the
World War II era, nerve gases were not used until the Iran–Iraq War and during an incident
in Tokyo, Japan. During the Iran–Iraq War (1981–1988), it was reported that Iraq used nerve
agents such as tabun and sarin. In March 1995, Aum Shinrikyo, a religious cult in Japan
used bags of sarin on a subway train in Tokyo. The released gas killed 12 individuals and
sent more than 5,000 to the hospital.  They are generally lipid-soluble and are capable of
penetrating the skin, the blood brain barrier, the placenta, and into the fetus [4].

2. Physical and chemical properties of malathion

As an OP insecticide, malathion was first registered for use in the United States in 1956 by the
United States Department of Agriculture (USDA). It is currently regulated by United States
Environmental Protection Agency [1]. Malathion is a broad-spectrum insecticide used to
control a variety of outdoor insects in both agricultural and residential settings. Estimation by
the U.S. EPA indicates that over 30 million pounds of malathion are used annually [5]. About
60 percent is often used in federal and state programs to eradicate insects such as boll weevils,
grasshoppers, and fruit flies. It is also used as a potent insecticide for mosquito control in
residential areas as well as for insect control on a variety of food crops. Malathion has also
been approved by the United States Food and Drug Administration (FDA) for addition in
shampoos in order to control head lice [1]. Signal words ranging from “caution’’ to “danger”
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have been developed; depending on the combined toxicity of the active ingredient and other
product components. Uses for individual malathion products vary widely; therefore, proper
precautions should be taken to minimize their toxicity. The chemical structure of the technical
grade of malathion is shown in Figure 1, and its physicochemical properties are presented in
Table 1 [1, 3, 6, 7, 8].

Figure 1. Structure of malathion

Properties Malathion Reference(s)

CAS Reg. No.
Synonyms

Molecular Weight
Color

Physical State
Melting Point
Boiling point

Density/Specific gravity
Odor

Solubility Water (mg/L)
Vapor pressure (mmHg)
Henry’s Law Constant

Soil Sorption Coefficient (Koc)

121-75-5
Dimethyl dithiophosphate

of diethyl mercaptosuccinate
330.4 g/mol

Colorless to amber
Liquid
2.85°C
156°C
1.2076

Skunk/garlic like
145 mg/L

1.78 × 10–4 mmHg at 250C
2.0 (+1.2) × 10–7

30, 93–1800
depending on soil type

and environmental conditions

[1]
[1]
[6]
[3]
[3]
[3]
[7]
[7]
[3]
[6]

[3, 6]
[8]

[3, 7]

Table 1. Physical and chemical properties of malathion
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3. Sources/environmental occurrence

OP introduced in the 1930s, are manufactured chemical substances that are produced by the
reaction of alcohols and phosphoric acid. Their primary effect as insecticide was discovered
during military operations when initially used as nerve gases [9]. Malathion, an OP compound,
is also known as carbophos, maldison, and mercaptothion. Being a non-systemic, wide-
spectrum insecticide, malathion is one of the most frequently used OP pesticides. It has been
used for various eradication programs and for public health purposes throughout the United
States and other countries. Some of the common areas of usage include agricultural, industrial,
and use by the general public.

Malathion was developed during World War II, in the 1950s, and has been known for its high
insect potency, but low mammalian toxicity. Considered to be one of the safest OP compounds,
malathion is known as one of the most selective OP insecticides. It has been effective in the
control of pests on vegetables, field crops, fruits, agriculture, commercial extermination,
fumigation, domestic animals, and veterinary practices. Hence, it has many applications in
agricultural, nonagricultural, and public health purposes. It is commonly used on agricultural
crops (alfalfa, apple, apricot, asparagus, avocado, barley, bean, beats, blackberry, blueberry,
boysenberry, broccoli, cabbage, carrot, cauliflower, celery, chayote, cherry, clover, corn, cotton,
cucumber, dewberry, eggplant, potato, fig, garlic, grape, grapefruit, hay grass, horseradish,
leek, lemon, lettuce, lime, loganberry, mango, pepper, pineapple, pumpkin, reddish, raspber‐
ry, spinach, wheat, squash, strawberry, tangerine, tomato, walnut, watermelon, wild rice, yam,
and indoor-stored commodity treatment and empty storage facilities for barley, corn, oats, and
wheat), stored products, golf courses, home gardens, trees and shrubs, mosquito control,
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Mediterranean fruit flies (medflies), fleas on pets, treatment of head lice (humans), household
insects, Boll Weevil Eradication program, Christmas trees, lawn, etc. [1,3,4]. Homeowners use
malathion for the following purposes: on ornamental flowers, shrubs, and trees, outdoor
garbage dumps, irrigation and sewage systems, pastures, and range land. It can also be used
to control ectoparasites of cattle, flies, and human head and body lice [3]. On the other hand,
malathion’s targeted pests include: ants, aphids, apple mealybug, armyworm, bagworm,
beetle, borer, bug, fireworm, blueberry maggot, caterpillars, cattle lice, cockroaches, cherry
fruitworm, rootworms, cotton fleahopper, cotton leafworm, cranberry fruitworm, European
fruit lecanium, fleahoppers, fleas, flies, grasshoppers, green cloverworm, imported cabbage‐
worm, leafhoppers, mosquitoes (adult, larvae), moths, mushroom flies, orangeworms, pepper
maggot, pickleworm, plant bugs, poultry lice, sawflies, scales, spiders, ticks, tomato fruit‐
worm, wasps, weevil, etc. [1,3,4]. Malathion is regulated by both FDA and U.S. EPA at a
maximum amount of 8 parts per million (ppm) as residue on specific crops used for food.
Because of its potential toxicity to humans, the EPA requires that an appropriate time lapse be
observed between the application time and entry/reentry of a field worker.

4. Uses and environmental exposure

Malathion is an OP insecticide that is used mostly in agriculture and in public health programs
to control infestations of insects including ants, aphids, fleas, fruit flies, hornets, mites,
mosquitoes, moths, spiders, thrips, ticks, wasps, and weevil. It is also used as pest control for
agricultural food and feed crops including blueberries, raspberries, strawberries, limes, cotton,
cherries, garlic, greens, dates, and celery [1]. In addition to the use of malathion in plant
applications, it is a key component of personal hygiene products used for lice control [10].
Currently, malathion is still used in a large scale in agricultural sector and public health
programs all over the world. The estimated average annual total domestic usage of malathion
in the USA is approximately 15 million pounds of malathion as an active ingredient [11].
Between late 1970s and 2008, malathion was the primary pesticide used in the USDA Boll
Weevil Eradication Program to protect cotton crops in the southern United States [12, 13]. In
1998, malathion and diazinon were applied in some areas of the state of Florida after an
outbreak of Mediterranean fruit flies called Medflies. Medfly outbreak resulted in a significant
reduction in agricultural yields. To minimize its damage, federal and state authorities imple‐
mented the Medfly Eradication Program. Within 5 months of application, 123 people reported
symptoms associated with pesticide exposure, such as respiratory distress, gastrointestinal
distress, neurological problems, skin reaction, and eye distress [14]. The United States used
malathion among the insecticides to control mosquitoes carrying West Nile Virus during the
year 2005 [15].

Published research has reported cases of malathion poisoning associated with accidental and/
or intentional exposure to malathion. A previous study conducted in Japan reported 10 deaths
out of 63 cases of accidental exposure to malathion, as well as 404 deaths out of 480 cases of
malathion-associated suicides or homocides [16]. Other accidental death from malathion
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toxicity in human population has also been documented [17]. The median lethal dose (LD50)
of malathion is estimated to be 2100 mg/kg in man [18].

Exposure to malathion occurs via dermal contact, ingestion, and/or inhalation [6]. Most people
are not exposed to malathion in the air that they breathe or on things that they touch, unless
they live near areas being sprayed. The people who are at the greatest risk to malathion toxicity
are those who are occupationally exposed. These include farm workers, chemical sprayers,
and people who work in factories that make malathion or other malathion-containing
products. These high-risk groups can be exposed through skin absorption by contacting
contaminated products or surfaces, or through lung absorption by inhaling contaminated air.
Domestic users of malathion are also at high risk of intoxication related to its application in
residential areas near homes and gardens for medflies and mosquitoes control. Exposure to
high concentrations of malathion has been associated with severe toxicity and death in some
cases. Hence, it has been recommended not to enter or go to the fields sooner than 6 days after
malathion spraying [4]. Also, the utilization of personal protective devices such as breathing
equipment and special clothings may prevent toxicity and protect against malathion intoxi‐
cation. A previous study conducted by the U.S. EPA between 1971 and 1991 in 3 states pointed
out that malathion was the only chemical detected in twelve groundwater monitoring wells.
The highest malathion concentration of 6.17 ppb was reported in Virginia in a county where
the land was mainly agricultural and forested.

More recent investigations on the environmental contamination have reported the absence of
malathion in groundwater near areas that have been chemically sprayed; indicating a lower
risk of malathion toxicity in drinking water collected from groundwater. Symptoms of
exposure to malathion include headache, nausea and vomiting, burning eyes, difficulty
breathing, and lethargy. Malathion exposure has been associated with metabolic disorders
[19], oxidative stress [20], immunotoxicity [21], inflammation [22], and hepatotoxicity [23].
Malathion has also been reported to induce genetic damage in a variety of laboratory studies,
including a study of mice fed with malathion-treated grains. In epidemiological studies with
human blood cells, DNA damage and oxidative stress have been proposed as a process that
could mechanistically link pesticide exposure to a number of health outcomes [2]. According
to the U.S. EPA, there is evidence that malathion causes cancer. Experimental studies have
pointed out that the commercial grade of malathion insecticide causes breast cancer in
laboratory animals. Also, the use of malathion by farmers has been associated with an
increased incidence of non-Hodgkin’s lymphoma [24].

5. Environmental fate and transport

In general, OPs are transported through the environment in various ways. Malathion released
in the atmosphere as a result of its use on agricultural crops and/or residential areas may form
droplets that fall on ground covers including plants, animals, soils, water resources, buildings,
and/or other structures. Malathion deposited on these platforms may subsequently be
transported away through the action of rainfall/precipitation, and wind. It has been reported
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Malathion has also been reported to induce genetic damage in a variety of laboratory studies,
including a study of mice fed with malathion-treated grains. In epidemiological studies with
human blood cells, DNA damage and oxidative stress have been proposed as a process that
could mechanistically link pesticide exposure to a number of health outcomes [2]. According
to the U.S. EPA, there is evidence that malathion causes cancer. Experimental studies have
pointed out that the commercial grade of malathion insecticide causes breast cancer in
laboratory animals. Also, the use of malathion by farmers has been associated with an
increased incidence of non-Hodgkin’s lymphoma [24].

5. Environmental fate and transport

In general, OPs are transported through the environment in various ways. Malathion released
in the atmosphere as a result of its use on agricultural crops and/or residential areas may form
droplets that fall on ground covers including plants, animals, soils, water resources, buildings,
and/or other structures. Malathion deposited on these platforms may subsequently be
transported away through the action of rainfall/precipitation, and wind. It has been reported
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that malathion may remain in the environment for up to few months, but is usually trans‐
formed or degraded within a few weeks through the processes of photolysis, hydrolysis, and/
or biodegradation by microorganisms. Because malathion is rapidly degraded by soil bacteria,
low concentrations are expected to be present in groundwater [4]. Reported half-lives in soil
range from 1 to 17 days [25, 26]. In water, malathion breaks down quickly by hydrolysis or by
the action of bacteria present in the water. The half-lives of malathion in water were estimated
as 1.65 days at pH 8.16, and 17.4 days at pH 6.0 [27]. In air, malathion is broken down by
reacting with other chemicals formed naturally in the air by sunlight, to form a more toxic
product called malaoxon. A study conducted in the Sierra Nevada Mountains reported very
low malathion concentrations in air (< 1 ng/m3), and concentrations ranging from 64 to 83 ng/
L in surface waters between 18 and 2042 altitude. These results led the investigators to
speculate that the distribution of malathion was a result of atmospheric transport [28]. If
malathion is present on dry soil or on man-made surfaces such as sidewalks, pavements, or
playground equipment, it usually does not break down as fast as it would in moist soil.

Published data indicate that malathion may be transported in the air following application to
either agricultural or urban/residential areas [28, 29]. Malathion may be transported in the
atmosphere as a vapor or adsorbed onto particulate matter [30]. Also, its occurrence in the
atmosphere is generally localized. However, in a non-U.S. study of malathion adsorbed to fly
ash (particulate matter) [31]. Adsorbed malathion is photodegraded when exposed to irradi‐
ation for up to 1.5 hours, but does not degrade when adsorbed to kaolin. The results from this
study indicated that malathion adsorbed to kaolin maybe transported over long distances,
while that adsorbed to fly ash will be photodegraded and therefore will not be transported far
in the atmosphere [30]. Additionally, malathion has been detected in the fog of remote pristine
areas, indicating that long-range transport may occur under some conditions [32].

6. Toxicokinetics

6.1. Absorption and distribution

Absorption of malathion occurs through the gastrointestinal tract, the respiratory tract and its
primary and slowest absorption pathway, and the skin. Ingestion of contaminated food or
water is the predominant route of exposure to malathion for the general population, compared
to the inhalation and dermal routes. The predominant route of occupational exposure for the
general population is through the dermal contact. Although it is well known that malathion
is rapidly absorbed through the gastrointestinal tract and the skin, little is known about its fate
from inhalation exposure. Absorbed malathion can be transported by the blood and distrib‐
uted to many organs and tissues including the liver where it is metabolized to form malaoxon.
In biologic systems, malathion and its metabolites have a very low accumulation potential and
are eliminated through urine within a few days. Hence, analysis of malathion or its metabolites
in urine should be performed within few days after exposure. Their concentrations in tissues
and body fluids are important biomarkers of exposure. Currently, there is a scarcity of scientific
data regarding the background concentrations of malathion in human tissues [4].
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Dermal absorption of malathion is rapid. However, the absorption rate vastly depends on it
applied dose and the exposure site [4]. From a study examining the absorption rates of applied
malathion on various parts (forearm, axilla (armpit), ball of the foot, abdomen, forehead, and
jaw angle) of the skin of male human volunteers, the greatest rate of absorption was found in
the armpit followed by the forehead. The armpit and forehead areas respectively showed 4.2
and 3.4 times greater absorption than the forearm skin [33]. In another toxicokinetics study, it
was reported that more than 90% of absorbed malathion was eliminated through urine within
24 hours of exposure, by male rats orally exposed to 28 mg/kg malathion, or dermally exposed
to 41 mg/kg malathion. The remaining malathion was detected in the feces, blood, intestines,
liver, and kidneys [34]. Based on organ weight changes during a two-week inhalation study
in rats, other target organs for malathion distribution and toxicity included the liver and the
kidney [35].

6.2. Mode of action

OP pesticides including malathion share a common mode of action. They bind to the enzyme
acetylcholinesterase (AChE) at nerve endings throughout the bodies of insects and other
organisms [36]. AChE plays a key role in the synaptic transmission of nerve impulses. Its
inhibition causes the blockage to signal transmission leading to intoxication manifested by
restlessness, hyperexcitability, convulsions, paralysis, and death [24]. A similar mode of action
has been reported for all OP insecticides [37]. Malaoxon, the toxic metabolite of malathion, is
known to illicit a similar effect in mammals. However, the signs and symptoms of malathion
toxicity are different in mammals and insects because in mammals AChE is not active in the
central nervous system, but rather in nerves that connect with muscles [37]. Malathion is toxic
via skin contact, ingestion, and inhalation exposure [6]. Under normal circumstances, AChE
binds to the neurotransmitter acetylcholine (ACh) at the nerve junction, effectively ending the
stimulation of the next neuron. Resulting effects from malathion toxicity include restlessness,
hyperexcitability, convulsions, blurred vision, salivation, difficulty breathing, chest tightness,
diarrhea, vomiting, sweating, headaches, and cramps [4, 24]. Intermediate syndrome (delayed
neuropathy) has been reported in humans as a result of acute exposure to high amounts of
malathion. Symptoms include weakness in several motor cranial nerves, weakness in neck
flexors and proximal limb muscles, and respiratory paralysis.

There is evidence that exposure to malathion below the level that causes nervous system effects
results in few or no health problems. Toxicity is usually the result of binding of AChE to
malaoxon (malathion metabolite) which leads to the accumulation of ACh at the nerve
junctions and subsequent overstimulation of the nervous system [36]. Malaoxon, the primary
toxic metabolite of malathion, is produced in the liver as a result of a biotransformation process
involving an oxidative sulfuration catalyzed by the cytochrome P450 enzyme [38, 39]. Findings
from experimental studies have pointed that malaoxon is 22 times more toxic than malathion
when exposure is by oral route, and 33 times more potent by all routes of exposure from acute
and sub-acute exposure durations [40]. Exposure to multiple OPs can lead to additive toxicity.
However, the different OPs vary widely in their potency and how well they are absorbed by
the body depending on the route of exposure [36].
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The accumulation of acetylcholine at the nerve junctions as a result of OP binding to the
acetylcholinesterase enzyme, phosphorylating its serine hydroxyl group, and deactivating its
functional esterase site [9]. The buildup of acetylcholine at the neuromuscular junction also
causes a persistent depolarization of the skeletal muscle, leading to fasciculations, tremors,
ataxia, weakness, convulsions, and coma. [41]. In the central nervous system, neural trans‐
mission is disrupted. Acetylcholinesterase is also contained in the erythrocytes, and is identical
to that which is found in the nervous system; however, the function is to control, to a certain
extent, permeability of the cell membrane.

Malathion toxicity causes a disruption of the functioning of the cholinergic system, and elicits
basic clinical signs and symptoms that are similar in humans and other mammals [4]. Both
muscarinic and nicotinic receptors as well as central nervous system receptors are modulated
by malathion exposure [36]. Several muscarinic effects such as salivation, lacrimation (pro‐
duction of tears), urination and defecation (the SLUD syndrome), vomiting, dyspnea (short‐
ness of breath), bradycardia (reduced heart rate), abdominal pain, miosis (constriction of the
pupils), and anorexia have been documented as a result of malathion interaction with AchE
and over excitation of the post-ganglionic parasympathetic receptors in the nervous system
[42]. Other clinical signs of toxicity including muscle tremors and rigidity, weakness and loss
of limb mobility, and paralysis have been observed as a result of excessive stimulation of
nicotinic receptors [40].

In humans, the clinical manifestations of malathion toxicity depend on several factors includ‐
ing the target enzyme and its sensitivity, the site of interaction at the synaptic junction, the
dose of malaoxon that interacts with the receptor, and the exposure route [4]. Several mus‐
carinic effects including excessive perspiration, constriction of the pupils, lacrimation,
salivation, abdominal cramps, diarrhea, nausea, vomiting, chest tightness and difficulty
breathing have been reported in humans [4, 36, 43].

6.3. Metabolism and distribution

From an in vivo study examining the metabolism and distribution of malathion, ten metabo‐
lites were found in the urine and feces of rats pre-exposed to radiolabeled malathion. A large
amount of radiolabeled compound (80%) was excreted in urine, and was comprised mainly of
malathion dicarboxylic acid and of thiomalic acid and malathion mono acids to a lesser extent.
Malaoxon, desmethyl malathion, O,O-dimethyl phosphorothioate, monoethyl fumarate, and
thiomalic acid concentrations were relatively low [38]. Similar metabolites of malathion were
reported in both humans and rats, with the exception of monomethyl and dimethyl phosphate
that were detected in humans, and of thiomalic acid and monoethyl fumarate that were found
in rats. An experimental study with rats also reported that malathion had low accumulation
affinity in tissues, and constituted the majority of residual compounds excreted [44].

It has been pointed that other components in malathion-containing products can enhance its
toxic action by deactivating the activity of the carboxyesterase enzymes that catalyze its
conversion to malaoxon [45]. These other constituents of malathion compounds are impurities
that may result from contamination during manufacturing and/or chemical storage [4].
Through the action of carboxylesterases, both malathion and malaoxon are degraded into
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metabolic products that are more water-soluble and less toxic [44]. In humans, carboxylester‐
ases are not found in the blood, but are mainly present in the liver which constitutes the main
organ of biotransformation. In rats, they have been found in many organs including the liver,
blood serum, and kidney [4]. Secondary metabolic pathways include oxidative desulfuration
to malaoxon, hydrolysis to phosphatases, and dealkylation to desmethylmalathion [38].

6.4. Excretion

Orally administered malathion has been reported to be excreted in large amount (80–90% as
parent compound) in the urine within the first 24 hours post-exposure[44]. From a toxicoki‐
netics study with radiolabeled malathion, it was reported that ten different metabolites of
malathion were detected in the urine of rats. Urinary excretion accounted for about 85–89% of
the exposed dose, while fecal excretion accounted for about 4–15% within 72 hours post-
exposure[38]. In a study examining the dermal absorption, metabolism, and excretion,
malathion was applied to the ventral forearm skin of eight human male volunteers at 4 µg/
cm2. Its excretion was highest at 4–8 hours post-exposure; however, only 8% of its initial dose
was found in urine within 120 hour post-exposure [46]. Malathion has been detected in human
breast milk [47], although no studies were found that examined the relationship to exposure
or if its presence could cause adverse effects in nursing infants.

7. Genotoxicity studies

Malathion has been identified by the National Institute for Occupational safety and Health
(NIOSH) as a mutagen, based on a comprehensive review of scientific evidence from many
mutagenicity tests including bacteria, fruit flies, mice, hamsters, fish and human cell cultures
bioassays conducted in 29 laboratories between 1978 and 1995 [48]. Similar findings have been
reported from recent studies, supporting those that were previously reviewed by NIOSH.
From an in vivo genotoxicity study, researchers from Assan and North-Eastern Hill Univer‐
sities (India) demonstrated that oral exposure to malathion induces genetic damage in mice
[49]. Other investigators from the Egyptian National Research Center reported that mice fed
with malathion-treated wheat developed genetic damage of two different types at all tested
doses [50]. Many other investigations have shown that exposure to malathion, its metabolite
malaoxon, and its contaminant isomalathion induces genetic damage in human blood
lymphocytes [51–53].

8. Carcinogenicity studies

Evidence of the carcinogenic effects of few pesticides in animals and an increase in the risk of
developing malignancies in occupationally exposed populations have made necessary studies
in exposed workers [54–58]. Several studies have been conducted with rats and mice to
determine whether malathion has the potential to cause cancer, with variable results. In April
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2000, U.S. EPA classified malathion as having “suggestive evidence of carcinogenicity but not
sufficient to assess human carcinogenic potential by all routes of exposure”. This categorization
was made considering Cheminova’s findings that malathion induces hepatocellular carcino‐
mas in experimental animals at higher doses of exposure. [59].

Recent studies have underscored the need to strengthen EPA’s carcinogenicity classification.
From a 2001 study conducted by researchers at Columbia University and the Universities of
Tarapaca and Concepcion (Chile), malathion exposure significantly increases the incidence
rate of breast cancer in rats [60]. Findings from another study demonstrated that the increase
in cancer incidence was linked to the damage of an important gene by malathion [61]. In an
investigation involving long-term dietary exposures to malathion, researchers observed an
increased incidence of liver and nasal/oral tumors in rats and increased incidence of liver
tumors in mice [44]. In a two-year dietary study, researchers administered oral doses of 2,359,
739, or 868 mg/kg/day to rats. They found no evidence of an association between tumor
incidence and exposure to malathion [10, 62]. The International Agency for Research on Cancer
(IARC) concluded in 1987 that the carcinogenic potential of malathion was not classifiable, and
placed it in group 3 [63]. Also, an epidemiological study at six Canadian provinces pointed
out that the cancer risk of non-Hodgkin’s lymphoma was twice in men exposed to malathion
compared to healthy men who had not been exposed to malathion [64]. This finding was
consistent with the results of previous studies conducted in the United States. [65]. Also,
occupational exposure to pesticides has been reported to be associated with an increase risk
or incidence of different types of carcinomas such as non-Hodgkin’s lymphoma [66], Hodg‐
kin’s lymphoma [66], leukemia [57], multiple lymphoma [67], pancreatic cancer [68], gastric
cancer [69], lung cancer [70], bladder and colon cancer [71], and gall bladder sarcoma [72].

In addition to its potential genotoxic and carcinogenic effects, malathion has also been reported
to have significant adverse effects on different organ systems. Its potential systemic health
effects on specific organs include the following:

9. Hematologic effects

At high doses, malathion acts like other OP insecticides to suppress the immune system in
certain animal species [73]. A study indicated that malathion usage may affect the hemato‐
poietic system [74]. In addition, the study reported that sublethal doses of malathion exposure
caused deleterious effects on hematological parameters of treated animals [75]. Other studies
indicated that chronic exposure to malathion significantly decreases RBCs, Hb, and P.C.V%
values in treated animals compared to the control group [76]. Furthermore, similar studies
demonstrated that high levels of malathion induced DNA abnormalities in exposed persons
[77], decreased human immunity [78], and caused non-Hodgkin’s lymphoma [79, 80]. Acute
malathion treatment resulted in bone marrow failure and plastic anemia [81, 82]. Although
acute toxicity study with malathion displays deleterious effects in humans and test animals,
chronic toxicity study revealed that a group of volunteers who ingested low dose of malathion
over a period of 1.5 months did not show a significant inhibition of their blood cholinesterase
activity [16].
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10. Neurologic effects

Malathion is a widely used OP insecticide because of its relatively low toxicity to mammals and
its high selectivity compared to other OP insecticides. Possible symptoms of acute exposure to
high levels of malathion include skin and eye irritation, cramps, nausea, diarrhea, excessive
sweating, seizures and even death. Most symptoms tend to resolve within several weeks.
According to EPA, there is currently no reliable information on adverse health effects of chronic
exposure to malathion [83]. Malathion is usually less toxic. However, its overall toxicity is
influenced by its metabolites and other chemical constituents of its chemical formulation.
Malathion oxidative metabolism results in the production on malaoxon in mammals, insects,
and plants. Being the most hazardous form, malaoxon is 40 times more acutely toxic than
malathion [84, 85]. Interestingly, malathion present in the body system will clear up or be
eliminated within three to five days [86]. The rapid rate of excretion from human body is
facilitated by the action of carboxyesterases that catalyze the biotransformation of malathion
and its metabolites to non-toxic and water-soluble products that can be easily eliminated from
the body or cells. Arthropods such as insects lack or possess a low level of carboxyesterases.
Therefore, insects are highly sensitive to malathion toxicity. Today, malathion is still consid‐
ered as one of the safest OP insecticides. It was used for large eradication programs against
insect infestations in metropolitan areas of Florida, Texas, and California [87].

11. Reproductive and developmental effects

Malathion is known to influence the reproductive function through two mechanisms including
its cellular toxic action and its effect on the encephalic regulatory serotoninergic, besides
acetylcholinergic which is the main mechanism of the reproductive functions [88]. The enzyme
acetylcholinesterase (AChE) is used as a marker for exposure to OPs and carbamates (both
inhibit this enzyme, resulting in a general nervous system failure) [89]. Malathion is found to
inhibit the release of acetylcholinesterase at the synaptic junction [60]. AChE plays an impor‐
tant role in the control of nerve excitability at post-synaptic sites. Inhibition of liver AChE
activity is a useful indicator of OP pesticides poisoning. In addition, many scientific reports
indicated that malathion-induced physiological, biochemical, immunological, and histological
changes in experimental animals [90–92]. A documented scientific report showed that high
doses of malathion induce developmental and reproductive effects in experimental animals
[93]. Another report indicated malathion and its metabolites can cross the placenta of mammals
and depress cholinesterase activity of the fetus [94]. A 2003 report indicated that malathion
reduced sperm count and the number of normal forms in test mice with a maximal effect at 18
days post-injection [95]. Previous studies indicated that administration of malathion caused
damage to the Leydig cells and decreased the levels of testosterone [96, 97]. Similar study
showed reduction in the number of immature germ cells due to decrease of steroidogenic
activity and damage of the Sertoli cells [96]. Another study demonstrated that malathion
interferes with the process of spermatogenesis by preventing the maturation in the later post-
meiotic stages, which are androgen-dependent [98].
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12. Hepatic effects

There is limited data in the literature regarding the hepatic effects of malathion in agricultural
workers. However, recent scientific data have demonstrated that malathion and other
pesticides induce liver and kidney histopathological alterations in experimental animals [92,
99–101]. The study conducted showed that malathion intoxication may affect the structures of
the liver and kidney showing the presence of fine subcapsular infiltrations, diffused paren‐
chymatous degeneration of single hepatocytes, presence of fine foci constructed of plasmatic
cells, and histiocytes located between hepatic plates [102].

13. Regulatory guidelines

Malathion is an OP insecticide that was first registered in 1956, and remains largely in use
worldwide. The regulations and recommendations for malathion include the following: The
Food and Drug Administration (FDA) and the Environmental Protection Agency (EPA) allow
a maximum amount of 8 parts per million (ppm) of malathion to be present as a residue on
specific crops used as foods [10]. The Occupational Safety and Health Administration (OSHA)
has established an exposure limit for malathion in the workplace of 15 milligrams per cubic
meter (mg/m3), for an 8-hour workday, 40 hours per week [79]. According to the National
Institute for Occupational Safety and Health (NIOSH)’s guidelines, workers should not be
exposed to malathion concentrations greater than 10 mg/m3 during a 10-hour workday, 40
hours per week. NIOSH also recommends that an atmospheric concentration of 250 mg/m3

malathion be considered as being immediately hazardous to human health and life.
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Abstract

The use of agrochemicals, especially herbicides, is necessary to control pests in order

to produce adequate food for the global population (estimated at 7 billion). Glyphosate

and glyphosate-based herbicides have been used extensively for this purpose but

recent studies have reported these chemical substances to be found in aquatic

ecosystems, wildlife and humans in various quantities. In this chapter, we reviewed

the impacts of glyphosate and glyphosate-based herbicides on wildlife and humans

using measured endpoint effects caused by genotoxicity, cytotoxicity and reproduc‐

tive toxicity. We used findings from different current investigations to demonstrate

adverse effects, or otherwise, of glyphosate exposure to wildlife and humans. Our

review reveals that glyphosate and its formulations may not only be considered as

having genotoxic, cytotoxic or endocrine disrupting properties but they may also be

causative agents of reproduction abnormalities in both wildlife and humans.

Furthermore, the extensive use of glyphosate-based herbicides in genetically modified

glyphosate-resistant plants grown for food and feed should be of grave concern since

they can be sources of genotoxicity, cytotoxicity, and reproductive toxicity in wildlife

and humans.
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1. Introduction

The use of agrochemicals is necessary to control pests and increase yields in order to produce
adequate food for the global population, estimated at 6.8 billion in 2009 [1], and recently
reported to have reached 7 billion [2]. Developing countries, where 1.02 billion people (15 %)
are undernourished and 1.3 billion people (19 %) live on an inadequate diet [1], need an
adequate food supply. However, the agricultural sector’s annual application of over 140 billion
kilograms of fertilizers and large amounts of pesticides creates massive sources of diffuse
pollution of freshwater ecosystems [3]. In an attempt to increase food production, there is
extensive use of herbicides without much regard to the consequences posed to the environment
and humans. Glyphosate-based herbicides, which are extensively used in genetically modified
glyphosate-resistant plants, are found all over the world [4] and have been reported to occur
in various quantities in the aquatic ecosystem, wildlife and humans.

Globally, the presence of pesticides accumulation in both wildlife and humans is on ascend‐
ancy, with the health and normal functioning of the endocrine systems being at risk [5-7]. It is
believed that the effects of these chemicals on normal functioning of the endocrine system are
responsible for a number of developmental anomalies in a wide range of species, from
invertebrates to higher mammals [8-11].

The aquatic environment is a receptacle of several undesirable contaminants, including
agrochemicals. Therefore, contamination of the aquatic environment by pesticides has become
a huge environmental concern worldwide [12]. Glyphosate and glyphosate-based herbicides
are among the most widely used class of pesticides. Roundup®, is a major glyphosate-based
herbicide used worldwide. Over the years, studies have suggested adverse effects of glypho‐
sate and glyphosate-based compounds on terrestrial and aquatic environments, but recent
publications are alluding to the possible effects of glyphosate on mammals, including humans,
at different levels of biological organisations as well. In this chapter, the toxicology of glyph‐
osate and glyphosate-based herbicides are explored. We reviewed the impacts of glyphosate
and glyphosate-based herbicides on wildlife and humans using measured endpoint effects
caused by genotoxicity, cytotoxicity and reproductive toxicity.

1.1. Pesticide as pollutants of freshwater ecosystems

Pesticides are mixtures of chemical substances designed to control, repel, mitigate, kill or
regulate the growth of undesirable and nuisance biological organisms [13]. Pests include plant
pathogens, weeds, nematodes, molluscs, insects, fish, birds, mammals and microorganisms
such as bacteria and viruses. They compete with humans for food, transmit diseases and
destroy crops as well as properties [13]. There are various ways of classifying pesticides, with
the classification based on the type of pest they control being the most common. For example,
insecticides, herbicides, fungicides, nematicides and rodenticides are used to control insects,
weeds, fungi, nematodes and rodents, respectively. Furthermore, majority of pesticides are
synthetic as they are formulated through industrial processes, while a few are biological as
they are derived from natural sources. In addition, broad-spectrum pesticides are applied in
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controlling a wide range of species but narrow-spectrum pesticides control a small group of
pests [13].

Although pesticides are used in agriculture to maintain high production efficiency, they may
be environmental hazards and pose risk particularly to non-targeted organisms, and generally
to aquatic ecosystems [14, 15]. The potential of a pesticide’s risk to an aquatic ecosystem is
influenced by its properties, including half-life, mobility and solubility [13]. Microbial activity,
drainage pattern, rainfall, treatment surface and application rate can also affect pesticidal
activity on a local, regional or global scale [16, 17]. Pesticides get into aquatic systems through
processes such as direct applications, surface runoffs, spray drifts, agricultural returns and
groundwater intrusions [18]. Pesticides found in urban and agricultural settings in recent times
have been implicated in the deaths of many aquatic biota [19].

1.2. Presence of herbicides in freshwater ecosystems

Weeds are unwanted vegetation, which are not planted intentionally, but inadvertently grow
in unexpected places. They are usually controlled (i.e., killed or supressed) by the application
of a specific herbicide type or class. Classification of herbicides may depend on the criteria
used. The two most common criteria employed in herbicide classification are based on time of
application and mode of action [20]. Table 1 shows herbicides classification based on time of
application and mode of action. Herbicides, which are widely used to control weeds in forestry
and agriculture, can reach the aquatic ecosystems by uncontrolled runoff, aerial drift or
inadvertent overspray. In some cases, herbicides are directly sprayed at aquatic weeds (e.g.
water hyacinth) found on surfaces of water bodies as a control measure. All these impact the
aquatic biota.

Classification Chemical family* Examples

Time of herbicide application

Pre-emergence: applied to the soil after the
crop is planted

Dinitroaniline
Pendulum AquaCap
Oryzalin (Surflan AS)

Post-emergence: applied to both crop and
weeds after they have germinated and
emerged from the soil

Benzoxazole Acclaim® Extra

Mode of action

Hormone inhibitors: These herbicides inhibit
cell division and growth in the meristem
regions (growing points) by mimicking
IAA, the natural plant hormone. This
interferes with cell wall plasticity and
nucleic acid metabolism.

Phenoxycarboxylic acid

2,4-D
2,4-DB
2,4-DP
MCPA
MCPB

Cell division inhibitors: These herbicides bind
to tubulin, the major microtubule protein,
to form a herbicide–tubulin complex,

Carbamate
Chlorpropham

Propham
Carbetamide
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Classification Chemical family* Examples

leading to a loss of microtubule structure
and function. Herbicide-induced
microtubule loss may cause cells to neither
divide nor elongate, which may be
observed as swelling of root tips.

Photosynthesis inhibitors: These herbicides
inhibit photosynthesis by preventing
electron flow, CO2 fixation and, ATP and
NADPH2 production in the photosystem II
complex in chloroplasts. Lack of ATP and
NADPH2, as well as free radicals destroy
cell membranes lead to eventual death of
plant.

Triazine
Atrazine, Simazine,

Caparol

Lipid synthesis inhibitors: These herbicides
inhibit fatty acid and lipid biosynthesis.
This causes reduction in cuticular wax
development and eventual death of plant.

Thiocarbamate

Cycloate
Dimepiperate

Pebulate
Thiobencarb

Triallate

Cell metabolism inhibitors: These herbicides
capture electrons from photosystem I,
reduce them to form herbicide free radicals,
which then destroy cell membranes.

Bipyridylium
Diquat

Paraquat
Gramoxone

EPSP Synthase Inhibitors: These herbicides
inhibit EPSP synthase enzyme, which leads
to the depletion of the aromatic amino acids
tryptophan, tyrosine and phenylalanine.

Glycines Glyphosate

Table 1. Examples of herbicide classification based on time of application and mode of action (* Note: there may be
more than one chemical family for each category of herbicide)

The potential of some herbicides to control unwanted vegetation is inherent in their chemical
nature, while others have additives to enhance their efficacy. These additives include carriers
and adjuvants. In recent years, carriers and adjuvants have been implicated in adding to the
toxicity of the active ingredients, and in some cases, have been even more toxic than the active
ingredient alone [20]. Prior to the registration of herbicide products for use, not only does the
herbicidal properties (Table 2) are assessed, but also the potential effects on humans, animals
and environmental safety are assessed. The inherent toxicity of a herbicide, concentration to
which an organism is exposed, and duration of exposure determine the extent to which the
herbicide can adversely affect an aquatic organism [21]. Herbicides may reach aquatic
ecosystems directly by an overhead spray of aquatic weeds, or indirectly through processes
such as agricultural runoff, spray drift and leaching [13]. Potential problems associated with
herbicide-use include injury to non-target vegetation, injury to crops, residue in soil or water,
toxicity to non-target organisms, and concerns for human health and safety [20]. Herbicides
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can influence the environmental water quality and ecosystem functioning by reducing species
diversity, changing community structure, modifying food chains, altering patterns of energy
flow and nutrient recycling, as well as reducing resilience of ecosystems [22].

Herbicidal property Explanation

Chemical structure

The biologically active portion of a herbicide product is the active ingredient.
It is the fundamental molecular composition and configuration of the
herbicide. The physical and chemical properties of a herbicide can also
determine the method of application and use.

Water solubility and polarity

Herbicides that are produced as salts dissolve quite well in water and are
usually formulated to be applied in water, while non-polar herbicide
sources are not. Water is the main substance used to disperse (spray)
herbicides, and hence the water solubility of a herbicide influences the type
of product that is formulated, how it is applied and the movement of the
herbicide in the soil profile.

Volatility

Herbicides with a high vapour pressure volatilise easily, while those with a
low vapour pressure are relatively non-volatile. The volatility of a herbicide
can determine the mode of action and the herbicide’s fate in the
environment.

Formulations

Commercial herbicide products contain an active ingredient and “inert”
ingredients. An “inert” ingredient could be a carrier that is used to dilute
and disperse the herbicide (e.g. water, oil, certain types of clay, vermiculite,
plant residues, starch polymers, certain dry fertilizers) or an adjuvant (e.g.
activator, additive, dispersing agent, emulsifier, spreader, sticker,
surfactant, thickener, wetting agent) that enhances the herbicide’s
performance, handling, or application.

Table 2. Herbicidal properties of herbicides that enhance their efficacy

2. Glyphosate and glyphosate-based herbicides

Glyphosate (N-(phosphonomethyl) glycine) (Figure 1) and glyphosate-based herbicides are
the world’s leading post-emergent, organophosphonate systemic, broad-spectrum and non-
selective herbicides for the control of annual and perennial weeds [22, 23]. Worldwide, the
number one glyphosate-based herbicide used is Roundup®. Other trade names of glyphosate-
based herbicides include Roundup Ultra®, Roundup Pro®, Accord®, Honcho®, Pondmaster®,
Protocol®, Rascal®, Expedite®, Ranger®, Bronco®, Campain®, Landmaster®, Fallow Master® and
Aquamaster® manufactured by Monsanto; Glyphomax®, Glypro® and Rodeo® manufactured
by Dow Agrosciences; Glyphosate herbicide manufactured by Du Pont; Silhouette® manufac‐
tured by Cenex/Land O’Lakes; Rattler® manufactured by Helena; MirageR® manufactured by
Platte; JuryR® manufactured by Riverside/Terra; and Touchdown® manufactured by Zeneca
[24-26].
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Figure 1. Molecular structure of N-(phosphonomethyl) glycine

Glyphosate has relatively low solubility in water (12 g/L at 25° C and 60 g/L at 100° C), but is
insoluble in other solvents [27]. Therefore, commercial formulations of glyphosate are usually
in the form of salt to ensure higher solubility yet maintaining the herbicidal properties of the
parent compound [22]. Formulations of glyphosate in salt form include monoammonium salt,
diammonium salt, isopropylamine salt, potassium salt, sodium salt, and trimethylsulfonium
or trimesium salt. Of these, the isopropylamine, sodium, and monoammonium salt forms are
commonly used in formulated herbicide products [28]. The isopropylamine salt is the most
commonly used in commercial formulated products (e.g. Roundup®). The concentration of
glyphosate is commonly expressed as mg a.i./L (active ingredient/Litre) or mg a.e./L (acid
equivalents/Litre) [22]. Acid equivalent is the theoretical per cent yield of parent acid from a
pesticide active ingredient, which has been formulated as a derivative (usually esters, salts or
amines) [29].

2.1. Mode of action of glyphosate

As a systemic herbicide, glyphosate is readily translocated through the phloem to all parts of
the plant. Glyphosate molecules are absorbed from the leaf surface into plant cells where they
are symplastically translocated to the meristems of growing plants [22]. Glyphosate’s phyto‐
toxic symptoms usually start gradually, becoming visible within two to four days in most
annual weeds, but may not occur until after seven days in most perennial weeds. Physical
phytotoxic symptoms include progress from gradual wilting and chlorosis, to complete
browning, total deterioration and finally, death [22]. The primary mode of action of glyphosate
is confined to the shikimate pathway aromatic amino acid biosynthesis, a pathway that links
primary and secondary metabolisms.

Shikimate (shikimic acid) is an important biochemical intermediary in plants and microor‐
ganisms, such as bacteria and fungi. It is a precursor for the aromatic amino acids phenylala‐
nine, tryptophan and tyrosine. Other precursors of the shikimate pathway are indole, indole
derivatives (e.g. indole acetic acid), tannins, flavonoids, lignin, many alkaloids, and other
aromatic metabolites. The biosynthesis of these essential substances is promoted by enzyme
5-enolpyruvylshikimate-3-phosphate synthase (EPSPS), the target enzyme of glyphosate. This
enzyme is one of the seven enzymes that catalyse a series of reactions, which begins with the
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reaction between shikimate-3-phosphate (S3P) and phosphoenolpyruvate (PEP). The shiki‐
mate pathway accounts for about 35 % of the plant mass in dry weight and therefore any
interference in the pathway is highly detrimental to the plant. Glyphosate inhibits the activity
of EPSPS, preventing the production of chorismate – the last common precursor in the
biosynthesis of numerous aromatic compounds in bacteria, fungi and plants. This causes a
deficiency in the production of the essential substances needed by the organisms to survive
and propagate [22, 30]. The pathway is absent in animals, which may account for the low
toxicity of glyphosate to animals.

However, acute effects in animals, following intraperitoneal administration of high glyphosate
doses, suggest altered mitochondrial activity, possibly due to uncoupling of oxidative
phosphorylation during cellular respiration [27]. In summary, glyphosate ultimately inter‐
rupts various biochemical processes, including nucleic acid synthesis, protein synthesis,
photosynthesis and respiration, which are essential life processes of living things.

2.2. Environmental fate of glyphosate

Glyphosate has a strong soil adsorption capacity, which limits its movement in the environ‐
ment. The average half-life of glyphosate in soil is two months, but can range from weeks to
years [24]. Glyphosate in freshwater ecosystems has an average half-life of two to ten weeks
[24]. The rate of degradation in water is generally slower than in most soils because of fewer
microorganisms in water than in soils [31]. When glyphosate undergoes degradation, it
produces aminomethylphosphonic acid (AMPA) and carbon dioxide [32], both of which
reduce pH when dissolved in water. However, pH is known to affect the stability of glyphosate
in water. For instance, glyphosate did not undergo hydrolysis in buffered solution with a pH
of 3, 6 or 9 at 35° C, while insignificant photodegradation has been recorded under natural
light in pH 5, 7 and 9 buffered solutions [28]. In freshwater ecosystems, glyphosate dissipates
through degradation, dilution, and adsorption on organic substances, inorganic clays and the
sediment (the major sink for glyphosate in water bodies) [24, 31]. With its long half-life and its
ability to cause death of organisms in aquatic ecosystems, it is recommended that glyphosate
should be used as an aquatic herbicide to treat only one-third to half a water body at any one
time [24].

2.3. Toxicology of glyphosate and its effects on aquatic organisms

In recent years, the exposure of non-target aquatic organisms to glyphosate-based herbicides
has aroused great concern globally because of high water solubility and the extensive use of
glyphosate-based herbicides [25]. In this regard, polyoxyethylene amine (POEA), a surfactant,
has been implicated as being the main cause of the relatively high toxicity of Roundup® to
several freshwater invertebrates and fishes [25, 33]. Technical grade glyphosate is slightly to
very slightly toxic, with reported LC50 values of greater than 55 mg/L and a 21 d NOEC (no
observed effect concentration) value of 100 mg/L [25, 33].

Conversely, formulations of glyphosate are moderately to very slightly toxic with 2 d EC50
values of 5.3-5600 mg/L and 21 d MATC values of 1.4-4.9 mg/L reported [27]. The LC50 values
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also determine which glyphosate formulation can be applied in aquatic ecosystems. It should
be noted that high LC50 value of a chemical substance to an organism implies low toxicity of
that particular chemical substance to that particular organism, and the reverse is also true. For
instance, Rodeo® has relatively high LC50s (>900 mg/L) for aquatic species and is permitted
for use in aquatic ecosystems, while Touchdown 4-LC® and Bronco® have low LC50 values for
aquatic species (<13 mg/L), and are not registered for aquatic use [24]. Similarly, Roundup® is
not registered for use in aquatic ecosystems in the United States because its 96 h LC50 value
for Daphnia is 25.5 mg/L, while that of glyphosate alone is 962 mg/L [24].

In recent years, glyphosate has been found in surface waters long after it has been used to
control  aquatic  weeds,  although  it  is  generally  regarded  as  having  a  low  potential  for
contaminating surface waters [13, 34]. In fact, its mode of action was designed to affect only
plants  [30],  but  various  studies  in  recent  years  have  reported  adverse  impact  on  non-
target animals [25, 33, 35].

2.4. Wildlife toxicology of glyphosate and glyphosate-based herbicides

Wildlife ecology is the application of ecological principles to the study of wildlife species. The
term wildlife, however, lacks a universally accepted definition, and its common use changed
during the 1900s in association with development of the profession of wildlife management.
Historically, wildlife management focused on hunted or harvested birds and mammals that
were collectively referred to as game species. However, current description of wildlife ecology
includes different levels of biological organisation as well as individual organisms within a
population and their interactions with the environment [36]. The effects of environmental
contaminants on the health and persistence of wildlife populations have been a concern of
environmentalists for many decades [36]. This led to increased interest in the study of exposure
of wildlife to environmental contaminants, and hence wildlife toxicology.

A growing collection of wildlife toxicological studies examining diverse wildlife species
demonstrates that exposure to environmental contaminants over the years is the cause of
increasing disappearance of certain species. Such a threat to global biodiversity usually starts
with developments of abnormalities in contaminated organisms. These may include the
disruption of genetic material, cell integrity and major but subtle birth defects in individual
species. This is against the belief, held for a long time since introduction of glyphosate as a
commercial herbicide in the 1970s, that glyphosate is non-toxic to wildlife and humans. In fact,
US EPA has classified glyphosate as a “Group E carcinogen”, implying it is “non-carcinoge‐
nicity for humans” [37]. The main reason for this has been attributed to the fact that the
herbicidal activity of glyphosate targets specifically inhibition of the shikimate pathway, which
is only present in plants and microorganisms, but conspicuously absent in animals and humans
[38]. However, recent studies seem to suggest that glyphosate has genotoxicity, cytotoxicity
and reproductive toxicity in wildlife and humans [39-40].

Genotoxicity is a term used to describe the destructive effect by toxic agents referred to as
genotoxins on a cell's genetic material (DNA, RNA). Genotoxins include both radiation and
chemical genotoxins. There are three primary effects that genotoxins can have on organisms
by affecting their genetic information depending on the type of genotoxin. These include
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cancer-causing agents (carcinogens), mutation-causing agents (mutagens) or birth defect-
causing agents (teratogens) [41]. Conversely, cytotoxicity is the term used to describe destruc‐
tive effect of cells by agents referred to as cytotoxins. Cytotoxic cells may undergo necrosis, in
which they lose membrane integrity and die rapidly as a result of cell lysis; they can stop
growing and dividing; or they can activate a genetic program of controlled cell death, also
referred to as apoptosis [41]. Reproductive toxicity refers to the toxic effects of a substance on
the reproductive ability of an organism and the development of its offspring. The Globally
Harmonized System (GHS) defines reproductive toxicity as adverse effects of chemical
substances on sexual function and fertility in adult males and females, as well as develop‐
mental toxicity in the offspring [42]. Developmental toxicity refers to adverse effects induced
during pregnancy, or as a result of parental exposure to a chemical substance manifested at
any point in the life span of the organism [42]. Thus, reproductive toxicity may be grouped
into two main categories: adverse effects on reproductive ability or capacity, and adverse
effects on development of the offspring. Developmental toxicity and reproductive toxicity tests
are usually performed with female and male animals, embryonic stem cells or whole embryos.
In the following sections, we review a few of the many reported studies on adverse effects
caused by glyphosate and glyphosate-based herbicides as a result of genotoxicity, cytotoxicity
and reproductive toxicity in wildlife as well as in humans.

3. Toxicity of glyphosate and glyphosate-based herbicides to wildlife

It has been argued that the seasonality of crop cultivation and subsequent seasonal application
of herbicides means that their presence in aquatic ecosystems is typically periodic. More so,
episodic exposures are often for a short period, which is followed by long periods of non-
application that has the capacity to “water down” the exposure effects. Therefore, the assess‐
ment of genotoxic endpoints in fish after removal of the contamination source is essential to
understanding the dynamics of herbicide genotoxicity and risk posed by these agrochemicals.
In order to test this assertion, Guilherme et al. [12] investigated the genotoxic potential of
Roundup® to European eel (Anguilla anguilla) [12]. A. anguilla was exposed to 116 µg/L
Roundup® for 3 days, and allowed to recover for 1, 7 and 14 days after exposure has ceased.
A comet assay was applied to identify DNA damage in blood cells during both exposure and
post-exposure periods. Guilherme et al. [12] reported that Roundup® has genotoxic potential
and exhibited oxidative DNA damage (pyrimidine bases oxidation), although a recovery was
evident when considering non-specific DNA damage on day 14 post exposure. Roundup® was
able to induce a late oxidative DNA damage (day 14). In the report, Guilherme et al. suggested
that blood cells of A. anguilla exposed to Roundup® appeared to be more successful in repairing
damage with a non-specific cause than that associated with base oxidation [12]. Overall, the
findings of this study reinforce the hypothesis that Roundup® as an agrochemical may cause
long-lasting damage to fish due to genotoxicity.

In another study, Vera-Candioti et al. evaluated the genotoxicity and cytotoxicity of glypho‐
sate-based formulations Panzer and Credit® after exposure to Cnesterodon decemmaculatus
(Jenyns, 1842) (Pisces, Poeciliidae) under laboratory conditions [43]. They used micronuclei
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induction (MN) and alterations in the erythrocytes to erythroblasts ratio for genotoxicity and
cytotoxicity as endpoints, respectively. They reported that both 3.9 and 7.8 mg/L of Panzer
increased MN frequency at 48 and 96 h of treatment. Similarly, C. decemmaculatus exposed to
tested concentration of Credit® had increased frequency of MN over control group after 96 h,
but not after 48 h. However, they reported that both Panzer and Credit® treatment did not
cause cytotoxicity in fish, regardless of the concentration and sampling time. In their conclu‐
sion, Vera-Candioti et al. suggested that Panzer and Credit® should be considered as glypho‐
sate-based commercial formulations with genotoxic but not cytotoxic effect properties [43].

Low levels of glyphosate-based herbicide have also been reported to cause adverse effects on
reproduction (fecundity) and clutch size of aquatic invertebrates. In a study, Cuhra et al.
reported that Daphnia magna exposed to 0.45 mg/L Roundup® significantly decreased fecundity
compared to the control group [44]. They also reported that animals exposed to 1.35 mg/L
Roundup® reached reproductive age, but almost all eggs and developing embryos were
aborted and did not hatch, whereas animals exposed to 4.05 mg/L Roundup® died before
reaching maturation. However, fecundity in Daphnia magna exposed to Roundup® concentra‐
tions of 0.05 and 0.15 mg/L was not significantly affected. The abortion rates for animals
exposed to Roundup® concentrations of 0.05, 0.15 and 0.45 mg/L were not significantly
different from those of the control group. On the other hand, the abortion rates for animals
exposed to 1.35 mg/L of Roundup® were significantly higher than control group, reaching
nearly 100 %. Cuhra et al. also reported that the size of first clutch (brood) juveniles born from
groups exposed to 0.05, 0.15 and 0.45 mg/L Roundup® were not significantly different from
the control group [44]. However the size of second clutch juveniles from animals exposed to
0.05, 0.15 and 0.45 mg/L Roundup® were significantly smaller than those of the control group.
The authors contextualized their findings by comparing them to the general US EPA environ‐
mental guideline limit for glyphosate and the California State’s specific EPA environmental
guideline limit for glyphosate, which were 0.7 and 1.0 mg/L, respectively. These limits for
glyphosate in surface waters are between the 0.45 and 1.35 mg/L concentrations Cuhra et al.
used in their study [44]. They concluded that since D. magna showed complete reproductive
failure and aborted all eggs in early-to-late stages of embryonic development when exposed
to 1.35 mg/L suggests that the US EPA and the California State’s environmental guidelines
may not be sufficiently restrictive to ensure viable populations of D. magna and other aquatic
invertebrates.

Studies with rats seemed to suggest that the respiratory and hepatic systems as well as
reproductive functions including sperm production or libido, and even foetal development
can be altered by exposure to Roundup®. This may be attributed to the fact that xenobiotics in
the aquatic ecosystem may lead to endocrine disruption at a reproductive and more specifically
testicular level in young as well as adult mammals [45]. For example, different forms of
testicular dysgenesis (abnormal development and growth of the testicles) have been linked to
xenobiotics in aquatic ecosystems. These include decrease in sperm quantity and quality,
increase in congenital malformations such as cryptorchidism (the absence of one or both testes
from the scrotum) and hypospadias (abnormally placed urinary meatus), and preoccupying
increase of testicular cancer incidences [46-49].
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In a recent study, Prasad et al [50] investigated the genotoxic effects of glyphosate in the cells
of Swiss Albino mice by measuring chromosomal aberrations (CAs) and micronuclei (MN) in
bone marrow cells after exposure for 24, 48 and 72 h. Glyphosate treatment group mice were
exposed by giving them a single dose of glyphosate intraperitoneally (i.p) at a concentration
of 25 and 50 mg/kg b.wt. Simultaneously, positive control group mice were injected i.p.
benzo(a)pyrene (100 mg/kg b.wt, once only), while control (vehicle) group mice were injected
i.p. dimethyl sulfoxide (0.2 mL). Mice from all the groups were sacrificed at sampling times of
24, 48, and 72 h and their bone marrow analysed for cytogenetic and chromosomal damage.
They reported that CAs and MN induction increased significantly in glyphosate treatment
groups at both given dosages and time compared with the vehicle control group (P < 0.05).
They also reported that glyphosate caused cytotoxic effects in the mice by significant decrease
in mitotic index (MI). Based on their findings, Prasad et al [50] concluded that glyphosate is
clastogenic and cytotoxic to mouse bone marrow.

In another study by Clair et al., mature rat fresh testicular cells were exposed to glyphosate
and its formulation, Roundup®, from 1 to 10000 ppm [51]. This is the concentration range
reported in some human urine and the environment, as well as in agricultural application
levels. They found that Leydig cells got damaged from 1 to 48 h of Roundup® exposure, while
other cells where damaged within 24-48 h; all mainly caused by necrosis. By contrast, glyph‐
osate alone was toxic on Sertoli cells and later induced apoptosis at higher doses in germ cells
and in Sertoli/germ cells co-cultures. At lower concentrations (i.e. 1 ppm), Roundup® and
glyphosate were found to impact the endocrine system as they caused 35% decrease in
testosterone, but only a high contamination appears to induce an acute rat testicular toxicity.

The effects of glyphosate on wildlife is not all that gloomy. At least, one study has reported
this. Acacia et al. [52] studied the effects of glyphosate (as an active ingredient) and Round‐
up® (as a formulation) on oyster gametes and embryos to find a possible link between
genotoxicity and reproduction/developmental impairment. They wanted to explore the impact
of chemical genotoxicity on population dynamics of oysters since glyphosate is frequently
found in oyster production areas, among other herbicides. Considering that oyster’s gametes
and embryos are in direct contact with the surrounding waters because its mode of reproduc‐
tion is external, the presence of these agrochemicals does not only pose risk to oysters but also
other aquatic organisms. In their study, Akcha et al. [52] exposed oyster spermatozoa and
embryos to 0.5; 1.0; 1.5; 2.5; 5.0 µg active substance/L of both glyphosate and Roundup®. They
reported that glyphosate and Roundup® had no effect on the oyster development at the
concentrations tested. Their spermiotoxicity study also showed neither glyphosate nor
Roundup® to be cytotoxic for oyster spermatozoa. It should be noted that although these
findings by Akcha et al. [52] showed no negative effect on sperm function, the possible impact
on fertilization rate and the consequences of the transmission of damaged DNA for oyster
development and physiological performances was not investigated. More importantly, Akcha
et al. [52] findings suggest that proper monitoring of usage of agrochemicals has the potential
of minimising their toxic effects in the environment.
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4. Toxicity of glyphosate and glyphosate-based herbicides to humans

Since the commercial introduction of glyphosate as a herbicide, its health effects have been
studied intensely with the general conclusion that it is safe for humans [27, 42, 53]. However,
recent published studies indicate that occupational exposure of humans to the herbicide is
associated with increased cancer risks [54-55]. Also during the course of production of the
herbicide, humans may come into dermal and/or inhalative contact with it. Although the
shikimic pathway through which glyphosate disrupts plants biochemical activities is not
found in animals, various studies seem to suggest the agrochemical may affect other pathways.
The mitochondria and cytochrome P450 (CYP) pathways are thought to include possible
candidate sites of action in animals, although there is no solid evidence to support such claims.

Mesnage et al. [56] investigated potential toxicity of 9 glyphosate-based formulations as well
as technical grade glyphosate and polyethoxylated tallowamine POE-15 (the major adjuvant
used in glyphosate-based formulations) to human cells, including hepatic (HepG2), embryonic
(HEK293) and placental (JEG3) cell lines, after 24 h exposures [56]. They measured mitochon‐
drial activities, membrane degradations and caspases 3/7 activities as endpoints. The authors
reported that all formulations were more toxic than glyphosate, but POE-15 was found to be
the most toxic against human cells, even if others were not excluded. The toxicity effect began
with negative dose-dependent effects on cellular respiration and membrane integrity between
1 and 3 mg/L at environmental/occupational doses. They reported that POE-15 induced
necrosis when its first micellisation process occurred, while glyphosate promoted endocrine
disrupting effects after entering cells. The findings of Mesnage et al. challenged the establish‐
ment of guidance values such as the acceptable daily intake (ADI) of glyphosate since these
are mostly based on a long term in vivo test of glyphosate alone [56]. The authors suggested
that it is imperative to assess whole formulations of pesticides as mixtures with adjuvants that
could change their toxicity in pesticide toxicity investigations.

Another study by Samsel and Seneff [57] asserted that glyphosate is minimally toxic to humans
since residues are found in food stuff, including sugar, corn, soy and wheat. In their opinion,
the disruption of cytochrome P450 (CYP) enzymes activities by glyphosate is an overlooked
component of its toxicity to mammals. In a recent study, they reported that glyphosate
interferences with cytochrome P450 (CYP) enzymes and acts synergistically to disrupt the
biosynthesis of aromatic amino acids by gut bacteria, as well as impairment in serum sulphate
transport. According to the authors, one of the many crucial functions of CYP enzymes is
detoxification of xenobiotics. Therefore, by disrupting CYP enzymes activities, glyphosate
enhances the damaging effects of other food borne chemical residues and environmental
toxins. This adversely affects the body though the impact is subtle and manifests slowly over
time as inflammation damages cellular systems throughout the body. Ultimately, these result
in diseases and conditions such as gastrointestinal disorders, obesity, diabetes, heart disease,
depression, autism, infertility, cancer and Alzheimer’s disease; mostly associated with a
Western diet. Based on their study outcome, Samsel and Seneff described glyphosate as
“textbook example” of exogenous semiotic entropy: the disruption of homeostasis by envi‐
ronmental toxins”.
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Further recent studies have also suggested glyphosate to be an endocrine disrupting chemical
(EDC), which has the potential to cause adverse health effects in humans [58]. In a study to
evaluate the EDC properties of glyphosate in humans, Thongprakaisang et al [58] investigated
the effects of technical grade glyphosate on estrogen receptors (ERs) mediated transcriptional
activity and their expressions [58]. They reported that the proliferative concentrations of
glyphosate, which caused the activation of estrogen response element (ERE) transcription
activity, were 5-13 fold more than the control in T47D-KBluc cells. However, the activation
was inhibited by an estrogen antagonist, ICI 182780, which implied that the estrogenic activity
of glyphosate was mediated via ERs. The findings of this investigation suggest that low and
environmentally relevant concentration of glyphosate can disrupt the hormonal systems of
humans. Furthermore, the effects demonstrate that glyphosate is or could act as a “xenoestro‐
gen” and may be capable of inducing EREs in a manner slightly weaker but functionally similar
to Estradiol (E2), the most potent human estrogen.

In another study to investigate the xenobiotic toxicity of glyphosate, Gasnier et al. exposed the
human liver HepG2 cells to four different formulations and to glyphosate, and measured the
cytotoxicity, genotoxicity, anti-estrogenic (on estrogen receptors (ERα) and (ERβ)) and anti-
androgenic effects (on androgen receptor (AR)), as well as checked androgen to estrogen
conversion by aromatase activity and mRNA [59]. They reported that all parameters were
disrupted at sub-agricultural concentrations with all formulations within 24 h, with the effects
more dependent on the formulation than on the glyphosate concentration. They also stated
that concentration levels above 0.5 mg/L of the most active formulation (R400) caused a human
cell endocrine disruption on the androgen receptor in MDA-MB453-kb2 cells, while concen‐
tration levels above 2 mg/L inhibited transcriptional activities on both ERs on the HepG2. The
authors also reported that concentration levels above 10 mg/L disrupted aromatase transcrip‐
tion and activity, while cytotoxic effects started at concentration levels above 10 mg/L and
DNA damages (genotoxic effects) at 5 mg/L.

Richard et al also investigated the effects of glyphosate and Roundup® on human placental
JEG3 cells within 18 h with concentrations lower than those found with agricultural use [60].
They stated that both chemical substances were toxic to the human placental JEG3 cells and
this effect increases with concentration and time but Roundup® was found to be more toxic
than glyphosate. They also tested the effects of both chemical substances at lower environ‐
mentally nontoxic concentrations on aromatase, the enzyme responsible for estrogen synthe‐
sis. They reported that Roundup® disrupted aromatase activity and mRNA levels and
interacted with the active site of the purified enzyme, but the effects of glyphosate were
facilitated by adjuvants in microsomes or in cell culture. Based on their findings, Richard® et
al suggested that glyphosate and Roundup® can induce endocrine and toxic effects in humans
and other mammals.

In a separate study to ascertain whether glyphosate exposure may cause DNA damage and
cancer in humans, Koller et al. investigated exposure of workers via inhalation to technical
glyphosate and Roundup UltraMax, glyphosate-based herbicide [61]. They reported that the
cytotoxic and genotoxic properties of glyphosate in the workers’ buccal epithelial cell line
(TR146) induced acute cytotoxic effects at concentration 40 mg/L after 20 min, which were due

Ecotoxicology of Glyphosate and Glyphosate-Based Herbicides — Toxicity to Wildlife and Humans
http://dx.doi.org/10.5772/60767

105



to membrane damage and impairment of mitochondrial functions. Similarly, they stated that
Roundup UltraMax induced release of extracellular lactate dehydrogenase at concentrations
80 mg/L, which indicates membrane damage. In their study, Koller et al. showed that both
glyphosate and Roundup UltraMax induced DNA migration in single-cell gel electrophoresis
assays at concentrations 20 mg/L [61]. The authors again showed that the frequencies of
micronuclei and nuclear buds were elevated after 20 min exposure to 10-20 mg/L, as well as
increase of nuclear aberrations that reflected DNA damage. However, nucleoplasmatic bridges
were only enhanced by glyphosate at the highest dose (20 mg/L). The authors concluded that
their findings suggest that inhalation of glyphosate and glyphosate-based herbicides by
humans may cause DNA damage in exposed individuals since they found genotoxic effects
after short exposure to concentrations that correspond to a 450-fold dilution of spraying used
in agriculture [61].

5. Conclusion

In this chapter, we discussed the perceived “friendly” nature of glyphosate and glyphosate-
based herbicides and their apparent non-toxicity to both wildlife and humans. This notion has
been in existence ever since glyphosate was first introduced as a commercial herbicide in the
1970s largely because the herbicidal activity of glyphosate targets the inhibition of the
shikimate pathway in particular, which is only present in plants and microorganisms. Thus
glyphosate is classified by the US EPA as a Group E carcinogen, and therefore is non-carcino‐
genic to humans. However, current investigations involving glyphosate exposure to wildlife
and humans show adverse effects resulting from genotoxicity, cytotoxicity and reproductive
toxicity. These have been reviewed with examples in this chapter. Furthermore, we have
demonstrated that the herbicide has an endocrine impact at very low environmentally relevant
concentrations. This review of glyphosate herbicides needs to be taken seriously since the use
of glyphosate-contaminated plant products as dietary supplements may pose a risk of cancer
in humans because of their potential additive estrogenicity. In addition, the extensive use of
glyphosate-based herbicides in genetically modified glyphosate-resistant plants grown for
food and feed should be of grave concern since they can be sources of genotoxicity, cytotoxicity,
and reproductive toxicity in wildlife and humans.
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Abstract

Poncho is a commercial formulation of neonicotinoid insecticides and a new agro‐
chemical in Mexico, and it has the active ingredient clothianidin. The genotoxic effects
of this commercial formulation of clothianidin on CD1 male mice were analyzed using
micronucleus and comet alkaline assays. Three concentrations of clothianidin (20, 40,
and 80 mg/kg/body weight) as well as negative (deionized water) and positive
controls (cyclophosphamide 40 mg/g/body weight) were intraperitoneally injected
into groups of mice every 3 days for 21 days. Peripheral blood samples were drawn
from the caudal vein and divided to carry out the comet alkaline and micronuclei
assays. DNA damage was evaluated using three genotoxicity parameters: the comet
frequency, the tail length, and the moment from 100 nuclei. Additionally, the
micronuclei frequency was quantified in 2000 peripheral blood erythrocytes using
Giemsa stain. The results of the comet assay showed that the neonicotinoid insecticide
Poncho leads to a significant increase in these three genotoxic parameters and in
micronuclei frequency in the peripheral blood erythrocytes of mice treated with either
concentration as compared with negative controls. At 80 mg/kg/body weight of
Poncho, higher micronuclei frequencies and many more DNA strand breaks were
observed compared with the negative controls. This study demonstrates that the
commercial neonicotinoid insecticide Poncho induces genotoxic effects in CD1 male
mice.

© 2015 The Author(s). Licensee InTech. This chapter is distributed under the terms of the Creative Commons
Attribution License (http://creativecommons.org/licenses/by/3.0), which permits unrestricted use, distribution,
and reproduction in any medium, provided the original work is properly cited.
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1. Introduction

The neonicotinoid pesticides are nicotine synthetic chemical compounds used in agriculture,
veterinary, and human medicine. These pesticides are represented by three groups: nitro‐
methylenes (nithiazine and nitenpyram), nitroguanidines (imidacloprid, thiamethoxam,
dinotefuran, and clothianidin), and cyanoamidines (thiacloprid and acetamiprid) [1].

Diverse commercial formulations of neonicotinoid insecticides have been registered in Mexico,
such as Jade (imidacloprid), Calypso (thiacloprid), and Poncho (clothianidin). Poncho® is one
of the most widely used to treat maize seeds because of its broad-spectrum insecticide activity
and relatively small risk to nontarget organisms and the environment. these pesticides have
less persistence in the environment due to their low toxicity, no bioaccumulation in biological
tissues, and high efficacy to control pests in agricultural crops, they are a replacement for
pyrethroids, organophosphates, and carbamate pesticides [2].

Neonicotinoid insecticides act selectively on central nervous system as agonists of the nicotinic
acetylcholine receptor (nAChR) in both invertebrates and vertebrates [3]. They are classified
to be moderately toxic (category II) and slightly toxic (category III) to mammalian. Reviews of
the safety of neonicotinoid insecticides have been performed by several regulatory agencies,
and their authors have concluded that there are no indications of any human health effects [4].

Epidemiological studies have suggested a correlation between exposure to pesticides and
increase the incidence of diseases and cancer. However, the toxic effects by exposure to
pesticides depend on diverse factors, including time and exposure pathways, pesticide type,
metabolism, diet, state of antioxidants, and general health [5]. It is important to evaluate the
genotoxic actions of these new agricultural pesticides to increase the available toxicological
data and to promote regular use that does not pollute the environment and leave pesticide
residue in water and food sources where it is a possible risk to human health and the health
of other organisms. Exposure to pesticides has also been associated with an increased incidence
of functional alterations in the nervous [6], respiratory [7], reproductive [8], and immune
systems [9].

Some investigations have demonstrated that clothianidin-based insecticides induce in vitro
DNA damage in human peripheral lymphocytes [10] and affect the reproduction of rats [11]
and birds [12], as well as DNA fragmentation in germinal cells and the inhibition or delay of
embryonic development [13]. Because clothianidin represents a health risk and information
on its in vivo genotoxic effects is scarce, the present study aimed to investigate the DNA damage
caused by this agrochemical in the blood peripheral cells of CD1 mice through alkaline comet
and micronuclei tests. The comet assay is an early effect biomarker that detects DNA single-
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and double-strand breaks, or apoptosis between others, induced by environmental genotoxins
both in vitro [16] and in vivo [17].The micronucleus assay is one of the most widely used in
vivo screening tests in genotoxicity testing [18]. Classically, a micronucleus is defined as a small
extranuclear chromatin body originating from a centric fragment or a whole chromosome lost
from the metaphase plate. Therefore, frequencies of micronuclei have been considered reliable
biomarkers of both chromosome breakage and chromosome loss [18, 19]. Thus, a major
strength of the assay is its ability to detect the effects of both clastogens [19] and aneugens [19].

2. Materials and methods

2.1. Preparation of the neonicotinoid insecticide dilutions

The neonicotinoid insecticide Poncho was donated by Bayer CropScience (México) for the
genotoxicity assays. Poncho® (E-1-(2-Chloro-1, 3-thiazol-5-ylmethyl)-3-methyl-2-nitroguani‐
dine; RSCO-INAC-103K-301-342-048; flowable suspension: clothianidin, 600 g a.i/L) was
diluted with deionized water; cyclophosphamide was also diluted in deionized water. The
concentrations of clothianidin used were selected from our preliminary in vivo studies in mice
using micronuclei and alkaline comet assays.

2.2. Animals

Two- to three-month-old CD1 male mice (∼30–35 g body weight) were acclimatized for 2
weeks before the start of the treatments. The mice were housed in polypropylene cages with
sawdust bedding at a controlled temperature of 20 ± 2°C and a humidity of 50 ± 10% with a
12-h light:12-h dark cycle. They were given a standard diet and water ad libitum in the Faculty
of Sciences Biotery at University National Autonomous of Mexico. The animals were treated
and housed in accordance with the Guide for the Care and Use of Laboratory Animals.

2.3. Experimental design

Twenty animals were divided into five groups of four animals each and intraperitoneally
injected with 20, 40, or 60 mg/kg weight body of Poncho every 3 days for 21 days. A positive
control group was intraperitoneally injected with 40 mg/kg weight body of cyclophosphamide,
and a negative control group was injected with deionized water under the same conditions.
Peripheral blood samples were obtained from the caudal vein of each mouse before treatment
and every third day during treatment and used to carry out the alkaline comet and micronu‐
cleus assays. Additionally, body weight and food consumption were monitored before and
during the treatments.

2.4. Alkaline comet assay

The alkaline comet assay was performed as previously described [14, 15]. Briefly, blood
peripheral cells (1 µL) were mixed with 200 µL of low melting point agarose (0.5%) at 37°C,
and 100 µL was placed on a frosted slide (Fisher) with normal melting point agarose (1%) and
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covered with a coverslip. Two gels were made for each animal. The gels were solidified for 5
min at 4°C after they were immersed in a freshly prepared cold lysis solution (2.5 M NaCl, 100
mM EDTA, 10 mM Tris, 1% Triton X-100, and 10% DMSO, pH 10) at 4°C for 1 h. Unwinding
the DNA was realized in cold alkaline buffer (300 mM NaOH, 1 mM EDTA, pH 13) for 20 min.
Electrophoresis was carried out at 25 V and 300 mA for 20 min. The gels were washed with
neutralization buffer (0.4 M Tris, pH 7.5) and fixed with cold absolute methanol for 10 min.
The gels were coded and stained with 70 µL of GelRed (10%) and observed in fluorescent
microscope (Axiostar Plus Carl Zeiss) with an excitation filter (515–560 nm) and a barrier filter
(590 nm) at 40× magnification using the Comet IV software. Three genotoxic parameters were
quantified: (a) frequency of comets (nuclei with DNA damage), (b) length of tail (DNA
fragmentation), and (c) tail moment in 100 consecutive nuclei (Figure 1)[20].
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A B

Figure 1:Peripheral blood cell from CD1 male mice. A: 
Nuclei without DNA damage (without comet) and B: 
Nuclei with DNA damage (with comet).  

Figure 1. Peripheral blood cell from CD1 male mice. A: Nuclei without DNA damage (without comet) and B: Nuclei
with DNA damage (with comet).

2.5. Micronuclei test

Two microliters of peripheral blood was used for blood smears (two for each animal), air-dried,
and immediately fixed in absolute methanol and stained with Giemsa (10%) in Sorensen’s
solution for 6 min. The frequency of micronuclei (MN) was estimated by analyzing 2000
peripheral blood erythrocytes from each animal (1000 per slide) in each group by microscopy
at 1000× magnification. The criteria for the identification of micronuclei were based on a
standard procedure, and the analysis was restricted to micronuclei in the vicinity of the main
nuclei (Figure 2) [18, 19,20].

2.6. Statistical analysis

Comet frequencies, tail lengths, tail moments, and frequencies of micronuclei are reported as
the mean ± the standard error of the mean (SEM) obtained for one treatment group. One-way
analysis of variance (ANOVA), Student t test, and Bonferroni test were used to determine
significant differences between the treated groups and the negative and positive control
groups using GraphPad Prism. The results were considered statistically significant at P < 0.05.
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solution for 6 min. The frequency of micronuclei (MN) was estimated by analyzing 2000
peripheral blood erythrocytes from each animal (1000 per slide) in each group by microscopy
at 1000× magnification. The criteria for the identification of micronuclei were based on a
standard procedure, and the analysis was restricted to micronuclei in the vicinity of the main
nuclei (Figure 2) [18, 19,20].

2.6. Statistical analysis

Comet frequencies, tail lengths, tail moments, and frequencies of micronuclei are reported as
the mean ± the standard error of the mean (SEM) obtained for one treatment group. One-way
analysis of variance (ANOVA), Student t test, and Bonferroni test were used to determine
significant differences between the treated groups and the negative and positive control
groups using GraphPad Prism. The results were considered statistically significant at P < 0.05.
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3. Results

3.1. DNA damage induced by Poncho neonicotinoid insecticide in peripheral blood cells of
CD1 mice

Table 1 shows the mean values of the comet frequencies, tail lengths, and tail moments
measured from the peripheral blood cells of CD1 mice after the intraperitoneal injection of
Poncho (20, 40, and 80 mg/kg body weight every 3 days) over 21 days. The genotoxicity results
indicate that after the second administration of 20 mg/kg body weight of Poncho (at 6 days),
there was no statistically significant effect on these three genotoxic parameters in the blood
peripheral cells compared with either the negative control group at 6 days or basal levels in
pretreatment mice. However, after the third administration with 20 mg/kg body weight of
Poncho, the mean values of these genotoxic parameters were significantly greater than those
of the negative control group and the pretreatment mice. This increase in induced DNA
damage in the blood cells remained throughout 21 days of treatment.

After the second administration of 40 mg/kg body weight (at 6 days), the mean values of
the three genotoxic parameters were significantly higher in the blood cells of the treated
CD1 mice than in the negative control  group or in the pretreatment mice.  Furthermore,
after the third intraperitoneal administration, the mean comet frequency, tail length, and
tail  moment  were  greatly  increased compared with  the  negative  control  group and the
pretreatment  mice.  A higher  frequency of  comets  with  greater  tails  occurred after  sixth
administrations (at 15 days), and apoptotic nuclei were observed after the seventh admin‐
istration (results not shown).

22 

Figure 2. Peripheral blood erythrocytes with micronucleus 
from CD1 male mice after exposition with Poncho 
neonicotinoid insecticide. 

Figure 2. Peripheral blood erythrocytes with micronucleus from CD1 male mice after exposition with Poncho neonico‐
tinoid insecticide.
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Animals Genotoxic Repeted exposition (after days)

Concentration (n) parameters day 0 3 6 9 12 15 18 21

of Poncho means ± SEM

mg/Kg

frequency of

20 4 comets 4.0 ± 1.9 6.0± 0.8 4.0± 1.0 12.0 ±1.8* 16.0 ± 2.1* 24.0 ± 1.6** 36.0 ± 2.4** 44.0 ± 1.0**

Tail lenght 16.33 ± 0.9 16.77± 0.9 18.22 ± 0.9 34.00 ± 0.9** 36.44± 2.4** 40.67± 2.9** 44.31± 2.2** 54.22 ± 2.2**

Tail moment 0.36 ± 1.2 0.39 ± 0.4 0.56± 0.6 2.11 ± 0.9** 2.44± 2.9** 2.99 ± 2.0** 3.33± 2.0** 3.88 ± 2.0**

frequency of

40 4 comets 4.0 ± 1.1 6.0± 1.2 18.00±1.0* 34.0 ± 0.6* 46.0 ± 2.0* 52.0 ± 2.2** 42.0 ± 1.3** 40.0 ± 1.9**

Tail lenght 18.44 ± 0.9 21.08± 1.3 36.22±1.3** 48.00 ± 2.9** 36.44± 0.9** 60.67± 2.4** 44.31± 2.2** 54.22 ± 2.2**

Tail moment 0.36 ± 0.9 0.88 ± 1.1 2.96 ± 1.9** 2.61 ± 1.4** 2.44± 1.2** 3.69 ± 1.6** 3.33± 1.0** 3.28 ± 1.2**

80 4 frequency of

comets 4.0 ± 1.9 16.0 ± 0.8* 36.0± 1.0** 50.0 ± 0.6** 71.0± 1.4** 64.0± 1.2** 50.0 ± 0.9** 54.0 ± 2.1**

Tail lenght 12.22 ± 0.9 36.77 ± 2.1* 43.22 ± 0.9** 66.90 ± 1.9** 86.48 ± 2.2** 62.90± 2.4** 64.66± 2.4** 52.82 ± 1.8**

Tail moment 0.64 ± 1.4 3.12 ± 2.0* 3.99 ± 0.9** 5.66 ± 1.5** 6.88 ± 2.7** 4.99 ± 1.9** 5.12± 2.9** 4.67 ± 2.9**

Negative 4 frequency of

Control comets 6.0± 1.9 2.0± 0.8 4.0± 1.0 6.0± 0.6 6.0 ± 07 8.0 ± 1.0 6.0 ± 1.0 4.0± 2.0

Group Tail lenght 14.33 ± 0.8 22.77± 2.4 23.11 ± 2.4 18.40 ± 2.1 16.24± 0.9 20.99± 1.4 14.31± 0.8 22.33 ± 1.4

Tail moment 0.52 ± 1.2 0.77 ± 0.8 0.83 ± 1.0 0.99± 1.2 1.44± 0.8 0.99 ± 0.5 0.86± 0.9 0.78 ± 1.6

CP frequency of

Positive 4 comets 4.0 ± 1.2 10.0 ± 0.8* 18.0 ± 1.0** 24.0 ± 0.6** 30.0 ± 0.9** 56.0 ± 1.4** 44.0 ± 2.7** 34.0 ± 2.3**

control Tail lenght 18.48 ± 1.6 26.77± 2.2* 33.22 ± 2.4** 38.00 ± 1.2** 42.44± 2.2** 70.67± 2.3** 44.31± 0.9** 34.82 ± 1.8**

Tail moment 0.72 ± 1.2 1.99 ± 1.9* 3.66 ± 2.3** 3.88 ± 2.1** 5.44± 2.0** 4.56 ± 2.0** 3.99± 1.2** 3.24 ± 0.4**

Genotoxic parameters means =100 nuclei for organism in each group

*Significant differences among treated groups by analysis of Student ´t° test p <0.05, and therefore the Bonferroni
comparison test was applied, p<0.01 **

CP=40 mg/kg of cyclophosphamide

Table 1. DNA damage induced by Poncho neonicotinoid insecticide in peripheral blood cells of CD1 male mice

In CD1 mice treated with 80 mg/kg body weight of Poncho insecticide, the means of the three
genotoxic parameters significantly increased after the first administration (at 3 days) and
remained higher than those of the negative control group and the pretreatment mice through‐
out the treatment (Table 1). This high concentration of insecticide produced severe DNA
damage in the blood peripheral cells after three treatments, with 70% of cells producing comets
and larger tail lengths and tail moments than the negative control group or the pretreatment
mice. However, the mean comet frequency, tail length, and tail moment were significantly
decreased after 15 days of administration compared with the negative control group and the
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Table 1. DNA damage induced by Poncho neonicotinoid insecticide in peripheral blood cells of CD1 male mice

In CD1 mice treated with 80 mg/kg body weight of Poncho insecticide, the means of the three
genotoxic parameters significantly increased after the first administration (at 3 days) and
remained higher than those of the negative control group and the pretreatment mice through‐
out the treatment (Table 1). This high concentration of insecticide produced severe DNA
damage in the blood peripheral cells after three treatments, with 70% of cells producing comets
and larger tail lengths and tail moments than the negative control group or the pretreatment
mice. However, the mean comet frequency, tail length, and tail moment were significantly
decreased after 15 days of administration compared with the negative control group and the
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pretreatment mice. Greater numbers of apoptotic nuclei were observed throughout the course
of treatment (data not shown).

3.2. Micronuclei frequency in peripheral blood erythrocytes from CD1 mice treated with
Poncho insecticide

The micronuclei frequencies in the peripheral blood erythrocytes of CD1 male mice treated
with the Poncho insecticide are shown in Table 2. No significant increase in micronuclei
frequency was observed in the blood cells of the male mice after the first administration with
20 mg/kg body weight Poncho compared with either negative control or pretreatment mice.
However, after the second administration, the frequency of micronuclei was significantly
higher in the treated mice than in the negative controls or the pretreatment mice (P < 0.05).
This significant induction of micronuclei was observed and remained constant throughout the
treatment course.

At concentrations of 40 and 80 mg/kg body weight, no significant differences in micronuclei
frequency compared with controls or pretreatment mice were observed after the first admin‐
istration first (P < 0.05). However, after the second administration, both 40 and 80 mg/kg body
weight of Poncho significantly increased the micronuclei frequency in treated mice compared
with negative control or pretreatment mice (P < 0.05). The observed production of chromoso‐
mal damage was consistent in all of the groups after administration throughout the treatment
course (Table 2).

Animals Treatment squeme (after days)

Concentration (n) day 0 3 6 9 12 15 18 21

of Poncho Frequency of micronuclei ( means ± SEM )

mg/Kg

20 4 0.5 ± 0.91 0.7 8± 0.82 1.66 ± 0.70* 2.94 ± 0.82* 2.67 ± 0.39* 2.44 ± 0.66* 3.69 ± 1.04* 5.46 ± 1.04*

40 4 0.8 ± 0.86 0.92 ± 0.23 2.33 ± 0.42* 3.82 ± 0.44* 4.99 ± 0.99* 8.66 ± 0.79* 14.0 ± 1.09* 16.0 ± 1.02*

80 4 0.7 ± 0.33 0.74 ± 0.84 3.55 ± 0.48* 5.45 ± 0.62* 7.0 ± 0.49* 12.0 ± 0.99.* 18.0 ± 0.99* 24.0 ± 0.93*

Negative

Control 4 0.8 ± 0.93 0.92 ± 0.80 0.57 ± 1.09 1.0± 0.69 0.78 ± 0.79 1.0 ± 0.88 1.0 ± 0.90 1.0± 0.76

Group

positive

Control 4 0.5 ± 0.29 4.96 ± 0.83* 5.88 ± 1.00* 7.99 ± 1.01* 9.78 ± 1.10* 13.09± 1.42* 13.0 ± 1.22* 14.0 ± 1.02*

Group

CP

n=2000 peripheral blood erythocytes forn organism in each group

*Significant differences among treated groups by analysis of Student °t° test were found the p <0.05, and therefore the
Bonferroni comparison test was applied, p<0.01

CP= 40 mg/Kg of cyclophosphamide

Table 2. Micronuclei frequency in perypheral blood erythrocytes from CD1 male mice treated with Poncho
neonicotinoid insecticide
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Cyclophosphamide, which was used as a positive control, produced significant increases in
DNA strand breaks and the frequency of micronuclei in the blood peripheral cells of treated
CD1 male mice compared with the negative control and pretreatment mice. An increase in the
percentage of micronuclei was observed after the second injection and throughout the
treatment course (Tables 1 and 2).

4. Discussion

The present study was designed to evaluate DNA damage using alkaline comet assay and
measurements of micronuclei frequency in CD1 male mice treated every 3 days over a 21-day
period with low (20 mg/kg body weight) and high concentrations (40 and 80 mg/kg body
weight) of the neonicotinoid insecticide Poncho (clothianidin). We found that clothianidin
induced concentration- and time-dependent increases in DNA strand breaks and micronuclei
frequency in the peripheral blood cells of CD1 mice. Our results are in agreement with data
obtained from in vivo genotoxic studies performed with other neonicotinoid insecticides. In
Wistar albino rats intraperitoneally injected with 50 or 100 mg/kg body weight of commercial
acetamiprid and imidacloprid formulation, Confidor® and pure imidacloprid for 90 days
induced a significant increase of frequency of micronuclei and chromosomal aberrations in the
bone marrow cells [21]. Therefore, this increase in micronuclei frequency was observed at 300
mg/kg body weight of imidacloprid (Confidor®) in rat bone marrow cells [22]. At 0.2 or 0.5
mg/kg imidacloprid in dry soil for 14 days produced spermatic malformations in Eisenia
fetida. The same species of nematode exposed to 0.05, 0.1, 0.2, or 0.5 mg/L imidacloprid for 2 h
caused a significant increase in DNA damage in coelomocytes with relationship response
doses [23, 24]. Also, an increase in the frequency of micronuclei and DNA strand breaks were
observed in peripheral blood erythrocytes of Rana N. Hallowell exposed to 0.05, 0.1, 0.2, 0.5, 8,
or 32 mg L–1 imidacloprid (pure compound) for 7 days [25].

When comparing the genotoxic action of the three tested concentrations of Poncho insecticide
in CD1 male mice, we observed that at low concentrations (20 mg/kg body weight), DNA
damage occurred after the third administration, and the genotoxic effect was constant
throughout the treatment course. This increase was also observed at concentrations of 40 and
80 mg/kg body weight of insecticide, although these concentrations produced even higher
DNA damage at a few time points during the treatment course. Additionally, we observed
that the long-term administration of high concentrations (40 and 80 mg/kg body weight) of
clothianidin produced an apoptotic response in the peripheral blood cells of this animal model.
Perhaps this apoptotic response was associated with the increased induction of DNA damage
in the blood cells, as well as a mechanism to eliminate damaged cells from the blood tissue.
Another interesting observation in this study was that the increased DNA damage observed
upon treatment with either concentration of Poncho insecticide injected every third day
persisted for at least 48 h. These results indicate that the observed DNA damage was not
repaired and was possibly caused by excessive reactive oxygen species (ROS) production or
greater accumulation of the pesticide or intermediate metabolites that interfered with the
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repair mechanisms of the mice or interacted with DNA to produce the fragmentation visual‐
ized through micronuclei and comet formation.

The genotoxic and apoptotic actions induced in vivo by Clothianidin in peripheral blood cells
may be related to the following factors: (a) the penetration or absorption of the pesticide in the
body and the metabolic pathways that differentially produce intermediate metabolites, (b) the
generation and overall levels of ROS or free radicals that subsequently inactivate detoxification
mechanisms leading to increased oxidative stress, and (c) alterations in DNA damage repair
mechanisms. Another probable explanation for the effects is the accumulation of the original
molecule, which may produce DNA single-strand breaks and induce the formation of
micronuclei in the blood tissue.

The biotransformation of clothianidin insecticide has been studied in rats [26] and mice [27,
28]. The in vivo metabolic pathways of clothianidin in the liver microsomes of rats have been
described. The major metabolic reactions (Phase I metabolism) are oxidative demethylation
by microsomal CYP-450 enzymes to form N-(2-chlorothiazol-5-ylmethyl)-N-nitroguanidine
[28] During Phase II metabolism, it is metabolized mainly to N-methyl-N-nitroguanidine and
2-(methylthio) thiazole-5-carboxylic acid via glutathione conjugation and other guanidine
derivatives [27, 28]. Perhaps, some of these metabolic products are involved in the genotoxicity
of clothianidin in CD1 male mice.

In general, the involvement of ROS has been postulated as a possible mechanism of the
genotoxicity and oxidative damage to cellular molecules such as lipids, proteins, and nucleic
acids caused by neonicotinoid pesticides [29]. Rats treated with 32 mg/kg body weight of
clothianidin by gavage for 90 days exhibited significantly increased sperm DNA fragmentation
and apoptosis caused by oxidative stress [11, 12]. Similar effects were observed in the germinal
cells of male and female quails exposed to 50 mg/kg body weight of clothianidin [13].

Poncho neonicotinoid insecticide is a genotoxic agent that is likely to be a source of free radicals
or ROS in CD1 mice. ROSs, such as superoxide anions (O2●), hydrogen peroxide (H2O2), and
hydroxyl radicals (OH–), are highly reactive with DNA and produce DNA damage, including
single- and double-strand breaks and micronuclei formation. The increased DNA damage
detected in the blood peripheral cells of the CD1 mice in this study could be considered
potential premutagenic lesions, which may increase the risk of cancer and contribute to
autoimmune diseases and other alterations [30].

We used cyclophosphamide as a positive control because it is a potential genotoxic agent in
experimental animals [31]. It is a DNA alkylating agent and a good inducer of oxidative stress.
Cyclophosphamide is metabolized to 4-hydroxycyclophosphamide, aldophosphamide
mustard, and acrolein by cytochrome P-450 enzymes, which are involved in the increase of
oxidative stress, DNA damage, and apoptosis in mammalian cells and produce cytotoxicity in
various target organs [32].

In our research, cyclophosphamide induced a significant increase in the three genotoxic
parameters measured as well as an increase in the frequency of micronuclei in the peripheral
blood cells of CD1 male mice. These results are in agreement with and reported in numerous
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in vivo genotoxic studies of cyclophosphamide, which induced sister chromatid exchange,
micronucleus, DNA strand breaks, and other genetic alterations [33].

The DNA damage observed in the blood tissue of CD1 male mice treated with both low and
high concentrations of neonicotinoid insecticide Poncho suggests potential health risks to
humans and animals. Furthermore, the data obtained with two genetic assays corroborate the
in vivo genotoxic action of this neonicotinoid insecticide and support its regular use since this
insecticide does not pollute the environment or leave pesticide residue in water and food
sources where it is a possible risk to ecosystems.
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Abstract

Via the application of agrochemicals, farmers currently guarantee high productiv‐
ity of fruit and vegetable crops. However, pest reduction using excessive amounts
of  such  chemicals  has  a  negative  effect  on  aquatic  organisms.  The  spray-drift,
leaching,  run-off  or  accidental  spills  occurring  during  or  after  application  has
become  a  serious  and  increasing  problem  for  aquatic  ecosystems.  Pyrimethanil
(PYR) is one of the most used fungicides. Such increase has heightened the interest
in studying the potential  risk and influence of  PYR on the environment.  In this
chapter  information on the  PYR environmental  risks  for  aquatic  organisms was
divided into three different approaches: (i) assessment of toxic effects of the pure
active  ingredient  or  the  commercial  formulation  on  primary  producers,  (ii)
assessment of toxic effects of the pure active ingredient and PYR formulation on
aquatic  animals,  and  (iii)  estimation  of  the  role  of  PYR  as  an  environmental
disturber by triggering avoidance response. The available data provide evidences
that PYR is potentially toxic for many aquatic species, affecting survival, reproduc‐
tion, feeding, growth, and that it  can disturb the environmental quality with no
direct  effect  at  the  individual  level  by  inducing  organisms  to  migrate  to  less
impacted areas.

Keywords: aquatic organisms, ecotoxicity, environmental disturbance, fungicide,
pyrimethanil
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1. Introduction

Increasing  food  requirements  exert  a  constant  pressure  for  intensifying  agricultural
activities, recognized, nowadays, as one of the most important economic activities in many
high  and  low  income  countries  [1].  In  fact,  agriculture  has  been  considered  a  feasible
solution for reducing the levels of poverty and hunger given that the vast majority of poor
people in developing countries are concentrated in rural areas [2].  The high demand for
agricultural  products  requires optimizing the production to reduce the loss  due to crop
diseases such as those caused by fungi. Although incentives for agriculture optimization
and  development  are  usually  paralleled  by  sustainable  practices,  intensive  agricultural
practices and the pursuit for more profitable productions have unfortunately escalated the
increase  in  the  use  of  agrochemicals  against  crop  pests/pathogens.  Additionally,  the
agrochemical  market  represents  an  important  economic  sector  for  many  countries  [3].
According to the previously mentioned authors, although the use of chemicals such as lime
sulfur and Bordeaux mixture as fungicides began in the mid-1800s, only in the 1960s did
fungicides  with  specific  (systemic)  modes  of  action  become  protagonists  in  controlling
against  fungal  pathogens.  The  more  serious  consequence  is  the  fact  that  the  impact  of
agrochemicals  is  not  only  on  pests  and  pathogens,  but  also  on  non-target  organisms
inhabiting adjacent areas, including humans. The excessive and indiscriminate application
of agrochemicals linked to a lack of legal control about their use, commercialization and
regularization  in  many countries  has  given  agrochemicals  a  primary  role  of  concern  in
environmental management. Among the groups of chemicals used in agriculture against
pathogens, fungicides are the third most used agrochemical group, representing ca. 23% of
sales  on  the  agrochemical  market  [4].  Contrary  to  most  agrochemicals,  fungicides  are
frequently applied in a prophylactic manner several times per season, although at lower
application rates than most herbicides and insecticides, which increases the risk of chronic
exposure to aquatic biota [5]. On the other hand, some organisms can develop resistance
to fungicides after relatively short periods (years) of exposure, resulting in fungal patho‐
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and vegetable crops. However, reduction of crop losses by using excessive amounts of such
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accidental spills occurring during or after application of agrochemicals has become a serious
and increasing worldwide problem for aquatic ecosystems [7, 8]. Pyrimethanil (PYR) is one of
the most used fungicides that has been detected in many aquatic ecosystems [5] and one of the
most frequently used in European vineyards [9, 10, 11]. Such increase has heightened the
interest in studying the potential risk and influence of PYR on the environment [3, 5, 12–14].

The main objective of this chapter is to provide information on the environmental risks posed
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(ii) assessment of toxic effects of the pure active ingredient and PYR formulation on aquatic
animals using traditional assays with forced exposure and in situ experiments, and (iii)
estimation of the role of PYR as an environmental disturber by triggering avoidance response
in a non-forced exposure system.

2. Pyrimethanil: Characteristics and hazard potential

The fungicide PYR (N-(4, 6-dimethylpyrimidin-2-yl)-aniline; CAS number 53112-28-0) is an
anilinopyrimidine fungicide that inhibits the secretion of fungal enzymes produced in the
infection process [15, 16]. It was recently developed to act on resistant fungi strains, mainly to
control Botrytis cinerea in grapes (wine), Venturia inaequalis in apples and Botrytis spp. in protein
peas [17], reason for which its use has increased greatly [18, 19]. PYR rapidly penetrates the
cuticle and inhibits the secretion of fungal enzymes required for the infection process, blocking
the ability of fungi to degrade and digest the plant tissues, and thus stopping development of
the disease [17, FAO, see http://www.fao.org/fileadmin/templates/agphome/documents/
Pests_Pesticides/ JMPR/Evaluation07/Pyrimethanil.pdf]. The commercial products that
contain PYR as active ingredient are Clarinet®, Mythos®, Rubin®, Scala®, Siganex®, Vision®, and
Walabi®, which are currently used both pre- and post-harvest to protect various crops such as
apple, banana, carrot, citrus, grape, melon, onion, potato, strawberry, and tomato [16, 18, 20,
see also www.bayercropscience.com.br/Site/nossosprodutos/protecaodecultivosebiotecnolo‐
gia/DetalheDoProduto.fss?Produto=44]. According to the EFSA report [17], PYR is rapidly
excreted once orally absorbed, it has no potential to bioaccumulate, has a low acute toxicity,
is not teratogenic and seems to have no neurotoxic effect; however, studies have observed
acute and chronic toxicity for non-target organisms [7, 14, 21–27] that converts PYR into an
environmental disturber of concern. Unfortunately, despite the intensive agricultural use of
PYR, there is not an exhaustive study regarding the effects on adjacent aquatic ecosystems.
This is possibly related to the assumption that PYR has a short half-life, with fast degradation
[17, 28] and, therefore, possible toxic effects may occur at short term but are minimized at mid-
and long-term. Some chemical and (eco)toxicological characteristics of PYR published by EFSA
[17] can be seen in Table 1.

The regulatory decision to approve a given agrochemical should be based not only on its
efficiency in controlling the pest/pathogen, but also on the potential environmental impact on
non-target organisms inhabiting both target and nearby areas. Given the lack of information
on PYR biological effects and the imminent need to expand the range of toxicity tests, a series
of recent studies have been conducted to fill in this information gap. This chapter is to present
these results and integrate them with the information that was already available. With the
latter purpose, different aquatic organisms from different levels of biological organization
have been used in ecotoxicological studies in the past years to evaluate the potential risks due
to exposure to PYR via different routes. Beside traditional toxicity tests, approaches taking into
account multigeneration responses, temperature influence and behavioral endpoints as well
as in situ exposures have been performed and will be discussed in the next sections.
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Chemical name (IUPAC) N-(4, 6-dimethylpyrimidin-2-yl) aniline

Chemical name (CA) 4, 6-dimethyl-N-phenyl-2-pyrimidinamine

Molecular formula C12H13N3

Molecular mass 199.28 g mol-1

Structural formula

Temperature of decomposition 189.54 to 344.74 °C

Flammability Not flammable

Explosive properties Not explosive

Skin irritation Not irritating

Eye irritation Not irritating

Genotoxicity No evidence

Degradation time in water
and sediment

DT50 water 8.9 to 24 days

DT90 water 70 to 99 days

DT50 whole system 40 to 121 days

DT90 whole system Not stated and 134 days

Toxicity for aquatic
organisms

Rainbow trout LC50 (96 h): 10.56 mg L-1

Daphnia sp. EC50 (96 h): 2.9 mg L-1

Green alga* EbC50/ ErC50 (96 h): 1.2/5.84 mg L-1

Daphnia magna NOEC (reproduction, 21 d): 0.94 mg L-1

Chironomus riparius NOEC (emergence, 28 d): 4.0 mg L-1

Ecotoxicological data Harmful

CA: Chemical Abstract; DT50 and DT90: period required for 50% and 90% dissipation; EC50: median effective concentration;
EbC50: the concentration at which 50% reduction of biomass is observed, ErC50: the concentration at which 50% reduction
of growth rate is observed, IUPAC: International Union of Pure and Applied Chemistry; LC50: median lethal concentration;
NOEC: no observed effect concentration. * Species name is not provided.

Table 1. Chemical and (eco)toxicological characteristics of pyrimethanil [17].

3. Toxicity of pyrimethanil to primary producers (microalgae and
macrophytes)

Agrochemicals can considerably affect the structure of algal communities generating func‐
tional changes, due to alterations in biotic interactions. Freshwater macrophytes and microal‐
gae usually are not the target of agrochemicals; however, the potential impact that these
compounds can have on primary producers is well known [29]. Various studies alerting to the
risk of excessive excessive pesticide application and consequent pollution of aquatic environ‐
ments have been performed using different microalgae, duckweeds, and the aquatic plant
Myriophyllum aquaticum as test organisms [8, 30–36].
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The growth of the floating plants Lemna minor and L. gibba was inhibited by pure PYR with an
IrC50 of 23 and 7.8 mg L-1, respectively [23, 28]. In the same concentration range, the growth of
the unicellular green algae Scenedesmus acutus, S. obliquus, Desmodesmus subspicatus, and
Raphidocelis subcapitata (=Pseudokirchneriella subcapitata and also Selenastrum capricornutum) was
affected [7, 23, 25, 28]. On the other hand, the diatom species Gomphonema parviculum revealed
lower PYR effect concentrations (IrC50 = 0.24 mg L-1, unpublished data). After 4-days-exposure
to 0.2 mg L-1 PYR, maximal photosynthetic capacity of the macrophytes Callitriche palustris and
Elodea canadensis was significantly inhibited [21].
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Figure 1. Growth curves of the microalgae P. subcapitata after 72 h exposure to reference and pyrimethanil-treated mes‐
ocosm samples taken at days 1 and 10 post-application.

Also, toxicity tests with water from PYR-treated mesocosms (commercial formulation
Mythos®; initial PYR concentration of 1.4 mg L-1) were performed with the microalgae P.
subcapitata by Shinn et al. [14]. In the latter study, water samples were taken at day 1 and 10
after PYR application to verify whether immediate effects and those after subsequent PYR
dissipation, respectively, would be different. The cell growth during 72 h exposure to 1-d PYR-
treated mesocosm water diluted at different concentrations and to the 10-d undiluted PYR-
treated mesocosm sample is summarized in Figure 1, together with the growth of cells exposed
to water from the reference mesocosm. P. subcapitata cells exposed to samples from PYR-treated
mesocosms taken at day 1 had their growth strongly inhibited, whereas the effects on cell
growth were less pronounced at day 10, when PYR concentrations showed a reduction of 45%
(0.78 mg L-1) in relation to day 1 (1.40 mg L-1). According to Shinn et al. [14], these results
indicate that depending on the concentration at which PYR reaches the affected aquatic system,
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immediate effects on phytoplankton species can be observed. However, assuming an inter‐
ruption of the contamination by the fungicide, these same effects may become considerably
attenuated in view of the dissipation of PYR from the aquatic compartment.

4. Toxicity of pyrimethanil to aquatic animals

The toxic effects of pure PYR on different aquatic animals and responses have also been
addressed. For the cladocera Daphnia magna the 96 h LC50 (lethal concentration to 50% of
exposed organisms) of pure PYR ranged from 1.2 to 2.9 mg L-1 and the no observed effect
concentration (NOEC) on reproduction after 21 d exposure from 0.5 to 0.9 mg L-1 [17, 23].
Surprisingly, D. magna exposed to 1.0 mg L-1 PYR (LOEC for reproduction, 21 d) at 14, 16, and
19 °C did not produce a F1-generation [23]. The EC50 for the reproduction of the sister species
D. pulex was 0.69 mg L-1 and the NOEC was 0.015 mg L-1 [25].

Regarding aquatic insects, the NOEC of pure PYR for the non-biting midge Chironomus
riparius was 4 mg L-1 [22] and the EC50 for the phantom midge Chaoborus flavicans was 1.78 mg
L-1 [25]. Within a similar PYR range, the oligochaete Lumbriculus variegatus revealed a NOEC
of 4 mg L-1 with respect to reproduction [23] and the snail Physella acuta presented embryo
LC50 of 0.402 mg L-1 [24]. The lethal PYR concentration for 50% of a rainbow trout population
(Oncorhynchus mykiss) was 14 mg L-1, whereas the NOEC for the parameter dry weight was
0.07 mg L-1 PYR [37]. Survival and oxidative stress of the aquatic worm Tubifex tubifex has also
been used as an endpoint to assess the toxicity of PYR [12]. Compared with results previously
described, LC50 values were relatively high, between 39 and 49 mg L-1, after 7 and 1 day
exposures respectively. On the other hand, effects on the activity of catalase (increased activity)
and glutathione-S-transferase (decreased activity) were observed at lower (25 mg L-1) concen‐
trations [12]. These same authors detected a quick (after 4 d) bioaccumulation of PYR in the
worm, but that was reduced in the subsequent days.

Recently, impairment in the feeding ability of the tropical cladoceran Ceriodaphnia silvestrii was
verified by Araújo and collaborators (unpublished data) using the post-exposure feeding
endpoint, increasingly used in ecotoxicological studies [38–41]. In the study of Araujo and
collaborators (unpublished data), a PYR contamination scenario was simulated by applying
the commercial formulation Mythos® to a mesocosm system. Two treatments were considered:
reference (non-contaminated) mesocosms and mesocosms contaminated with PYR at 1.40 mg
L-1. The in situ exposure started one day after application, when C. silvestri individuals (3rd
brood; 3 days old) were exposed for 24 h in the mesocosms in 250 mL cylindrical chambers as
shown in Figure 2. After this period organisms were removed, transported to the laboratory
in containers with the respective mesocosm water, checked for mortality, and surviving C.
silvestriwere fed with a P. subcapitata algal suspension of known concentration for 4 h, time
after which remaining cells were recorded.The feeding of individuals exposed to the com‐
mercial formulation Mythos® applied to mesocosm systems was inhibited up to 31 ± 12%, with
no lethal effect. The absence of an acute effect was expected as according to published data the
lethal toxicity of PYR for the crustacean D. magna is known to occur at concentrations around
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3 mg L-1 [37] and chronic toxicity for D. magna reproduction at approximately 1 mg L-1 [23].
The PYR effects on the feeding of C. silvestri showed post-exposure feeding can be a suitable
endpoint to discriminate the effects of contamination caused by the fungicide PYR. Since
feeding is a mechanism by which organisms obtain energy for many biological functions (e.g.,
development, growth, reproduction, survival), the impairment of the feeding capacity may be
critical not only for the organisms themselves (reduced competitive ability, energy imbalance,
higher susceptibility to predation), but also for ecosystem functioning as an unbalance in the
food web (increase in phytoplankton community due to a decrease in grazing) may have
consequences at the community level [39].
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Figure 2. Exposure of Ceriodaphnia silvestri to pyrimethanil in mesocosms and schematic diagram of the exposure
chamber.

Aiming to assess the suitability of the yeast Saccharomyces cerevisiae gene expression–based
assay for screening the toxicity of worst-cases of soil and water PYR contamination, soils were
sprayed with the commercial formulation Scala® to simulate accidental spill doses and runoff
events [42]. The authors found that, although less sensitive, the yeast-based assay correlated
well with the toxicity of runoff and soil samples to the following aquatic and soil organisms:
D. magna (48 h-survival, LC50 of 0.8 mg L-1, and 21 days-reproduction, EC50 of 0.49 mg L-1), C.
riparius (10 days growth, EC50: 92.5 mg L-1), the soil invertebrates Folsomia candida (28 days
reproduction, EC50: 19.9 mg kg-1) and Enchytraeus crypticus (28 days reproduction, E50: 30.3 mg
kg-1), and the nematode Caenorhabditis elegans (72 h-reproduction, EC20: around 1.4 mg L-1).

A multi-parameter approach to assess the toxicity of PYR in a probable global change scenario
has been used by Müller et al. [22], Seeland et al. [23] and Scherer et al. [25], based on the
assumption that under climate change conditions warmer and more humid environments are
expected, leading to conditions suitable for fungi development, thus an increase in the use of
fungicide [22]. Therefore, these authors evaluated if the toxicity of PYR for invertebrate species
(C. riparius, D. magna, D. pulex, P. acuta) alters with increasing temperature. Lethal PYR toxicity
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to C. riparius increased when combined with increasing temperature [23]. The loss of genetic
diversity in C. riparius cohorts when exposed to PYR (2 mg L-1 = NOEC/2 of PYR for repro‐
duction) for multiple generations also depended on the thermal regime; genetic diversity
became reduced by approximately 20% under thermal simulation of a typical cold or warm
year in 1990–2005 and by 42% under a suboptimal temperature regime expected for a warm
year in Europe in 2050–2080 under climate change conditions [22]. Likewise at suboptimal
temperature conditions, the thermophil snail P. acuta presented higher susceptibility to toxic
effects of PYR [24]. However, other studies indicate that PYR toxicity is highest at current
optimal temperature regimes. The release of neonates from adult D. magna exposed to 0.5 mg
L-1 (NOEC of PYR for reproduction) for multiple generations under dynamic temperature
scenarios was most affected by PYR at a favorable temperature range (20 to 27 °C) [23]. In D.
pulex, the inhibition of reproduction was not observed at suboptimal 15 °C, but at optimal 20
°C and 25 °C [25]. Interestingly, those PYR effects vanished in presence of kairomones from
the predator Chaoborus flavicans.

5. Role of pyrimethanil as environmental disturber: Avoidance assays

It has been hypothesized that contaminants can act as toxicants as well as habitat disruptors.
The former role is characterized by directly measuring acute or chronic responses in organisms,
while their role as habitat disruptor is directly linked to effects on habitats, reducing their
quality and triggering avoidance before toxic effects are detected. The latter effect is particu‐
larly important given that concentrations at which it might occur could be considered non-
risky as no toxic effect at the individual level would be usually observed [43, 44]. Habitat
disturbance caused by contamination as a result of agricultural activities may, therefore, be
considered an additional factor that increases the threat of local population decline [26, 45].

Given the above, a new approach based on avoidance as an endpoint and using a non-forced
exposure system has been proposed to assess the role of contaminants as environmental
disturbers. This approach considers that contaminants as environmental disturbers can change
the community structure with no direct toxic effect on organisms as they may be able to detect
and avoid contaminants [26, 43–45]. The exposure system used here creates a contamination
gradient in which organisms can freely move across different levels of contamination and
choose the less contaminated zone. A few studies have tested this methodology and proved
that contamination levels lower than those considered potentially dangerous for organisms
can trigger avoidance response by many aquatic organisms [26, 43, 44]. As a consequence, an
ecosystem can suffer structural changes as individuals able to detect contamination move
towards less contaminated zones [44–46].

Avoidance tests in non-forced exposure systems (Figure 3) in which a PYR gradient was
simulated have been performed with fries of Danio rerio [26] and tadpoles of amphibians
Lithobates catesbeianus and Leptodactylus latrans [27]. Data obtained from these experiments
showed that the spatial distribution of the three species was influenced by the presence of PYR.
Almost all organisms of all three species avoided PYR when the concentration was around 1
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optimal temperature regimes. The release of neonates from adult D. magna exposed to 0.5 mg
L-1 (NOEC of PYR for reproduction) for multiple generations under dynamic temperature
scenarios was most affected by PYR at a favorable temperature range (20 to 27 °C) [23]. In D.
pulex, the inhibition of reproduction was not observed at suboptimal 15 °C, but at optimal 20
°C and 25 °C [25]. Interestingly, those PYR effects vanished in presence of kairomones from
the predator Chaoborus flavicans.

5. Role of pyrimethanil as environmental disturber: Avoidance assays

It has been hypothesized that contaminants can act as toxicants as well as habitat disruptors.
The former role is characterized by directly measuring acute or chronic responses in organisms,
while their role as habitat disruptor is directly linked to effects on habitats, reducing their
quality and triggering avoidance before toxic effects are detected. The latter effect is particu‐
larly important given that concentrations at which it might occur could be considered non-
risky as no toxic effect at the individual level would be usually observed [43, 44]. Habitat
disturbance caused by contamination as a result of agricultural activities may, therefore, be
considered an additional factor that increases the threat of local population decline [26, 45].

Given the above, a new approach based on avoidance as an endpoint and using a non-forced
exposure system has been proposed to assess the role of contaminants as environmental
disturbers. This approach considers that contaminants as environmental disturbers can change
the community structure with no direct toxic effect on organisms as they may be able to detect
and avoid contaminants [26, 43–45]. The exposure system used here creates a contamination
gradient in which organisms can freely move across different levels of contamination and
choose the less contaminated zone. A few studies have tested this methodology and proved
that contamination levels lower than those considered potentially dangerous for organisms
can trigger avoidance response by many aquatic organisms [26, 43, 44]. As a consequence, an
ecosystem can suffer structural changes as individuals able to detect contamination move
towards less contaminated zones [44–46].

Avoidance tests in non-forced exposure systems (Figure 3) in which a PYR gradient was
simulated have been performed with fries of Danio rerio [26] and tadpoles of amphibians
Lithobates catesbeianus and Leptodactylus latrans [27]. Data obtained from these experiments
showed that the spatial distribution of the three species was influenced by the presence of PYR.
Almost all organisms of all three species avoided PYR when the concentration was around 1
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mg L-1. The results indicate, therefore, that organisms could react by avoiding a given envi‐
ronment before deleterious toxic effects set in and are detected via traditional acute endpoints.
Based on the organisms’ accumulated frequency along the system, the median preferred
concentration, PC50 – concentration/dilution above or below which was preferred by 50% of
organisms – and the PC25 and PC75 were calculated (Figure 3). For the three species, PC25, PC50,
and PC75 were very similar and in general concentrations higher than 0.5 mg L-1 were avoided
by 50% of the population of tadpoles and fries.
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Figure 3. Schematic representation of the multi-compartmented non-forced system used for simulating a pyrimethanil
gradient during avoidance assays (upper) and preferred concentration by 25, 50, and 75% (PC25, PC50, and PC75) of tad‐
poles of two species of amphibians (Leptodactylus latrans and Lithobates catesbeianus) and of fries of Danio rerio exposed
to a pyrimethanil gradient for 4 h (lower).

According to these findings, we emphasize the importance of taking into account the risk of
the presence of plant protection products in the environment, even at non-lethal concentra‐
tions, due to their potential to trigger emigration. The presence of PYR can be a decisive factor
in the habitat selection process of many species, such as shown in Figure 3. The disturbing
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effect of contaminants on ecosystems can be comparable to the loss and fragmentation of
habitats [47, 48]. Habitats with reduced quality due to presence of contaminants probably may
support a smaller population as well as lose the capacity to serve as sink habitats for sur‐
rounding populations [48]. Since avoidance experiments can provide information about
contamination-driven habitat selection, the use of non-forced exposure systems is therefore
encouraged in environmental risk assessment with agrochemicals.

6. Final remarks

Undoubtedly, agrochemicals are potentially dangerous for aquatic organisms. The PYR
concentration causing 50% reduced offspring in the most vulnerable aquatic species D. pulex
(OECD model organism) is almost identical to the predicted environmental concentration of
PYR in surface waters nearby apple orchards (0.089 mg L-1, [17]). Thus, zooplankton com‐
munities may be at risk in case of expected PYR runoff into surface waters. If considering a
risk safety factor of ten traditionally used for pesticides tested in chronic standardized
bioassays with species from three trophic levels (algae, daphnids, fish), a PYR concentration
of 0.9 mg L-1 should not induce adverse biological effects. Experiments with non-model species
imply, however, that in particular Physidae are at risk at <0.9 mg L-1. This result may recom‐
mend for the inclusion of different mollusk species in ecological risk assessment programs [24].

The similarly PYR-sensitive diatom G. parviculum  [unpublished data] serves as important
food source for grazers such as Physidae and one may therefore assume that indirect effects
on the food web will appear in PYR-contaminated habitats in addition to the direct growth
inhibition of the diatom, a result derived from single-species tests. Other indirect effects of
0.9 mg L-1 PYR may arise from the 50% avoidance behavior of the frogs L. catesbeianus and
L. latrans observed after 12 h of exposure [27]. At a similar concentration range, the fish D.
rerio  avoids PYR contaminated freshwaters after 4 h (AC50 = 1.1 mg L-1) [26]. The migra‐
tion of top predators from certain habitats could however provide improved conditions for
predated species  (top-down effect),  in  particular  for  macroinvertebrates  and algae being
more PYR tolerant.

The available information provides evidences that PYR is potentially toxic for many aquatic
species, affecting survival, reproduction, feeding, growth, and that it can disturb the environ‐
mental quality with no direct effect at the individual level by inducing organisms to migrate
to less impacted areas. Although the amount of relevant information on the toxic potential of
PYR on several species is increasing, little information is available on how the presence of PYR
(and “inert compounds”) can disturb broader environmental processes: chemical balance,
direct effects on primary producers and consumers, changes in structure and functioning of
the community and alterations in dispersion patterns. Further studies on the probable risk due
to spray-drift, leaching, run-off, or accidental spills have to be encouraged. Presently, outdoor
mesocosm studies taking into account different species, endpoints and exposure types in a
more complex and relevant approach by using mesocosm experiments are ongoing. Given that
the behavior and effects of PYR could vary between different climate conditions, the latter
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experiments are being performed across different climatic regions, from tropical to South- and
North-temperate. Under these three environments, chemical dynamics of PYR in water and
sediment are being followed for at least a 1 year period together with the monitoring of the
complex local community, individual sub-lethal effects, changes in biodiversity and implica‐
tions in ecological succession. The compilation of that information could help to understand
the possible role that PYR plays environmental disturber for aquatic biota.
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Abstract

The increase of worldwide population and the need to control pests are some of the
factors that have led to the application of agrochemicals on agricultural areas to
protect and increase crop production. Nevertheless, these substances are of environ‐
mental concern since they can reach water reservoirs and act on non-target organisms.
Therefore, different aquatic species have been tested to evaluate their sensitivity to
different toxicants, including pesticides, so as to elucidate the secondary effects of
these chemicals to estimate “safe levels” in aquatic media. A wide variety of toxicity
tests can be found in literature to evaluate the toxicity of xenobiotics in the environ‐
ment at organismal and sub-organismal levels under different regimes. This chapter
focuses on those tests performed with some freshwater invertebrates (cladocerans and
rotifers) to study the toxicity of four important classes of pesticides.

Keywords: Toxicity, agrochemicals, bioassays, cladocerans, rotifers

1. Introduction

The need to provide enough food to the growing worldwide population and control pests
are some factors that have led to the application of agrochemicals (pesticides) on agricultur‐
al areas to protect and increase the crop production [1]. Despite the advantages offered by
pesticides, these substances can turn into an environmental concern since they can leave
their action point mainly by surface water runoff and reach water reservoirs, which could
alter the aquatic environment and pose a threat to human health [2-4]. The majority of these
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chemicals have a synthetic basis, and different categories have been established to classi‐
fy them depending on their chemical structure. Some of the most representative agrochem‐
icals  with  great  ecological  impact  are  organochlorine  hydrocarbons  (DDT),
organophosphates  (parathion  and  diazinon),  carbamates  (carbaryl  and  methiocarb)  and
pyrethroids  (deltamethrin),  where  the  first  group is  characterized by  its  stability  in  the
environment  after  being  released.  Pollution  of  freshwater  ecosystems with  these  chemi‐
cals  is  well  known and has  been  reported  for  several  regions  worldwide  and it  repre‐
sents a problem of consideration for the preservation of the aquatic environment [5-8]. All
these pesticides act by altering the organism’s nervous system [6].

In this context, scientists have worked to develop and standardize protocols to evaluate the
toxic effects of a wide variety of pollutants on certain living organisms known as “sentinel
organisms” or “bioindicators” [9]. Bioassays are toxicity studies that can be performed with
organisms that represent an important component of ecosystems and are able to respond to
xenobiotics, and therefore, bioassays may be used to predict “safe levels” of toxicants in the
environment. Among bioindicators, freshwater invertebrates are used frequently due to their
importance as primary consumers of algae and herbivores representing a key link in trophic
webs [10-12]. Moreover, some aspects like a) abundance, b) wide distribution, c) maintenance
and easy culture in the laboratory, d) genetic stability and e) sensitivity are considered to select
test organisms [13, 14].

Standard toxicity tests are usually performed with a single species to assess the toxicity in
water samples and different endpoints can be evaluated, such as motility, reproduction and
enzymatic inhibition. The endpoint “motility”, usually corresponds to a short-term (acute)
toxicity assay and represents the concentration of chemicals that reduces the motility to 50%
of the animals after 24 or 48 h exposure and the result is expressed as EC50. This assay also can
be interpreted as the lethal concentration for 50 percent of individuals (LC50). For the long-term
(chronic) tests, behavioral changes (grazing and filtration rates, phototaxis and survival) and
reproduction assays can be conducted. The reproduction assay evaluates the effects on
reproduction typically after 21 days of exposure and is represented by EC50. This parameter
estimates the concentration that inhibits 50% of reproductive effort [15-19].

Within the chronic test category, ecotoxicologists have used another approach to evaluate
toxicity known as “sub-lethal effects tests” by estimating variations in biochemical or physio‐
logical components (biomarkers). Their importance is based on their capability to indicate
damage to the organism following exposure to concentrations of contaminants that are not
acutely toxic. Some examples are the enzymatic inhibition and genomic responses (genotox‐
icity) that indicate disturbances occurring at the sub-organismal level [20-22].

Measurement of different endpoints can provide valuable toxicological information to derive
water quality criteria for the safe release of compounds into aquatic bodies [13, 23]. This chapter
focuses mainly on those studies performed with freshwater invertebrates that are representa‐
tive for comparison purposes according to their availability in literature.
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2. Freshwater invertebrates as sentinel organisms

2.1. Cladocerans

In general terms, Daphnia magna (figure 1) and Ceriodaphnia dubia represent the main daphnids
(Class Crustacea, order Cladocera, family Daphniidae) used as bioindicators. Moreover,
Daphnia carinata and Daphnia galeata have also been tested and have been included in the
chapter. These organisms known as “water fleas” have filter-feeding habits and are ubiquitous
species in temperate freshwater bodies. Usually, daphnids reproduce by an asexual repro‐
duction mechanism called “parthenogenesis” [15, 24, 25].

Figure 1. D. magna (Female individual. Photograph taken under stereomicroscope (January, 2015) by Doctor Gustavo
E. Santos-Medrano, Chemistry department, Universidad Autónoma de Aguascalientes)

2.1.1. Daphnids as bioindicators

2.1.1.1. Daphnia magna

Sánchez et al. (1999) [26] performed a two-generation reproduction test (chronic assay: 21-day
life study) to assess the effects of diazinon at different concentrations ranging from 0.05 to 1.0
ng/L. This agrochemical is an organophosphorus pesticide used to fight leaf-eating insects.
The parameters evaluated in the parental organisms (Fo) as in the offspring (first and third
brood) were size, survival and fecundity. Between the main findings, a remarkable decrease
in longevity, number of individuals per female, brood size and number of broods per female
in Fo was noted as the pesticide concentration was increased. These parameters did not
decrease dramatically in the offspring as compared with control and individuals showed a
higher reproduction rate than their parental mothers. Moreover, fecundity and growth from
first and third brood did not recover completely. A 24h LC50 of 0.86 µg/L was obtained.

Bettinetti et al. (2013) [27] monitored reproduction (21-day assay) and survival as toxicity
endpoints in daphnids exposed to pp´-DDE (pp´- Dichlorodiphenyl – dichloroethylene), a
more stable metabolite of the organochloride p,p´-DDT (dichlorodiphenyl-trichloroethane)
through diet and to different concentrations in water. For the treatment with contaminated

Toxicity of Agrochemicals on Freshwater Invertebrates — A Short Review
http://dx.doi.org/10.5772/60762

145



algae, a decrease of 83.3% was registered in neonates production for mothers exposed to the
highest dose (795.6 pp´DDE ng/per organism) at day 21 and were shorter in length compared
to control group. A reduction in grazing activity (i.e. ingestion activity) was also observed in
mothers with 24 ng/mg (dry weight basis). Exposure to pp´-DDE in water showed that the
maximum metabolite concentration used (6 µg/L) increased the mother’s long-term mortality
by 50% and reduced the fecundity of the surviving mothers by 32.4%. A 48h IC50 (concentration
at which 50% of the individuals presented immobilization) of 5.08 µg/L was estimated.

Another modality of toxicity test corresponds to the behavioral response under toxicant
exposure. Martins et al. (2007) [28] evaluated the phototactic behavior “phototaxis” in D.
magna, which consists of individuals’ movement towards or away from a source light as a
possible outcome of different natural phenomena (finding prey, reproduction) and stress
(predator avoidance, photochemical damage) [29-31]. In this study, strong positive phototac‐
tism (movement toward a light source) clones were used and were exposed to 11 chemicals
commonly found in freshwater environments, including pesticides. It was observed that the
fungicide “Thiram” (carbamate) reduced markedly the phototactic behavior and was detected
within 0.25 h of exposure at a concentration of 9.38 µg/L. Furthermore, carbamate was detected
at a lower concentration than the 48h LC50 (210 µg/L) reported for the bioindicator.

Toxic effects of pesticides also have been evaluated considering food availability. Pereira and
Golcalves (2007) [32] evaluated acute and chronic toxicity of methomyl (carbamate) to different
daphnid species, including Daphnia magna, under different food level regimes. D. magna
showed the greater resistance to the toxicant and presented a 48h EC50 (concentration at which
50% of the individuals presented immobilization) of 24.17 µg/L. For the chronic toxicity tests,
a decrease in reproduction was observed as methomyl concentrations were increased and
sensitivity was greater at low food levels.

Sensitivity between same species has been tested by Toumi et al. (2013) [33], who studied the
toxic effects of the pyrethroid “deltamethrin” on two daphnid strains provided from different
laboratories. The results of acute toxicity tests (immobilization) revealed a 48h EC50 of 0.32 and
0.63 µg/L, for strain 1 and 2, respectively. In terms of chronic toxicity (survival and reproduc‐
tion), deltamethrin induced significant effects and embryo deformities were found, which,
according to the authors, gives certain evidence that this agrochemical could have endocrine
disruptive effects. Nevertheless, it is worth mentioning that differences in sensitivity for the
two strains were observed.

2.1.1.2. Ceriodaphnia dubia

Shen et al., (2012) [34] have reported some toxicological data using C. dubia after conducting
acute and chronic assays for two pyrethroids: deltamethrin and α-cypermethrin. Results
showed lethal toxicity on the cladoceran and 48h LC50 for immobilization of 0.06 and 0.84 µg/
L were recorded for each agrochemical, respectively. For the 8-day chronic assays, survival
and reproduction endpoints were evaluated, thus obtaining an EC50 of 116 and 34.7 ng/L for
deltamethrin and 209 and 97.8 ng/L for α-cypermethrin, respectively.
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Metabolic activation of pesticides via cytochrome P450 (a protein superfamily involved in the
metabolism of xenobiotics and endogenous compounds) has been tested by El-Merhibi et al.
(2004) [35] by studying the toxicity of the organophosphorus chlorpyrifos in the presence or
absence of the inhibitor/inducer of cytochrome P450 “piperonyl butoxide (PBO)”. Among the
main findings, a 48h LC50 for mortality was estimated at 0.05 µg/L in the absence of PBO.
Moreover, a reduction in acute toxicity was evident in the presence of piperonyl butoxide in
response to increasing concentrations of this chemical.

2.1.1.3. Daphnia carinata

The Australian native species D. carinata has been tested by Cáceres et al. (2007) [36] to evaluate
the acute toxicity of chlorpyrifos and its metabolite 3,5,6-trichloropyridinol (TCP) separately
and in combination tests using a cladoceran media and river water. A greater toxic effect was
observed in the cladoceran media by TCP (48 LC50: 0.20 µg/L) but showed no toxicity in natural
water, whereas the parental compound exhibited a 48h LC50 for river water and cladoceran
media of 0.3 and 0.24 µg/L, respectively. The absence of toxicity by the metabolite in river water
was attributed to the microbial activity that led to its degradation. The toxicity assessment
using both chemicals at a concentration of 0.12 µg/L did not affect the survival of the species
in natural water but reflected an additive effect and caused 72% mortality in the artificial
media. According to the researchers, this finding suggests that joint toxicity could behave in
a different manner when chemicals are in the environment and differences between the media
composition should be considered.

Acute and chronic toxicity of chlorpyrifos was evaluated by Zalizniak and Nugegoda (2006)
[37] using three successive daphnid generations. For the lethal toxicity, a 48h LC50 was
estimated for parent generation (0.5 µg/L). In long-term toxicity assays (21-day survival),
fecundity, time to the first brood and female size were monitored. The number of offspring
per female in parent individuals was significantly reduced. The main endpoints altered in the
first generation were survival and fecundity, whereas the time to the first brood and an
indication of hormesis (response stimulation and inhibition at low and high concentrations,
respectively) were evident in the second generation. Moreover, the lowest concentration tested
(0.005 µg/L) yielded the lowest number of offspring per female. For the third generation,
daphnids showed a remarkable sensitivity at low concentrations of chlorpyrifos (0.025 µg/L).

2.1.1.4. Daphnia galeata

Some researchers have studied the effects of chlorpyrifos using Daphnia galeata as bioindicator.
van Wijngaarden et al. (1993) [38] monitored immobility and mortality as acute toxicity
endpoints and a 48h EC50 of 0.3 µg/L was recorded. van den Brink et al. (1995) [39] evaluated
chronic toxicity (24 days) simulating an indoor microcosm, including different zooplankton
(D. galeata), phytoplankton and macro-invertebrate species under low concentration exposure
(0.1 µg/L). Daphnid population reduced to zero within the first week of the test, nevertheless,
stress factors like predation could have influenced this finding. Moreover, the agrochemical
affected zooplankton species, which resulted also in community alterations.
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2.1.1.5. Biomarkers in Daphnia magna

In relation to agrochemical toxicity assessment using biomarkers, Guilhermino et al. (1996) [40]
proposed inhibition of the enzyme acetylcholinesterase (AChE) as an acute toxicity indicator.
This enzyme involved in neural transmission has been monitored under carbamates and
organophosphates exposure. Liu et al. (2012) [41], conducted both an acute and a sub-lethal
study (21 days) with chlorpyrifos. In acute bioassays, 48h EC50 for immobilization was (7.12
µg/L). Moreover, in the chronic test, a recovery on AChE activity was noted after the second
day of exposure, this probably because D. magna developed adaptive mechanism(s) to mitigate
stress.

A genotoxicity study was conducted by Pereira et al. (2010) [42] to analyze gene transcription
after acute exposure (48 hours) of third to fifth brood juvenile daphnids to the insecticide
methomyl at a concentration of 10.5 µg/L. It was found that the agrochemical was able to induce
several genes and affect neuronal transmission. mRNAs of a digestive enzyme (α-amylase)
and diverse lipoproteins were up-regulated, which according to the authors followed the need
of carbohydrate breakdown for energy production and was an effort to maintain homeostasis
under toxicant stress. mRNAs of genes involved in defense mechanisms (galactose-binding C-
type lectins, cystatins and ferritins) were also up-regulated. As mentioned by the authors,
lectins and cystatins play an important role in the general immune response as they participate
in hemolymph coagulation and ferritin expression might indicate oxidative stress. Even when
stress responses were evident, a strong evidence for expression responses related exclusively
to genes associated with the pesticide target site was not found.

An assay to elucidate toxicity mechanisms of carbamates using a biomarker (AChE) was
implemented by Jeon et al. (2013) [43] by exposing Daphnia magna to carbaryl (carbamate).
Results were compared to the USEPA ECOTOX database for the organophosphorus irrever‐
sible AChE inhibitor “diazinon”. For the carbamate, an IC50 for in vitro AChE activity and a
48h EC50 value for immobilization were obtained (0.56 µM and 63 nM, respectively). The latest
parameter was greater than that proposed by USEPA ECOTOX for diazinon (3.0 nM). Low
toxicity was observed by carbaryl acting through a reversible inhibition mechanism. This
finding was attributed to the instability of the AChE-carbaryl complex where a lower hydro‐
phobicity of this chemical is possible. A declining energy reserve was also identified since lipid
and glycogen reservoirs decreased with an increase of protein content.

In another study, Toumi et al. (2015) [44] estimated AChE activity in 3 Daphnia magna strains
(strains 1 and 3 already identified; clonal identification of strain 2 remains unknown) after
deltamethrin exposure, a pyrethroid insecticide, reporting a significant decrease on the
enzyme activity in 2 strains. Variation in sensitivity between strains was observed and different
48h IC50 (concentration at which 50% of AChE was inhibited) and 48h EC50 values were
obtained for immobilization endpoint. Thus, the strain 1 registered the lower EC50 (0.32 µg/L)
and strain 3 the lower IC50 (0.016 µg/L). For strain 2, an EC50 of 0.63 µg/L and IC50 of 0.018 µg/
L were registered. Lowest Observed Effect Concentration (LOEC) for each strain was also
estimated (Strain1: 80.6 ng/L; Strains 2 and 3: 20.1 ng/L). According to the authors, the
interclonal variability observed in these results can lead to propose AChE as a biomarker of
susceptibility (the response is specific for each strain) for deltamethrin exposure in D. magna.
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Barata et al. (2004) [45] also assessed inhibition of AChE and carboxylesterase (CbE) after pulse
exposures of D. magna to three pesticides in the presence and absence of triphenyl phosphate
and 2-(O-cresyl)-4H-1,3,2-benzodioxaphosphorin-2-oxide (CBDP) CbE inhibitors. A 24h LC50

of 1.28, 12.38 and 762.93 nM was estimated for chlorpyrifos, malathion and carbofuran
(carbamate), respectively. Both enzymes in the treatments with the carbamate were inhibited
in less than 2 hours as this toxicant does not need to be activated by cytochrome P450 enzymes.
Moreover, results showed higher sensitivity of CbE (lower concentration inhibition) against
organophosphorus pesticides, which according to the authors was due to a higher enzyme
affinity to the oxons formed (malaoxon and chlorpyrifos-oxon). It was suggested that this
finding could be involved in conferring protection to AChE by sequestering available pesti‐
cides. Besides, the two CbE inhibitors increased mortality response as more agrochemicals
availability was present for AChE. β-esterase activity in individuals exposed to carbofuran
reached an activity similar to control level in less than 12h, whereas in daphnids exposed to
organophosphates both enzymes resumed their activity between 24 and 96h to achieve 50%
and almost complete recovery levels, respectively.

Some digestive enzymes have been used as biomarkers. De Coen et al.  (1998) [46] moni‐
tored  ingestion  activity  using  fluorescent  labeled  latex  microbeads  and  the  digestive
enzymes “esterase, trypsin and β-galactosidase” under the exposure of pentachlorophenol
(PCP)  and  lindane,  both  organochloride  pesticides.  Considerable  reduction  in  esterase
(greater than 50%) and ingestion (90min EC50: 0.3 mg/L) activities were induced by lindane.
Moreover, a drastic decrease in ingestion activity was noticed compared to digestive enzyme
inhibition. According to the authors, this was probably due to an energy-saving strategy,
since ingestion demands more activity, and therefore, daphnids could maintain a certain
food assimilation efficiency. 24h EC50 values for immobilization were estimated (PCP: 0.7
mg/L; Lindane: 1.8 mg/L).

Another aspect of interest in ecotoxicology is that some pesticide metabolites can exhibit more
toxicity than their parental compounds as it has been reported previously by Belden and Lydy
(2000) [47]. Guilhermino et al. (1996) [48] tested AChE activity with D. magna under the
organophosphorus pesticide “parathion” as parental chemical and its metabolite “paraoxon”
and observed such phenomena as the EC50 values from in vivo AChE inhibition and acute
toxicity (48h EC50) for parathion (2.4 and 2.2 µg/L, respectively) were higher than those
obtained for paraoxon: 0.2 µg/L for both in vivo AChE inhibition and acute assay.

2.2. Rotifers

Within the phylum Rotifera, rotifers of the genus Brachionus have been widely used as test
organisms due their cosmopolitan distribution, ease of maintenance in the laboratory, rapid
reproduction and availability of resting eggs (widely used in ecotoxicology) as these micro‐
scopic freshwater invertebrates play an important link in food webs by making biomass
available for higher trophic levels [49-51]. For comparison purposes, Brachionus calyciflorus
(figure 2), Brachionus patulus and one rotifer from the genus Lecane were included.
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Figure 2. B. calyciflorus (Female individual. Photograph taken under optical microscope (January, 2015) by Doctor Gus‐
tavo E. Santos-Medrano, Chemistry department, Universidad Autónoma de Aguascalientes)

2.2.1. Brachionus calyciflorus

Fernández-Casalderrey et al. (1992) [52] studied the chronic effects of diazinon on B. calyciflo‐
rus. A 24h LC50 of 29.22 mg/L was estimated. Low concentrations of the agrochemical (range:
5–19 mg/L) were capable to reduce survival, fertility, life expectancy and reproduction with a
dose-response relationship.

This researcher group also evaluated chronic toxicity of the organophosphorus methylpara‐
thion by feeding the rotifers with Nannochloris oculata and Chlorela pyrenoidosa. A 24h LC50 of
29.19 mg/L was estimated. Life expectancy and reproduction rate were reduced with increas‐
ing concentrations of the pesticide. Chronic exposure at 5 mg/L could lead to rotifer population
extinction. Moreover, the decline was greater on those individuals fed with Chlorela (larger in
size than Nannochloris) [53].

Ke et al. (2009) [54] studied the effects of three pesticides including chlorpyrifos on population
growth and sexual reproduction. The results showed an induction on the mictic rate (sexual
reproduction) since resting egg production was increased at concentrations between 0.1 and
100 µg/L. A similar response was found for the population growth as this parameter was
increased but only at pesticide concentrations from 0.01 to 100 µg/L. Mortality was observed
only at the highest treatment concentration (1000 µg/L) after 24 h exposure.

In another study, ingestion rate was proposed as a sub-lethal stress indicator by Juchelka and
Snell (1994) [55] for this species. B. calyciflorus was exposed to different dilutions of PCP,
diazinon and chlorpyrifos under short exposure scheme (30 min) and fluorescence intensity
was measured to estimate the number of microspheres ingested in 5 min after exposure
treatments. 24h LC50, ingestion (NOEC: No observed effect concentration) and reproductive
rate (48h NOEC) values of 1.2, 0.13 and 0.11 mg/L, 31, 20 and 8 mg/L and 12, 0.25 and 0.23 mg/
L were estimated for PCP, diazinon and chlorpyrifos, respectively.
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2.2.2. Brachionus patulus

In [56], the effects of different sub-lethal concentrations of DDT under high and low food levels
on Brachionus patulus were assessed. Survival and fertility were higher for the high food level.
Authors hypothesized that this finding might be the result of a healthier status as the individ‐
uals were better fed, thus acquiring more toxicant resistance. Moreover, a dose-response
relationship was observed for all endpoints tested in both food regimes.

2.2.3. Lecane quadridentata

Lecane quadridentata (figure 3) is found in Mexican waters (Lake Chapala) and has been used
by several authors to assess different toxicity endpoints against several toxicants including
metals, organic compounds and pesticides [57-60].

Figure 3. Lecane quadridentata (Female individual. Photograph taken under optical microscope (January, 2015) by Doc‐
tor Gustavo E. Santos-Medrano, Chemistry department, Universidad Autónoma de Aguascalientes)

In [61], a study was conducted to perform three toxicity tests “lethal (48h mortality), sub-lethal
(inhibition of AChE activity) and chronic (5 day inhibition of the instantaneous growth rate)
assays” using carbaryl and methylparathion. The carbaryl pesticide exhibited the higher
chronic toxicity (EC50 2.22 mg/L) but greater lethal and sub-lethal toxicity was registered with
the organophosphorus pesticide (9.4 mg/L for both bioassays). Moreover, the growth rate was
more sensitive in comparison to the esterase activity and was proposed by the authors as a
biomarker to assess the toxicity of anticholinesterase pesticides.

3. Relevance of sensitivity of cladocerans and rotifers against pesticides

As mentioned earlier, freshwater invertebrates tend to be sensitive against pollutants and are
key factors to maintain freshwater ecosystem quality, thus, preserving these organisms in their
habitat is important to guarantee the entire water reservoir health. In the present chapter,

Toxicity of Agrochemicals on Freshwater Invertebrates — A Short Review
http://dx.doi.org/10.5772/60762

151



different studies to assess the toxicity of four main classes of pesticides on freshwater inver‐
tebrates were reviewed.

According to the available data on literature, Daphnia magna has been widely used in toxicity
assays with agrochemicals, nevertheless, it is not always the most sensitive species. In table
1, where additional references for comparison purposes were included (Additional References:
[62- 69]), inter- and intraspecies differences on sensitivity are shown. For example, Ceriodaphnia
dubia exhibited the greatest sensitivity in acute and chronic toxicity against lindane in com‐
parison to D. magna and Brachionus calyciflorus and showed the lowest 24h LC50 for PCP.
Besides, this cladoceran showed the lowest 48h LC50 for the pyrethroids deltamethrin and
cypermethrin and the organophosphorus pesticide diazinon. In some other cases (carbaryl and
methylparathion), D. magna was more sensitive than the rest of the bioindicators. For the genus
Brachionus, a marked tolerance was observed for the four agrochemicals considered. These
differences could be attributed to the toxicant interaction with the test organism, differences
in toxicity patterns of each agrochemical and to certain conditions used in the bioassay: type
of assay, test duration, presence or absence of food and chemical concentration.

In this context, to obtain a more accurate toxicity estimation of water samples polluted with
agrochemicals, different endpoints should be evaluated. For example, Pérez-Legaspi et al.
(2010) included [61] acute and chronic toxicity assays and a biomarker to evaluate the toxicity
of methylparathion and carbaryl on Lecane quadridentata, where the chronic test showed the
higher sensitivity for both xenobiotics. In addition, the use of standardized protocols together
with an additional test (using a different test organism) could help to obtain a more reliable
conclusion about the actual condition of the freshwater system under evaluation. Also,
mesocosm studies could help to estimate the effects of pesticides at the community level and
predict long-term effects.

Additionally, when evaluating toxicity in water samples, some other considerations become
important. In natural water bodies, it is likely that aquatic organisms are exposed to different
agrochemicals and for longer periods, thus, phenomena such as synergism between pesticides
and bioaccumulation (accumulation of substances in an organism) are possible and can
aggravate the ecological impact by an increase in their toxicity as the pollutants could move
through food chains and reach final consumers including the human being. When considering
these two phenomena in ecotoxicological studies a more realistic and representative result can
be obtained.

In relation to the water quality criteria for aquatic life protection (table 1), some values seem
to be appropriate to protect aquatic organisms (lindane, PCP, DDE), however, in some cases
there is no criteria available (methylparathion) and for other agrochemicals the recommended
concentration could be not that protective, such as those proposed for malathion, chlorpyrifos,
diazinon, cypermethrin, deltamethrin, carbaryl and DDE, as these values are close to the
toxicity values registered for some endpoints. Pesticide toxicity on freshwater organisms is
evident and the need for continuous generation of ecotoxicological data to protect aquatic life
and human health still remains.
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Agrochemical Species

Endpoint

Water quality
criteria for
aquatic life
protection

(mg/L)

Acute toxicity Chronic toxicity
Sub-lethal

toxicity
(biomarkers)

24h LC50

(mortality)
(mg/L)

48h LC50

(immobilization)
(mg/L)

Reproduction
(EC50)
(mg/L)

In vivo
48h IC50 (AChE)

(mg/L)

O
rg

an
oc

hl
or

id
e 

pe
st

ic
id

es

Lindane

Dm 1.8p 1.7w 0.34w (16 d) -

2x10-4**Cd -
0.045w

(7 day)
0.013w

(7 day)
-

Bc 22.5v - - -

PC
P

(s
od

iu
m

 s
al

t)

Dm 0.7p 0.35w - - 5x10-4*

(long term)
0.019+ at pH 7.8

(short term)
0.015+ at pH 7.8

(long term)

Dc - 1.3w - -
Cd 0.149w - - -

Bc 1.2c 1.2w
0.27w

(2 day)
-

DDE Dm - 5.08x10-3 d - - 3x10-5 **

C
ar

ba
m

at
es

Thiram
Dm

- 0.21e - - 2x10-4 **

Methomyl 0.024f 3.5x10-3**

C
ar

ba
ry

l

Dc 0.1w 0.035w - -
3.3x10-3*

(short term)
2x10-4*

(long term)

Cd - 0.012w 8.6x10-3w (7 day) -
Dm - 0.012q - -

Lq - 13.72r
2.2r

(5 day)
17.19r(45 min)

Py
re

th
ro

id
s

D
el

ta
m

et
hr

in Dm (S1) 9.4x10-3 g 3.2x10-4 g,i - 5.8x10-5 i

1x10-7**
Dm (S2) 8.86x10-3 g 6.3x10-4 g,i - 1.8x10-5 i

Dm (S3) - 8.8x10-4i - 1.6x10-5 i

Cd 8.4x10-4 h 6x10-5 h 3.47x10-5 h (8 day) -

C
yp

er
m

et
hr

in

Cd
Dm

2.5x10-3h

2x10-3w

8.4x10-4h

89w

9.78x10-5 h (8 day)
-

-

1x10-6++

(short term)
2x10-6++

(long term)

O
rg

an
op

ho
sp

ho
ru

s 
pe

st
ic

id
es

Diazinon

Dm 8.6x10-4 a 1.1x10-3w 2x10-4w (21 day) -

1x10-5**

1.7x10-4+

Dc 8x10-4w (32h) - - -
Cd - 2.5x10-4w - -

Bc
29.22b -

31c 31w 11w (2 day) -

C
hl

or
py

ri
fo

s

Cd 1.7x10-4w 5x10-5 j - - 2x10-5*

(short term)
2x10-6*

(long term)
1x10-5**

Dc
- 3x10-4 k - -

5x10-4 l - -
Dg - 3x10-4 m - -
Dm 4.48x10-4 o 7.12x10-3 n - 5.2 x10-3 o
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Agrochemical Species

Endpoint

Water quality
criteria for
aquatic life
protection

(mg/L)

Acute toxicity Chronic toxicity
Sub-lethal

toxicity
(biomarkers)

24h LC50

(mortality)
(mg/L)

48h LC50

(immobilization)
(mg/L)

Reproduction
(EC50)
(mg/L)

In vivo
48h IC50 (AChE)

(mg/L)

Bc 8.3x10-5+12c 12w 0.36w (2 day)

Methylparat
hion

Bc 29.19s - - -

--
Bp 10.6w - - -
Lq - 9.49r 6.6r (5 day) 9.4r(45 min)

Dm 3.1x10-7 t 12x10-3w - -
Cd 2.6x10-3w - -

Malathion

Dm 4.08x10-3 o 1.6x10-3w 3.6x10-4w (16 day) 5.2 x10-3 o

5x10-5**
Dc - 0.013w - -
Cd 3.18x10-3w 1.14x10-3w - -
Bc 33.72u - -

Dm: Daphnia magna; Dg: Daphnia galeata; Dc: Daphnia carinata; Cd: Ceriodaphnia dubia; Bc: Brachionus calyciflorus; Bp:
Brachionus patulus; Lq: Lecane quadridentata

S1: strain 1; S2: strain 2; S3: strain 3

References for toxicological data:a: [26], b: [52], c: [55], d: [27], e: [28], f: [32], g: [33], h: [34], i: [44], j: [35], k: [36], l: [37], m: [38],
n: [41], o: [45], p: [46], q: [43], r: [61], s: [53], t: [62], u: [63], v: [64], w: [65]

References for water quality criteria:*: [66], **: [67], + [68], ++[69]

Table 1. Toxicological data for rotifers and cladocerans.
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